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ABSTRACT 
 

Ammonia is commonly used as an indicator of water quality, to assess the impacts of 

anthropogenic activity on ecosystem function and health. Water quality assessment often 

relies on the use of expensive equipment requiring a high degree of operator skill, or periodic, 

discrete, manual sampling and laboratory-based analysis, which is laborious, costly and without 

the guarantee that episodic pollution events will be detected. Low-cost, portable and/or field-

deployable analytical tools are required to overcome this challenge. Hence, research 

conducted in the context of this thesis involves the development of novel analytical tools for 

the monitoring of ammonia in marine waters, covering both active and passive sampling. 

A flow-based analytical method was designed and developed for the determination of total 

ammonia over a wide concentration range in marine waters using the gas-diffusion 

spectrophotometric method. Limits of detection similar to that of highly sensitive fluorometric 

methods was achieved. A novel flow approach was adopted whereby a continuous stream of 

sample was merged with the sodium hydroxide reagent stream and delivered to a gas-diffusion 

ammonia separation unit, allowing large sample volumes to be used, rather than being limited 

by the use of discrete samples. The working range and sensitivity of the method could be 

tailored by simple modification of the sample volumes used, and by minor adjustments to the 

program used to control the instrument, without the need to make changes to the manifold. 

Three working ranges were obtained, and the analytical figures of merit are described. This 

project was an enabling step in the development of an ammonia gas-diffusion passive sampling 

device, as it allowed the measurement of low concentrations often found in field samples, as 

well as high concentrations accumulated in the passive sampler’s receiving solution, using the 

same instrumentation and reagents.  

A passive sampling device based on gas-diffusion across a hydrophobic membrane was 

developed and successfully applied for the determination of the time-weighted average 

concentration (CTWA) of ammonia in marine waters for a period of 3 to 7 days. Molecular 

ammonia (NH3) present in the sampled source solution (SS) diffuses through a hydrophobic 

membrane into an acidic receiving solution where it is ionised and accumulated as NH4+ which 
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is directly proportional to the NH3 concentration in the SS. Biofouling limited the application of 

the first gas-diffusion-based passive sampler (GD-PS) prototype to 3 days, and a number of 

antifouling strategies were therefore assessed, with a copper mesh enabling the sampling 

period to be extended to 7 days. The effects of environmental variables (temperature, pH and 

salinity) on NH3 accumulation were also investigated, and the Group Method of Data Handling 

(GMDH) Algorithm was used to develop a single calibration model for a range of environmental 

conditions (10 to 30 °C, pH 7.8 to 8.2, salinity 20 to 35). PSDs were deployed at four estuarine 

and marine sites in Nerm (Port Phillip Bay), south eastern Australia, achieving good agreement 

between passive and automated discrete sampling methods (maximum relative error between 

-12 % to -19 %). The GD-PS covers the revised water quality trigger value (160 µg L-1 NH3-N) 

and allows for episodic pollution events to be successfully detected, highlighting this as an 

exciting new tool for water quality assessment.  
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CHAPTER 1:  General introduction 
 

Foreword 
This thesis has been written in the format of a ‘Thesis by Publication’. The chapters of this work 

comprise a series of peer-reviewed papers which have been published in high-impact factor 

journals. These chapters are bookended by a substantial General introduction chapter and a 

Conclusions and future work chapter. Where a chapter (or section of a chapter) of this thesis 

has been published, it will be highlighted in the Foreword section at the beginning of each 

chapter, with information on the journal article appearing as a citation for the readers easy 

reference.  

The following section encompasses a literature review looking at flow-based methodologies 

developed to monitor ammonia in marine waters, in addition to a description of passive 

sampling technologies that have been developed for monitoring environmental pollutants in 

natural waters, with a particular emphasis on those applied to estuarine, coastal and marine 

environments. The advantages and challenges of flow methods and passive sampling 

techniques is evaluated.  

The content of the sections describing flow techniques for ammonia determination in 

estuarine and marine waters was published in 2014 in the journal Trends in Analytical 

Chemistry, and it has been further updated to cover the period 2014-2020. The section 

describing passive sampling techniques applied to high salinity matrices is currently in the 

process of being prepared for submission to a journal and is thus written in the style of a review 

paper.  

 

O'Connor Šraj, L., Almeida, M. I. G. S., Swearer, S. E., Kolev, S. D., McKelvie, I. D. Analytical 

challenges and advantages of using flow-based methodologies for ammonia determination in 

estuarine and marine waters, TrAC Trends Analytical Chemistry, 59 (2014) 83-92, 

doi.org/10.1016/j.trac.2014.03.012  
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1.1 Aquatic ammonia pollution 
Ammonia is an ecologically important nutrient in the nitrogen cycle of coastal and oceanic 

waters (Figure 1-1). It is naturally found at low concentrations in the environment as a by-

product of protein metabolism and the decomposition of organic matter. However, it is 

increasingly entering the environment as a result of urban, industrial and agricultural 

processes, predominantly as a result of large-scale diffuse run-off from agricultural land [1]. 

Hence, the creation of guidelines for ammonia in estuarine and marine water systems is critical 

in order to achieve a sustainable use of water resources, and for the protection of aquatic life 

from acute and chronic effects of ammonia. Although this issue remains a challenge [2], some 

countries have established guideline values for ammonia in marine or salt waters  [3-6].  

The toxicity of ammonium/ammonia is dependent on pH. Below pH 8.75, ammonium (NH4
+) is 

the predominant relatively non-toxic form, and above pH 9.75, ammonia (NH3), the toxic form, 

is dominant [7]. Therefore, in most aquatic environments, ammonium is the major form and 

ammonia is present to a much lesser extent. Despite the lower toxicity of ammonium, it should 

be considered important because of its much greater concentrations than un-ionised ammonia 

[8]. 

There are several consequences of excessive ammonia/ammonium concentrations in the 

aquatic environment. In the presence of nitrifying bacteria, ammonium and ammonia can be 

converted to nitrate [1], both of which are utilised by phytoplankton, macrophytes and 

cyanobacteria. At elevated concentrations, ammonia/ammonium can stimulate primary 

production in planktonic communities causing rapid algal growth and eutrophication, 

contributing to widespread and even irreversible changes to a whole range of coastal and 

marine ecosystems [1, 9]. Microbial respiration fuelled by an increase in dissolved organic 

matter from algal senescence causes dissolved oxygen depletion, resulting in hypoxia in the 

water column [10]. The sensitivity of marine fish and invertebrates to ammonia toxicity is 

amplified in hypoxic waters, with both stressors exhibiting a synergistic effect [1]. Most marine 

fish and invertebrates excrete ammonia and ammonium directly, as the major metabolic waste 

products, to the surrounding water [11]. Although the precise mechanisms of excretion in fish 

are still the subject of research, it is believed that this process occurs via passive diffusion, from 

blood plasma to the water surrounding the gills [11]. The high ionic permeability of the gills of 
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marine fish allows for ammonia to enter as either the un-ionised or ionised forms, which may 

make them more prone to ammonia and ammonium toxicity than their fresh water 

counterparts [11]. Ammonia exposure is particularly detrimental to the growth and 

development of larval and juvenile life stages of fish and invertebrates. In mature fish, exposure 

to ammonia is known to cause pathohistological damage to the gills, kidneys and blood, 

neurotoxicity, hyperventilation, and convulsions. Over sustained periods of time, build-up of 

the toxin in the blood can result in the extinction of entire populations, thus threatening many 

globally important ecosystems and fisheries [12].  

 

 

Figure 1-1. Biogeochemical cycling of aquatic nitrogen and transformations in the water column.  
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The global nitrogen cycle is complex and dynamic, and many aspects are still not fully 

understood. For example, it is only recently that ammonia oxidizing archaea (AOA) have been 

discovered in the oceans. These may be the key organism responsible for production of the 

potent greenhouse gas nitrous oxide (N2O) [13], which has been described as having a global 

warming potential 310 times greater than CO2 [14]. The rate of N2O produced by AOA from 

ammonia is high under hypoxic conditions. The occurrence of hypoxic waters is predicted to 

increase exponentially with continual anthropogenic nutrient loading of coastal waters and 

global climatic changes, and this in turn may lead to increased production of N2O in the oceans, 

and higher concentrations of N2O in the atmosphere [13]. 

The total ammonia concentration (i.e. the sum of both ammonia and ammonium) is thus an 

indicator of water quality as well as an ecological stressor [7]. The measurement of total 

ammonia concentrations and fluxes, coupled with an understanding of the complex bio-

geochemical processes, is imperative for sustainable management and conservation of 

important marine ecosystems and their catchments [15]. Analytical methods that are fast, 

sensitive, reliable and preferably portable or capable of in situ analysis, are therefore essential 

tools in achieving such goals. The following section will thus review the challenges facing the 

analytical chemist as well as the flow-based and in situ methodologies developed for the 

determination of ammonia in marine, coastal and estuarine waters. Furthermore, an overview 

of the passive sampling techniques described in the literature will be provided, specifically 

when applied to high salinity matrices. Passive sampling has become a popular technique for 

in situ monitoring of environmental pollutants in aquatic environments, however passive 

sampling techniques specifically for ammonia monitoring in marine waters have not previously 

been described prior to the gas-diffusion-based passive samplers developed as part of the 

research reported in this thesis (see Chapters 3 and 4). 

 

1.2 Challenges for the analytical chemist 
Marine environments, including estuarine, coastal and open ocean waters are increasingly the 

focus of research with respect to the detection of anthropogenic pollutants [16]. However, the 

low analyte concentrations, variable salinity and matrix complexity of these waters (e.g. the 

potential interferences from cations such as Mg2+ and Ca2+) make that task difficult [17]. To 
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illustrate the complexity of the seawater matrix, Figure 1-2 summarizes the average 

concentrations of the major ions in seawater, accounting for the overall total salinity of 34.5 

[18]. Additionally, estuarine, coastal and oceanic waters represent different ecological systems 

which have substantially different chemical environments (as described below), and it is often 

difficult to find analytical methods that can be applied universally to all three types of matrix. 

 

 

Figure 1-2. Average concentration of the major ions in seawater accounting for the overall total salinity 
of 34.5 [18]. 

 

Estuarine environments are where fresh water from rivers mix with saline water from the 

ocean and are characterised by salinities ranging from 0.5 to 35 [19]. They are dynamic, 

transient and exhibit a unique and complex biogeochemistry, with a wide range of chemical 

compositions (they often exhibit salinity stratification) that change with the tides, season, 

weather, biota, surrounding landscape and anthropogenic inputs of dissolved organic and 

inorganic materials [19]. Estuaries are some of the most biologically diverse and productive 

ecosystems, providing habitat for a variety of unique plants and animals (i.e. marine fish and 

invertebrates) [20]. 

In the oceans, salinity, temperature and nutrient-concentration profiles are typically vertically 

stratified [21]. The euphotic zone at the surface exhibits relatively uniform physicochemical 

properties due to winds, shallow currents and small-scale eddies that facilitate mixing [21]. 

However, due to mainly thermohaline stratification, the upper ocean surface is generally 

characterised by warm, highly saline, nutrient deficient waters, whereas the deeper water 

masses tend to be cooler, denser and containing higher concentrations of re-mineralised 
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inorganic nutrients, which have been accumulated by the gravitational sinking of decomposing 

phytoplankton and dissolved organic matter from the euphotic zone [21]. Essential nutrients 

are redistributed in the water column as a result of mesoscale ocean currents and circulation 

patterns, resulting in diapycnal three-dimensional mixing, coastal upwelling of cold, nutrient 

rich waters along western coastlines in the Pacific, Indian and Atlantic oceans, and to a lesser 

extent, contributions from diazotrophic nitrogen fixation, atmospheric deposition and inputs 

from river run-offs into estuaries and coastal waters [22].  

Another challenge often encountered by the analytical chemist is the collection, storage and 

preservation of estuarine or marine water samples. Samples collected manually should be 

stored in glass or polyethylene bottles (0.5 – 1 L capacity) and analysed immediately. If that is 

not logistically feasible, they should be at least refrigerated or preferably deep-frozen [23]. 

Changes in analyte concentration may however be significant after more than a few days 

storage [24]. Acid preservation (i.e. conversion of all ammonia to ammonium) is used to extend 

the period between sample collection and analysis, however prior to analysis, samples must 

be neutralised [25]. 

Additionally, the exposure of reagents and standards to ambient air can potentially lead to 

contamination; this can be minimised by using a nitrogen glove box to keep and process all 

solutions [26], or by using acidic treatment [27]. 

The chemical variability of estuarine and marine systems significantly affects the selection and 

performance of the analytical method used for ammonia analysis. Most of the analytical 

methods available for ammonia determine not only ammonia but the combination of both 

molecular ammonia and ammonium (i.e. total ammonia). However, for consistency, the term 

‘ammonium’ is used throughout this chapter to express the total ammonia.   

The indophenol blue (IPB) method based on the Berthelot reaction is most commonly used as 

the reference method for the determination of ammonium in aqueous samples [28-30]. Other 

analytical methods have been proposed in the past 30 years including the fluorometric 

method, and methods involving analyte separation and preconcentration techniques, such as 

the gas-diffusion (GD) method. These analytical methods and their various automated versions 

have been applied in estuarine and marine waters for the determination of ammonium and 

are described in detail in the following sections. Automatic methodologies of analysis are flow-
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based and have been developed with the aim of meeting the challenges mentioned above, 

thus providing fast, sensitive, accurate and even portable analytical tools. A brief and general 

description regarding flow-based methodologies (viz. principle, advantages, and 

disadvantages) is given in the following section. However, the focus will be on the analytical 

strategies used, rather than on a comparison between the various methods. 

 

1.3 Flow-based methodologies 
The flow analysis concept emerged during the 1950’s, with the advent of segmented flow 

analysis, where the aim was to perform chemical analysis in an automatic fashion. Since then 

the concept has evolved and several flow-based methodologies have been developed [31]. 

Figure 1-3 shows schematic diagrams of basic and commonly used flow systems.  

 

 

Figure 1-3. Schematic diagrams of commonly used flow systems: Carrier (C); Reagent (R); Air (A); Sample 
(S); Air bubble (B); Detector (D); Waste (W); Reaction coil (RC); Peristaltic pump (PP); Debubbler (DB); 
Syringe pump (SP); Holding coil (HC); Selection valve (SV); Solenoid valve (SnV); Multisyringe pump 
(MS); Solenoid micro-pumps (P1, P2). 
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The distribution of flow-based techniques that have been applied to the determination of 

ammonium in estuarine and marine waters is illustrated in Figure 1-4.  

 

 

Figure 1-4. Distribution graph of flow-based methodologies developed for the determination of total 
ammonia in estuarine and marine waters (according to ISI Web of Knowledge, February 2020). 

 

Segmented flow analysis (SFA), was designed to perform measurements similarly to discrete 

analysis, and consists of a continuous flowing stream segmented by air bubbles (Figure 1-3). 

Despite the disadvantages of air bubble segmentation (e.g. slow start-up times, higher reagent 

use and waste production), this technique has been widely adopted to automate 

oceanographic analytical methods including those for ammonium determination [32]. Unlike 

SFA, flow injection analysis (FIA) is characterized by a non-segmented flow stream where the 

sample is inserted in a carrier/reagent stream through an injection valve, in a reproducible 

fashion and with controlled dispersion (Figure 1-3). Consequently, enhanced sample 

throughput, simplicity of operation, low cost and greater potential for portability are some of 

the advantages of this technique, features that are particularly useful in oceanographic studies. 

Accordingly, more than half of the papers regarding the determination of ammonium in 

estuarine and marine waters apply FIA as the flow technique (Figure 1-4).  

Apart from FIA, there are more recent flow techniques such as sequential injection analysis 

(SIA) and multicommutated flow techniques (e.g. multicommutated FIA (MCFIA), multi-syringe 

FIA (MSFIA), multipumping flow systems (MPFS)) that offer additional advantages and also with 

their own limitations (Figure 1-3). SIA was conceived to sequentially aspirate sample and 
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reagent plugs through a selection valve toward a holding coil, which are directed to the 

detector by flow reversal. Versatility, reagent saving, computer control and robustness are the 

main advantages of this technique.  

Multicommutated flow techniques, highlighted by Cerdà and Pons [33], are based on a flow 

network comprising individual solenoid devices (valves in MCFIA/MSFIA and pumps in MPFS) 

controlled by computer software. These techniques have similar features as SIA, with the 

added potential of miniaturization and portability. A few studies have shown the potential of 

these techniques to assist in the challenge of ammonium monitoring in estuarine and seawater 

samples (Figure 1-4). Some batch-analysis systems have also been proposed in the context of 

this application (e.g. loop flow analysis (LFA), autonomous batch analysis (ABA)).  

Flow-based methodologies have the advantage of not only performing automated analysis, but 

also of improving sensitivity, with the possibility of miniaturization and/or portability (e.g. 

shipboard measurements). Such features are ideal for the nanomolar level ammonium 

concentrations and analysis can even be performed on-line or immediately after sample 

collection, thus avoiding sample storage issues (e.g. loss of analyte).  

With an emphasis on the strategies adopted to face the challenges described above, the 

following sections describe the flow techniques that have been developed for the 

determination of ammonium in estuarine and marine waters (including other saline samples) 

according to the analytical method applied, namely the IPB method, the GD method (this may 

need to be updated) and the fluorometric method (the analytical features of each method are 

described in Tables 1-1 to 1-3 below). 

 

1.3.1 Indophenol blue method 

Molecular absorption spectrophotometry is one of the most widely used analytical detection 

techniques, as it is accessible, versatile, accurate and generally inexpensive. Most colorimetric 

methods published for ammonia determination in estuarine and marine waters use some 

variation of the IPB chemistry, based on the reaction between ammonia and hypochlorite to 

form monochloroamine that then reacts with a phenolic compound to produce the coloured 

indophenol blue complex, which is measured spectrophotometrically [24]. To increase the 

reaction kinetics, a catalyst (e.g. nitroprusside) and reaction temperatures of the order of 60 
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°C are usually applied [24, 34]. Additionally, the reaction occurs at high pH which makes the 

method prone to interference from the precipitation of Mg2+ and Ca2+ hydroxides [35, 36]. 

This, together with the lack of sensitivity, comprises the main drawbacks of this method. 

Nevertheless, these issues can be overcome by using chelating agents and an absorption cell 

with a longer optical path, respectively [24, 37]. The analytical features and performance of 

methods using indophenol blue chemistry are listed in Table 1-1.  

 

Table 1-1. Analytical features of flow-based methodologies using the indophenol blue reaction. 

Analytical 
method 

Reagent Flow 
method 

Optical 
path length 
(cm) 

LOD 
(µM) 

Concentration 
range (µM) 

Sampling 
rate (h-1) 

Type of 
sample 

Ref. 

In
do

ph
en

ol
 b

lu
e 

(S
pe

ct
ro

ph
ot

om
et

ry
) 

Phenol SFA 3 0.12 Up to 40 90 Seawater [38] 
 FIA 1 < 278 278 - 4444 40 Aquaculture [39] 
 FIA 1 1.4 Up to 107 - Aquaculture [40] 
 SIA-SPE 3 0.0035 Up to 0.428 3 Seawater [41] 
 LFA 5 0.36 Up to 1.07 24 Spiked 

seawater 
[36] 

 SFA 200 0.005 Up to 1 30 Seawater [42] 
 FIA 250 0.0036 0.02 to 0.5 22 Surface 

seawater 
[43] 

 SFA-GD 100 5.5 
13 

Up to 0.2 
Up to 10 

10 Oligotrophic 
seawaters, 
excretion 
planktonic 
copepods 

[44] 

Salicylate FIA Not quoted < 35.7 35.7 - 214 36 Fish farming, 
seawater 

[45] 

1-
Naphthol 

FIA 1 0.72 Up to 222 26 River, lake 
and seawater 

[46] 

OPP  rFIA 3 0.08 Up to 35 30 Estuarine and 
coastal 

[47] 

 SIA 
(iSEA) 

3 0.15 Up to 200 12 Underway 
coastal 

[48] 

 SFA 100/200 6/4 Up to 200 < 4 Oligotrophic 
seawaters 

[49] 

 

 

Tartrate, citrate or ethylene diamine tetraacetic acid (EDTA) are typically used as chelating 

agents. As an alternative, Jodo et al. [38] proposed the use of 1,2-cyclohexane diamine 

tetraacetic acid (CyDTA) to mask the interference from magnesium in an SFA method to 

determine ammonium, nitrite, nitrate and phosphate in seawater. CyDTA proved to be more 

effective than citrate/tartrate for masking magnesium interference, although no information 

is given regarding other interferents. A mixture of both citrate and EDTA has also been used 
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for the same purpose [36, 42], and Li et al. [42] developed a SFA system using a mixture of 

citrate (54 mM) and EDTA (5.4 mM) which was shown to be enough to prevent the 

precipitation of divalent metal ions in seawater in a pH range between 11 and 12. Additionally, 

matching the salinity of the wash solution with that of the sample was required in order to 

avoid pronounced refractive index differences, which are problematic when analysing samples 

with different salinities.  

FIA systems have been developed using indophenol blue chemistry for the simultaneous 

monitoring of ammonium and nitrite [39] and phosphate [40] in aquaculture. In the FIA system 

described by Ariza et al. [39], no complexing agent was used and a tolerance ratio between 

foreign ion (e.g. Na+, K+, Hg2+, NO3
-, CN-, SCN-) and ammonium of 100:1 was achieved. No 

mention was given to the formation of precipitate, which would be expected since the phenol 

solution was adjusted to pH 12. The FIA system proposed by Tovar et al. [40] used citrate as 

complexing agent. 

Chen et al. [41] used solid-phase extraction (SPE) coupled to a SIA system as a strategy to 

enhance the sensitivity of the IPB method. Phenol, sodium dichloroisocyanurate (DIC) mixed 

with citrate, and nitroprusside were sequentially added into a vessel containing exactly 200 mL 

of sample where the indophenol blue compound was formed. After 10 min this solution was 

pumped through a commercial Oasis® Hydrophilic-Lipophilic Balance (HLB) cartridge where the 

indophenol blue compound was extracted, followed by elution with a mixture of ethanol and 

NaOH and spectrophotometric monitoring. No salt effect was observed, (i.e. no difference was 

observed between the reference signal in freshwater (low ionic strength) and seawater). Thus, 

a calibration curve prepared in deionized water could be used to analyse samples with different 

salinities. An LOD of 3.5 nM was achieved, although the sample throughput was compromised 

(i.e. 3 samples per hour). 

As an alternative to the toxic phenol reagent, salicylate [45], 1-naphthol [46] and o-

phenylphenol (OPP) [49], 4-methoxypthaldealdehyde (MOPA) [50], and 4,5-

dimethoxypthaldealdehyde (M2OPA) [51], have been used to form an IPB azo dye derivative 

for the spectrophotometric determination of ammonium. Muraki et al. [45] employed the 

sodium salicylate-hypochlorite reaction in a simple flow system for application in seawater 

from fish farms. The authors used potassium sodium tartrate to mask the interference from 
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Ca2+ and Mg2+, however, precipitates were formed at pH 10-11 and consequently the pH of the 

samples had to be adjusted to 6-7 prior to injection.  

A FIA system based on a modified Berthelot reaction was proposed by Shoji and Nakamura 

[46]. 1-Naphthol was used as an alternative to phenol and DIC instead of sodium hypochlorite. 

Citrate was used as a complexing reagent and no interference of foreign ions was observed. 

Good recoveries were obtained for the analysis of ammonium in river, lake and seawater 

samples.  

Ma et al. [52], Lin et al. [47], and Li et al. [48], all reported the development of methods using 

the OPP-phenate chemistry with DIC in the presence of sodium nitroprusside (sodium 

nitroferricyanide) catalyst. Trisodium citrate was employed as the complexing agent to prevent 

precipitation of divalent alkaline metals (Ca2+ and Mg2+) at high pH, and each method used a 

3-cm optical pathlength detection cell. Ma et al. [52] described the use of a manually operated 

colorimetric method where the authors undertook a comprehensive study of the reaction 

kinetics of the OPP-IPB chemistry under different reagent concentrations and temperature 

conditions, and the potential salinity interference effects were also investigated. Under 

optimised reaction conditions a limit of detection (LOD) of 200 nM was achieved with a linear 

calibration range up to 100 µM and no salinity effect observed. Reagents were shown to be 

stable for a period of up to 10 days and heating was shown to increase the rate of colour 

development which in turn improved the sample throughput. However, temperature 

conditions chosen (room temperature 20 – 30 °C) to minimise hydrolysis of organic nitrogen 

compounds resulted in a low sample throughput of 3 h-1. Reverse FIA (rFIA) involves the 

injection of reagents into a carrier stream of sample, allowing for reagent consumption to be 

minimised when sample volumes are not restricted [53], and Lin et al. [47] developed an auto-

mated method based on this approach with a sample throughput of approximately 30 h-1, an 

LOD of 80 nM and a linear range of up to 35 µM in seawater. The salinity effect was 

investigated, and correction equations were necessary when the method was applied to 

estuarine and coastal water samples. An integrated syringe-pump-based (iSEA) system was 

developed by Li et al. [48] in the same research laboratory as the previous two studies, utilising 

an on-line filtration system for underway analysis of coastal environments over the course of 

7 cruises and 716 analyses. Sample throughput of 12 h-1, LOD of 150 nM and a linear range of 

up to 200 µM were described. Ma et al. [52] and Lin et al. [47] validated their methods against 
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two reference methods including the IPB-method described by the U.S. Environment 

Protection Authority [29], and the commonly used fluorescence method using OPA and 

sulphite. Li et al. [48] only used the batch method described by Ma et al. [52] for validation 

purposes. All comparisons showed good agreement, and a recovery study with spiked samples 

was performed to show method reliability. 

However, spectrophotometric methods may be insufficiently sensitive, particularly when 

applied to oligotrophic waters containing trace levels of total ammonia. Several techniques are 

commonly applied to overcome this limitation, including chemical derivatisation to a species 

with a higher molar absorptivity [54, 55] , analyte separation and preconcentration (see 1.3.2 

Analyte separation and preconcentration methods), and increasing the optical pathlength of 

the detection flow cell [56]. According to the Beer-Lambert law, increasing the optical 

pathlength will result in an increase in the sensitivity of the colorimetric method, and several 

flow-based analytical methods have capitalised on the incorporation of a long path liquid 

waveguide capillary cell (LWCC) to enhance sensitivity and decrease LODs [42-44, 49]. LWCCs 

are typically low volume (125 to 1250 µL) and long optical pathlength (50 to 500 cm) detection 

cells which are connected to a light source and spectrophotometer via fiber optic cables [56]. 

Light is confined to the ‘liquid’ core of the LWCC by total internal reflection at the interface of 

the low refractive index core/wall, passing through the sample at specific angles. An in-depth 

review of recent analytical applications and performance of LWCCs is provided by Pascoa et al. 

[56]. 

In the SFA system described by Li et al. [42] the incorporation of a LWCC allowed the optical 

path length to be increased significantly (i.e., to 2 m) and consequently an LOD in the 

nanomolar range was achieved (i.e., 5 nM). Zhu et al. [43] likewise developed an automated, 

on-line colorimetric method for trace ammonium analysis in seawater using an FIA system 

coupled with a 2.5-meter LWCC. Phenol and DIC were used as colorimetric reagents with 

sodium nitroprusside as catalyst. Citrate or EDTA were used as chelating agents and the 

method was optimised to obtain high signal to noise ratio and sensitivity by decreasing reagent 

injection volumes, allowing for an LOD of 3.6 nM to be achieved. The authors report linearity 

from 20 to 500 nM, with the possibility of achieving a wider linear range (at the expense of 

sensitivity) by adjusting the detection wavelength and reaction temperature. An overall sample 

throughput of 22 h-1 was achieved, and the method was applied for 24-h on-line monitoring of 
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ammonium in the surface seawater of Wuyuan Bay and South China Sea. The method was 

compared to its batch-analysis counterpart (using IPB-chemistry) and a good agreement was 

shown between both methods.  

Kodama et al. [44] employed two strategies to increase method sensitivity, namely GD-based 

analyte separation and preconcentration coupled with a 1.0-meter LWCC in a gas-segmented 

flow analysis colorimeter using IPB chemistry and sodium hypochlorite in place of DIC. The 

minimum LOD reported was 5.5 ± 1.8 nM at a wavelength of 630 nm, with linearity up to 0.2 

µM. Similarly to what was reported by Zhu et al. [43], Kodama et al. [44] were also able to 

extend the working range by measuring the absorbance at a lower wavelength (530 nm) 

allowing for concentrations up to 10 µM to be determined. The LOD at 530 nm was 13 ± 5.3 

nM and a sample throughput of 10 h-1 was reported. The method was used to determine the 

vertical distribution of ammonium concentrations in the vicinity of the Kuroshio current 

oligotrophic waters off the coast of Japan, in addition to estimating the ammonium excretion 

rates from planktonic copepods.  

Hashihama et al. [49] used OPP as an alternative to phenol for the determination of nanomolar 

concentrations of ammonium in seawater with a long pathlength LWCC (100 cm and 200 cm) 

and an UltraPath (200 cm), with internal diameters of 0.55 mm and 2 mm, respectively. The 

larger internal core of the UltraPath minimised baseline drift due to cell clogging, and the LODs 

determined for the 100 cm and 200 cm LWCCs, and the 200 cm UltraPath were 6, 4, and 4 nM, 

respectively, with a linear range up to 200 nM and an approximate sampling rate of ≤ 4 h-1. The 

system was applied to underway surface monitoring and vertical profiling was undertaken in 

the South Pacific oligotrophic waters.  

While the incorporation of LWCCs has the clear advantage of increasing method sensitivity and 

LODs, they present challenges to their successful use, specifically the necessity to perform 

some type of sample filtration to remove suspended particulates, complications associated 

with the formation and expulsion of bubbles which are more likely to form in longer pathlength 

optical cells, longer sample residence time in the cell which will invariably affect the rate of 

analysis, and difficulties associated with removal and cleaning of solid particulates from the 

internal cell, and biofilm formation during extended periods of use [56]. 
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1.3.2 Analyte separation and preconcentration methods 

The introduction of a gas-diffusion (GD) unit to the flow system offers another means for 

improving selectivity by separating the analyte from interferences and thus minimizing matrix 

effects. The sample is merged with sodium hydroxide in the donor channel of the GD device, 

thus converting ammonium ions into ammonia. Ammonia thus produced diffuses through the 

gas-permeable membrane (e.g. PTFE plumbing tape, Durapore® hydrophobic membrane [57]) 

present in the GD device into the acceptor channel which contains an acceptor solution. The 

diffused ammonia in the acceptor stream is detected using either the indophenol blue 

reaction, a pH sensitive indicator in the acceptor stream, or by measurement of the resultant 

pH or ionic strength change of the acceptor solution [57]. This can be achieved using 

spectrophotometric detection if the acceptor stream contains an acid-base indicator [35, 58-

60], potentiometric pH [61] or conductimetric [62-64] measurements. This approach has 

allowed the determination of ammonium in samples with wide ranging salinities (Table 1-2). 

 

Table 1-2. Analytical features of flow-based methodologies using analyte separation and/or 
preconcentration. 

Analytical 
method 

Acceptor 
stream 

Flow 
method 

LOD (M) Concentration 
range (µM) 

Sampling 
rate (h-1) 

Type of sample Ref. 

An
al

yt
e 

se
pa

ra
tio

n 
an

d 
pr

ec
on

ce
nt

ra
tio

n 

BTB GD-FIA 1 Up to 100 100 Canal water [58] 
 GD-FIA 0.2 1 - 50 30 Seawater  [61] 
 GD-rFIA 0.21a/0.64 Up to 

11.4a/214 
60a/135 Estuarine water [59] 

 GD-SIA 1.5b/3 Up to 
55.6b/222 

20b/28 Estuarine, coastal 
and well water  

[60] 

 GD-
MCFIA 

1 2.8 – 55.6 20 Estuarine and 
seawater  

[35] 

 H-SDME 1.8 Up to 25 17 Seawater [65] 
Phenol red GD-FIA 0.05 Up to 10 60 Ammonia excretion, 

ocean mapping 
[66] 

HCl GD-
MPFS 

< 0.2 Up to 252 < 9 Estuarine, coastal 
and shelf water* 

[62] 

 GD-
MSFIA 

2.5 4.2 – 20,000 32 Coastal water [63] 

 GD-
MPFS 

0.27 0.5 - 25 17 Coastal seawater [64] 

 GD-FIA-
IC 

0.02-0.04 Up to 2 Very low Estuarine, sea, 
aquaria and pore 
waters 

[67] 

MSA GD-FIA-
IC 

0.03 Up to 1 Very low Seawater [68] 

OPA-
Sulphite 

P&T-FIA 0.0074 0.01 – 0.2 < 4 Seawater [69] 

* Field application 
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A further advantage of this approach is that it obviates any Schlieren effects (i.e. the refractive 

index effect that is observed in conventional flow analysis systems when samples of different 

concentrations or salinities are injected into a carrier with a different refractive index) because 

the process of analyte detection occurs after ammonia diffusion into the acceptor stream has 

occurred. Moreover, different parameters can be optimized in order to enhance sensitivity, 

namely the GD configuration and surface area [70] as well as the flow pattern [71]. 

Fluorometric detection after GD separation has also been used (see Section 3.3 Fluorometric 

method). 

Even though the gas-permeable membrane used in GD-based flow methods separates the 

donor stream from the acceptor stream, the formation of insoluble Mg2+ and Ca2+ hydroxides 

as a consequence of the addition of base to the seawater sample can block the membrane 

pores and the system manifold, thus compromising precision, sensitivity and sample 

throughput [61]. The formation of hydroxide precipitates, however, can be reduced by adding 

a chelating agent such as citrate or EDTA to the sodium hydroxide stream. Even using this 

strategy, Willason and Johnson [66] noticed gradual clogging of the membrane over time. 

Flushing the FIA system with 1% HCl every 5 h was shown to remedy this problem allowing the 

membrane to last for at least 24 h of continuous sampling. Good sensitivity was achieved due 

to the large diffusion area attained with an “S” shaped GD unit with a swept length of at least 

240 mm.  

Aiming to reduce the reagent consumption and waste generation, Gray et al. [59] proposed a 

reversed FIA (rFIA) system where the reagent (sodium hydroxide) was injected into a sample 

stream instead of injecting sample into a reagent stream. A multiple injection sequence of 

NaOH/sample/NaOH produced good sensitivity. To minimize interference from dissolved 

carbon dioxide, the sample stream was buffered at pH 8.4. Under these conditions, ammonium 

could be detected even in the presence of a wide range of alkalinity (29-131 mg CaCO3 L-1) and 

salinity (0.02-36). This approach also avoided the addition of complexing agents because the 

amount of Ca(OH)2 or Mg(OH)2 precipitate formed was small and was flushed out of the system 

by the continuously flowing stream of sample.  

Segundo et al. [60] developed an SIA system where two dynamic ranges could be obtained 

according to the number of sample plugs aspirated. Thus, a concentration range between 5.56 

and 55.6 µM was attained with the sequence NaOH/sample/NaOH, and the range 55.6-222 
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M was achieved with the sequence NaOH/sample/NaOH/sample/NaOH. The system was 

successfully applied to samples with a wide range of salinities (i.e. estuarine, well and coastal 

water samples). Moreover, they used a reagent recirculation approach in order to minimize 

reagent consumption. The buffer capacity of the indicator was restored daily to keep sensitivity 

constant. This approach was proposed and used by Oliveira et al. [35] who developed a MCFIA 

with in-line prevention of metal hydroxide precipitation. EDTA, tartrate and EDTA in 

combination with boric acid successfully prevented the precipitation of metal hydroxides in 

saline waters, although tartrate was chosen because it was considered more environmentally 

friendly. Accurate results were obtained in a wide range of salinities (9.6-34.8). An in situ 

analyser for monitoring of ammonium in estuarine and coastal shelf waters based on an MPFS 

was designed by Plant et al. [62] and is described in Section 4 (field applications). 

FIA-GD systems using ion chromatography (IC) post gas-diffusion for separation for the 

determination of ammonium and methylamines have also been proposed [67, 68]. The sample 

was pumped and mixed with a solution containing NaOH and EDTA in the donor channel to 

raise the pH above 12 with no precipitation of metal oxides, followed by diffusion of all the 

volatile gaseous forms (e.g. ammonia, amines) into an acidic acceptor stream, such as HCl [67] 

or methane sulphonic acid (MSA) [68], and then a subsample was injected into the IC. The 

ability to chromatographically resolve both ammonium and methylamines is an advantage, but 

because of the chromatographic separation step, the sample throughput is very low and the 

system is much more complex in comparison with other flow methods. Moreover, a declining 

response ratio was noticed with increasing salinity [67]. 

In 2013 Henríquez et al. [63] reported a multi-syringe FIA system applying GD as the separation 

technique with conductometric detection. The method had a sample throughput of 32 h-1, and 

a wide working range 4.2 µM – 20 mM with an LOD of 2.5 µM. Another flow-based method 

was proposed in 2014 by the same authors [64] this time using a multi-pumping flow system 

with a series of solenoid micropumps for propulsion. This method offered a greater precision 

than the previous method (< 1%) with an order of magnitude lower LOD of 0.27 µM, largely 

due to the use of a sample volume 3.3 times higher. The linear range was 0.5 – 25 µM and a 

sample throughput of 17 h-1 was achieved.   
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Several methods have recently been reported involving the use of a variety of matrix 

separation and preconcentration techniques: steam distillation, purge-and-trap (P&T), and 

headspace single-drop microextraction (H-SDME). These techniques are used as sample pre-

treatment steps and are described below. While the LODs reported are mostly higher when 

compared to the earlier GD-based separation methods, their advantage is that they don’t 

suffer from membrane longevity issues or blocking by the precipitation of divalent cations 

present in the sample, and therefore the use of complexing agents is not necessary.  

P&T has commonly been applied as a separation technique for volatile organic compounds in 

wastewater and other complex matrices. It has been successfully applied to ammonia 

separation and preconcentration in seawater, and the process involves bubbling an inert gas 

through a sample of seawater that has been made basic by the addition of sodium hydroxide 

to convert total ammonia to molecular ammonia. Dissolved ammonia then moves from the 

aqueous to the vapour phase and is collected by a trap [72]. Compared to the GD separation 

method, P&T can process very large sample volumes increasing the enrichment factor and in 

turn facilitating improved method sensitivity. Ferreira et al. [73] developed a steam distillation 

separation technique coupled with an IC detection method which was capable of resolving 

monomethyl- and monoethylamine from total ammonia without interference from sodium 

and potassium ions. The LOD for this method was 1.7 µM with a linear range of 13.9 – 55.6 

µM, a sample throughput of less than 4 h-1, and the method was successfully applied to high 

salinity samples from the Brazilian oil industry with spiked recoveries in the order of 90 – 105%. 

Ferreira et al. [74] further described a P&T extraction system using ultrasonication to 

accelerate the extraction process, again using IC as the detection method. The sample 

throughput described by Ferreira et al. was, however, very low (i.e., < 2 h-1). The LOD was 1.1 

µM with a linear range of 13.9 – 111.1 µM and an optimum extraction time of 30 minutes per 

sample was chosen. Zhu et al. [69] proposed a more sensitive method by coupling a home-

made P&T system with fluorescence spectrometry using the OPA-sulphite chemistry which is 

described in Section 1.3.3 Fluorometric method.  

Šrámková et al. [65] developed a novel system for the separation and preconcentration of 

ammonia using in-syringe analysis and H-SDME with colorimetric detection. Drop formation 

was accurately controlled by a syringe pump. The drop reagent was pumped through a channel 

drilled into the syringe piston, and the drop was formed at the end that channel. The syringe 
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barrel was filled with the sample, which was made basic while stirring a magnetic stirring bar, 

allowing for total ammonia to be converted to molecular ammonia. Ammonia then evaporated 

into the syringe headspace reacting with the droplet containing an acid-base indicator, and on-

drop spectrophotometric analysis was performed. An LOD of 1.8 µM was reported with 

method linearity of up to 25 µM. Washing the syringe between each sample took a 

considerable amount of time and a sample throughput of 17 h-1 was reported.  

 

1.3.3 Fluorometric method 

The fluorometric method involves the reaction of ammonium with orthophtaldialdehyde (OPA) 

in alkaline medium and in the presence of a strong reducing agent (e.g. 2-mercaptoethanol or 

sodium sulphite) [55]. An intensely fluorescent product is formed which allows the 

fluorometric assay to reach the nanomolar range [26]. However, the method can be used to 

measure either ammonium or amino acids [75]. Therefore, if ammonium determination is the 

main goal, some strategies must be adopted to avoid the interference by primary amines thus 

improving the selectivity of the method (described further in this section). Table 1-3 

summarizes the analytical features of flow-based methods using the fluorometric method.  

 

Table 1-3. Analytical features of flow-based methodologies using fluorometric detection. 

Analytical 
method 

Reagents Flow 
method 

LOD (nM) Concentration 
range (µM) 

Sampling 
rate (h-1) 

Type of sample Ref. 

Fl
uo

rim
et

ry
 

OPA-2-
Mercaptoethanol 

FIA-GD ~ 1 > 2 30 Fresh and seawater [55] 

 FIA-GD ~ 1 Not quoted 18 Seawater* [76] 
OPA-sulphite SFA 1.5/7a Up to 0.16/12a 20/40 Estuarine and 

seawaters 
[54] 

 FIA-GD 7 Up to 4 30 Seawater* [26] 
 FIA 30 Up to 50 9b/40 Coastal, estuarine 

and fresh waters 
[77] 

 FIA 1.1 Up to 0.6 8/3600c Seawater* [27] 
 FIA < 5 Up to 25 12 Seawater* [78] 
 SIA 1000 Up to 20 120 River and marine 

waters* 
[79] 

 SIA 60 Up to 20 > 100 River and marine 
waters* 

[80] 

 MPFS 13/210 Up to 1/16 32 Surface seawater [81] 
 ABA 1/4.6/58 Up to 1/4/25 8 Coastal seawater* [82] 
 ABA 10 0.05 – 10 4 Marine waters* [83] 
 Flow-

batch 
< 1.2 Up to 0.3 5 Open ocean water* [84] 

 FIA 2.1 Up to 0.3 36 Estuarine and 
seawater* 

[85] 

a On-line dilution; b Stop-flow mode; c rFIA mode. * Field application 
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Jones [55] developed an FIA-GD system using fluorescence detection with OPA with 2-

mercaptoethanol as the reducing agent. The GD step reduced interferences from primary 

amines and dissolved amino acids, but nevertheless was subject to likely interference from 

volatile amines. A similar version of a fluorescent-based FIA-GD system was used by Masserini 

and Fanning [76] in a sensor package for the simultaneous determination of nitrite, nitrate and 

ammonium in seawater.  

Use of sodium sulphite as the reductant instead of 2-mercaptoethanol, reduces the sensitivity 

to amino acids, thus making the method more specific to ammonium [86]. Watson et al. [26] 

developed an FIA-GD system for seagoing applications that aimed to combine the advantages 

of Jones’s GD method [55] with the OPA-sulphite approach. A GD cell, placed between the 

NaOH reservoir and the peristaltic pump, was used to remove ammonia contamination from 

the NaOH reagent (using 10% H2SO4 as a trap). Consequently, lower blank concentrations were 

obtained, thus improving the LOD. A comparison between 35 g L-1 NaCl standards and 

standards made in seawater showed similar results in the absence of chelating agents. Since 

the reaction of ammonium with OPA and sulphite is more selective to ammonium than to 

primary amines, the GD unit becomes unnecessary, as shown by Kérouel and Aminot [54]. They 

developed an SFA system for the direct analysis of ammonium in estuarine and seawaters, 

which was not only free from primary amine interferences (including volatile amines) but also 

from a salt effect (less than 3.1% deviation in the salinity range of 0.2 to 35). Three ammonium 

concentration ranges were attained: nanomolar range (up to 100 nM), micromolar range (up 

to 12 µM) and submillimolar range (up to 250 µM), the last one was attained by adding on-line 

dilution to the SFA system. This method was adapted to FIA by Aminot et al. [77], for a potential 

in situ application. No salt effect was noticed in the salinity range of 5-35. No other 

interferences were observed, except for sulfide (deviation of -9% at 100 µM S2-). Using the 

same chemistry, Horstkotte et al. [81] designed a portable multipumping flow analyser system 

for possible shipboard monitoring. The method sensitivity was adjustable by the gain of the 

photomultiplier tube, thus allowing for applications across a wide range of concentrations (up 

to 16 µM). A detection cell was specially made and combined with a commercial 

photomultiplier tube, a long-pass optical filter and a UV-LED as the excitation light source. 

When using the fluorometric method for the determination of ammonium in aquatic matrices, 

background fluorescence is frequently reported. This fluorescence results from substances in 
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the sample that autofluoresce, thus this effect can be corrected by measuring the sample 

fluorescence in the absence of OPA. A GD unit could also be used to avoid this issue, 

nevertheless a salt effect might be noticeable due to change in the ammonia solubility [55]. 

The fluorometric method involving the reaction of ammonium with OPA in the presence of 

sulphite reducing agent is attractive largely due to its high sensitivity and selectivity, allowing 

for nanomolar concentrations of ammonia nitrogen to be determined in complex high-salinity 

matrices. While the stability of reagent solutions has been identified as a disadvantage of the 

method, the addition of stabilising reagents such as formaldehyde to prevent oxidation of 

sulphite have shown promise in extending the lifetime of reagents and applicability to in situ 

shipboard analysis.  

Hu et al. [75] developed a manual operation method using OPA, sulphite and formaldehyde 

reagents with EDTA-NaOH used to make the sample medium alkaline. EDTA was used to 

prevent precipitation of divalent alkaline earth metals from solution at high pH, which could 

interfere and depress the fluorescence signal. At high pH the amount of reaction product was 

increased thus enhancing the method sensitivity to nanomolar levels without enrichment. The 

working range of the method could be tailored to the desired range by changing the 

excitation/emission slit used, and an LOD of 9.9 nM was reported and linearity in the range of 

32 – 500 nM was achieved when using an excitation/emission slit of 3 nm/5 nm, respectively. 

While the sampling rate reported was low (1.2 h-1), the authors stated that it was possible to 

perform up to 10 samples simultaneously. Nevertheless, given many automated techniques 

using fluorescence have been described in the literature, manual methods seem only to 

provide interesting insights to reaction kinetics of novel reagent and chemical combinations.  

Zhu et al. [85] used the same chemistry as described by Hu et al. [75] with the only difference 

being the choice of chelating agent (sodium tetraborate buffer instead of EDTA). Zhu et al. 

described the development of a portable home-made fluorescence detector comprising a UV-

LED, two band pass filters, a photomultiplier tube (PMT), a modified flow-cell to reduce the 

interference of air bubbles in the fluorescence signal, and an electronic circuit with a constant 

voltage and current supply. The detector described was smaller than its commercially available 

PMT-FL counterpart with an increase in sensitivity greater than 11%. The detector was 

incorporated into an FIA system using OPA, sulphite and formaldehyde as reagents and the 

system was used for underway sampling in the Jiulongjiang estuary.  
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While the OPA-sulphite reaction is the most widely reported fluorescence method for 

ammonium determination in natural waters, functionalisation of OPA with the electron-

donating methoxy groups to form 4-methoxypthaldealdehyde (MOPA) and 4,5-

dimethoxypthaldealdehyde (M2OPA) has been recently described showing promise to increase 

method sensitivity as the reaction products exhibit higher fluorescence intensity when 

compared to the ammonium-OPA product [50, 51]. MOPA was successfully synthesised by 

Liang et al. [50] and used in a manual batch method using sulphite, formaldehyde and sodium 

tetraborate buffer. The MOPA rapidly reacted with ammonium at room temperature and a 15-

minute reaction time was selected as a compromise between sample throughput and 

sensitivity. An LOD of 5.8 nM was reported for the linear calibration range of 25 – 300 nM. The 

synthesis and use of M2OPA in a custom-made hand-held portable fluorometer with a laser 

diode as the light source was reported by Zhang et al. [51] allowing for in situ analysis. M2OPA 

was reported to have a rapid reaction time and enhanced fluorescence intensity when 

compared to the OPA and MOPA reaction products, and the hand-help portable laser diode 

fluorometer was reportedly used in single- or dual-laser beam modes, allowing for different 

working ranges to be achieved (0 – 5 µM and 0 – 2 µM, respectively) with different LODs (6.5 

nM and 3.5 nM, respectively). While the newly developed device was suitable for field use, it 

was nevertheless still used in ‘batch mode’ where a sampling rate of 1 h-1 was described.  

The major limitation of the fluorescence methods described above, is the slow reaction 

kinetics, which can be improved by increasing reaction temperature. However, the need for an 

energy intensive heating device incorporated into the manifold, limits the use and application 

of fluorescence methods in long-term monitoring and field based applications. Nevertheless, 

a few shipboard FIA [26, 27, 76, 78], SIA [79, 80] and autonomous batch analysers (ABA) [82, 

83] systems have been described for field applications using the fluorometric reaction NH4+-

OPA with sulphite reduction, and these are described in the following section.  

 

1.3.4 Field applications 

In situ monitoring has the potential to reduce or even avoid all the problems commonly 

encountered during manual collection, storage and preservation of samples of estuarine or 

marine waters. In the last decade there has been substantial progress in the development of 
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portable and miniaturised flow analysis devices which has allowed for shipboard laboratories 

to conduct real-time monitoring and mapping of nutrient distributions [27, 76, 79]. 

The fluorometric method with the OPA-sulphite reaction has been employed as the preferred 

method for in situ field analysis of ammonium, with one exception where the GD method with 

conductimetric detection was used [62]. This particular in situ flow analyser (called NH4
+- 

Digiscan) used micro-solenoid pumps to promote the flow. For in situ application all the 

electronic components were placed in housings and reagents in bags. The system was shown 

to be suitable for fixed location monitoring of ammonium in estuarine and coastal shelf 

environments at depths of up to 3 m. It was capable of performing in situ auto-calibration and 

exhibited stability when deployed for 30 days, without the loss of drift or analytical signal. An 

adequate LOD was achieved (Table 1-2), although the rate of analysis was relatively low (< 9 h-

1) when compared with other flow systems.  

Several FIA systems have been developed and used in shipboard laboratories [26, 27, 76, 78] . 

Masserini and Fanning [76] developed a sensor package capable of simultaneous fluorometric 

detection of nitrite, nitrate and ammonium in oligotrophic seawater. Jones’s technique [55] 

was used to determine ammonium, although slightly modified in order to adapt it to the 

nutrient sensor package. Discrete sections of tubing were carried through a heat exchanger as 

opposed to heating the entire manifold, and a larger flow-cell was used in the fluorescence 

detector (i.e. 40 µL instead of 12 µL) allowing for an LOD of approximately 1 nM to be achieved 

with a throughput of 18 samples per hour. Watson et al. [26] combined the OPA-sulphite 

chemistry with GD for the determination of ammonium. Samples were collected manually and 

immediately analysed or stored frozen. To avoid atmospheric contamination, a 150 L glove box 

flushed with N2 was used for storing reagents and handling samples. Removal of ammonia 

contamination from reagents required the use of an in-line diffusion cell placed between the 

reagent reservoir and the peristaltic pump, using H2SO4 to remove the ammonia from the 

reagent stream.  

Amornthammarong et al. [27] proposed an FIA analyser for the measurement of wastewater 

discharges into Florida coastal waters, incorporating a modified OPA-sulphite reaction, in 

which sodium sulphite was dissolved in 5 mM formaldehyde solution. They suggested that the 

precipitates did not form at high pH due to the high concentration of sulphite, dilution of 

seawater by reagents, and kinetic hindrance. A sample throughput of 8 h-1 was achieved when 
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manual injection was performed, but for high-resolution analysis, rFIA was used, which 

increased the sample throughput to an incredible 1 s-1 (i.e. 3600 h-1). Such high frequency 

measurements allowed for the modelling of an ammonium outfall plume and its dispersion by 

ocean currents. Rapid changes in ammonium concentrations were detected in only 2 h, clearly 

demonstrating the importance of high-frequency analysis.  

The ammonium flow analyser described by Abi Kaed Bey et al. [78] was designed to determine 

ammonium in oligotrophic seawater. The instrument was designed “in-house” and allowed for 

the automated switching between reagent, sample and standard streams, which were 

sequentially pumped into the analyser mixing chamber. The mixed solution was then pumped 

to the heater and the detection unit, which included the following: a quartz flow-cell; a low-

power UV-LED excitation source; a photon multiplier tube as the emission detector; and, two 

optical filters. The system described suffered from up to 85% reductions in signal at low 

concentration (5 nM) due to salinity variations, and the potential fluorescence interference 

from phytoplankton was found to be up to 12% by artificial simulation of a bloom. Interference 

from commonly encountered amines and amino acids at low concentrations were negligible, 

however at high concentrations the signal was depressed. The analyser was used for field 

analysis in the North Atlantic Ocean, and seawater was pumped from 5 m below to the bow of 

the ship towards the analyser.  

Frank et al. [79, 80] developed an SIA system for the determination of both phosphate and 

ammonium as part of a “ferrybox” system that operated autonomously and continuously at 

sea in commercial ferry vessels. The “ferrybox” consisted of an automated sampling system. 

Samples were thus collected automatically and on-line, through a system comprising a 

centrifugal pump constantly directing sample from the hull of the ship to the “ferrybox”, which 

is connected with the SIA instrument. The flow rate of the sample was maintained high enough 

to ensure sample freshness, with the excess sample being diverted to waste. The sample 

stream was pumped via a peristaltic pump to the SIA system, where further samples were 

drawn from the continuously supplied filtrate stream. Off-line samples were simultaneously 

taken and analysed by an SFA system in order to validate the on-line system. However, the 

correlation between the ammonium results of the two methods was described as only 

“acceptable” [79]. This was due to the on-line results being contaminated by the destruction 

of plankton cells in the secondary centrifugal pump of the “ferrybox”, resulting in the release 
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of cell contents into the on-line sample stream. The off-line results were also affected by 

contamination, inappropriate sample storage and detector noise. Additional data analysis was 

outlined in a further paper, in order to verify the performance of the system [80]. 

More recently, Amornthammarong et al. proposed the design and use of a portable ABA for 

the determination of trace amounts of ammonium in coastal seawater [82, 83]. The ABA 

described utilizes a carefully designed mixing chamber, comprising one syringe pump (where 

the syringe acts as the primary mixing chamber), an eight-way distribution valve and a 5 mL 

pipette tip (which acts as the secondary mixing chamber). The standards and sample were 

mixed with the reagent in the syringe chamber, and the mixture was then pumped into the top 

of the pipette and drawn back into the syringe chamber from the pipette tip. Complete mixing 

occurred after 5 mixing cycles and the solution was then injected to the fluorescence detector. 

The syringe chamber, pipette tip and detector were flushed with deionized water three times 

prior to every subsequent measurement, which resulted in a sample frequency of 

approximately 8 h-1.  

In an improved version of the ABA, the commercial fluorescence detector [82] was replaced 

by an LED photodiode-based fluorescence detector, which was more sensitive and allowed for 

the assembly of a smaller apparatus [83]. This ABA system was also equipped with a filtering 

system allowing for measurements to be conducted in turbid waters. It was deployed at two 

field sites for measurement of ammonium concentrations in the intracoastal waterways of 

Florida, and diurnal ammonium concentration cycles were recorded. The advantages of such 

batch analysers include their low reagent consumption and ability to construct a calibration 

curve by auto-dilution from a single standard solution. However, one of the major drawbacks 

of batch analysers is their lower sampling frequency, due to the need for thorough washing of 

the mixing chamber to prevent sample cross contamination. 

For the determination of ultra-trace (< 1 nM) ammonium in seawater, Zhu et al. [84] used a 

flow-batch system accommodating a HLB cartridge to perform SPE. The OPA method as 

described by Amornthammarong et al. [83] was used, and the fluorescence reaction product 

was extracted onto the SPE cartridge, separating the analyte complex from the seawater 

matrix. The fluorescent products were eluted with ethanol and delivered to the fluorescence 

detector, and each cartridge could be used for over 50 seawater sample analyses. The benefits 

of employing SPE with the fluorescence method as described include improved sensitivity, 
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reduced reagent consumption and negligible salinity and matrix effects. This method was 

applied in the field in the South China Sea during a cruise in August 2012, and vertical 

ammonium profiles were determined as well as the distribution of ammonium in surface 

seawater. 

The stability of reagents might not be an issue when working under laboratory conditions, 

however for analysis in the field, (e.g. in shipboard laboratories), it should be taken into 

consideration as it could be a limitation. Table 1-4 presents the stability of the main reagents 

involved in each of the methods described. 

 

 

Table 1-4. Stability and storage of reagents involved in the determination of ammonium. 

Method Reagents Stability and storage Ref. 
Indophenol blue 
Spectrophotometry 

Phenol Prepared fresh daily  [29] 
Salicylate Prepared fresh daily [45] 
1-Naphthol Not listed [46] 
Sodium nitroprusside 0.5% Store in an amber bottle for up to 1 month [87] 
Sodium hypochlorite Unstable, prolonged storage should be avoided [87] 

Gas-diffusion  Bromothymol Blue* Stored in gas-tight containers with CO2 traps [35] 
 Phenol red* Stored in a bottle with an Ascarite guard to avoid 

CO2 uptake 
[60] 

 Methane sulfonic acid 40 mM† Prepared routinely via a stock solution [77] 
Fluorimetry 2-Mercaptoethanol Stable for at least 72 h [78] 
 Sodium sulphite 8 g L-1 Stable for at least 2 months at room temp. in a 

glass bottle 
[81] 

 Sulphite in phosphate buffer Prepared daily [80] 
 OPA 10 mM (no buffer) Stored refrigerated for 1 week [80] 
 OPA 40 g L-1 (no buffer) Stored refrigerated in a glass bottle for at least 2 

months 
[81] 

 OPA 0.37 M + sulphite (buffered) Stored for several weeks in the dark at room temp. [26] 
 Mixed Reagent (OPA, sulphite, 

buffer, wetting agent) 
Stored in the dark at room temp. for at least 2 
months 

[81] 

 MOPA 7.8 g L-1 in MeOH and 
water + sulphite + formaldehyde 

Prepared fresh daily [50] 

 M2OPA 1.8 g L-1 in MeOH and 
water + sulphite + formaldehyde 

Prepared fresh daily [51] 

* Spectrophotometric detec on, † Ion chromatography 

 

Flow-methodologies have the capability to provide high frequency data and pollutant 

concentration profiles, which is important when monitoring ammonium concentrations in 

highly variable estuarine and marine environments, with the added benefit of sample 

collection and pre-treatment steps being automated.  However, many flow methods require 

the use of specialised and sometimes expensive or custom-made equipment and are often not 
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commercially available off-the-shelf instruments. Therefore, deploying flow systems over large 

spatiotemporal scales relevant for extensive water quality monitoring may be prohibitively 

laborious and expensive, especially as most equipment requires an energy source to control 

mechanical parts. Passive sampling could be used as an alternative in situ monitoring strategy, 

as it provides the average concentration of the target chemical species for the period that the 

sampler was deployed without the need for power, moving parts or complicated electronics. 

In comparison with flow-based methodologies, passive sampling is a cheaper and simpler 

water quality monitoring technique, which can be advantageous in allowing for sampling 

programs to be developed over large spatial and temporal scales. An overview of the passive 

sampling techniques reported in the literature for the monitoring of aquatic environments with 

high or variable salinity is provided in the following section. 

 

1.4 Passive sampling  
Most water quality monitoring programs involve the collection of periodic discrete grab or spot 

samples. Spot samples should be collected in a way that ensures they are representative of the 

medium being sampled, and when undertaking trace analysis, it may be necessary for very 

large volumes of sample to be collected [88, 89]. After collection, spot samples are transported 

to a laboratory for analysis, during which time they often need to be preserved [24]. The 

analytical procedure may involve some type of sample pre-treatment, including sample 

filtration, analyte preconcentration and separation from the matrix and/or derivatisation prior 

to analysis [24]. These sample handling steps are commonly laborious and expensive. 

Moreover, it is possible that during sample collection, transport or during any manual handling, 

contamination may occur leading to inaccurate results [24]. Additionally, periodic spot 

sampling only provides a snapshot of the levels of pollutants in the sampled medium at the 

time of collection, and episodic pollution events may be missed leading to an under 

representation of pollution concentrations in the environment (Figure 1-5) [89, 90]. Even 

though flow-based methodologies can be used to automate the overall analytical process, such 

systems are rarely used in commercial laboratories or in routine field monitoring applications, 

largely owing to the significant upfront costs of purchasing a system, the complexity and high 

degree of operator skill required for successful operation and maintenance, and high energy 
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consumption which may prohibit long-term deployment of the equipment in the field. 

Automatic water sampling units (autosamplers) are commonly used in routine water quality 

monitoring programs and can be programmed to collect composite or discrete samples over 

time, which can then be analysed in a laboratory [91]. While an autosampler allows for high-

frequency spot sampling which increases the likelihood of pollution event detection, 

autosamplers have the disadvantage of being expensive, having significant energy 

requirements for long-term deployment, still suffer from the need for significant sample 

handling and manipulation, and can be difficult to deploy in coastal settings where sampling 

often requires the use of a boat (Figure 1-5).  

 

 

Figure 1-5.  Results obtained by different sampling methods commonly used in environmental 
monitoring (data discussed in detail in Section 4.3.2 of Chapter 4).  

 

Significant progress has been made over the past few decades in the field of aquatic passive 

sampling techniques, which essentially overcomes several challenges of spot sampling-based 

monitoring programs and the difficulties associated with the deployment of flow-based 

systems for in situ analysis, especially with respect to associated costs, both in terms of energy 

requirements and labour [91].  

Passive sampling techniques have gained popularity over the last three decades and 

considerable work has been undertaken to improve and standardise passive sampling 
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methodologies in order to enable their incorporation into regulatory water quality monitoring 

programs globally [92-97].  

The ideal passive sampling device (PSD) should be inexpensive, commercially available, and 

simple to assemble, prepare, deploy, retrieve and analyse, while being precise, accurate, 

sensitive and selective towards the analyte(s) of interest [88, 92]. Aquatic passive sampling has 

been defined as any sampling technique involving the free flow and accumulation of analyte 

molecules from the sampled medium (sampling source solution) to the PSDs collecting medium 

(receiving phase), with mass transfer driven by a difference in the chemical potential of the 

analyte molecules between the sample and collecting mediums [98].  

A PSD generally consists of a receiving phase which is separated from the external environment 

being sampled by a semi-permeable membrane and/or a diffusion-limiting barrier. The uptake 

and accumulation of the target analyte(s) from the bulk matrix being sampled into the receiving 

phase occurs via processes of diffusion, permeation or chemically facilitated transport of the 

analyte through the membrane/barrier to the receiving phase, although in some applications 

(e.g., single-phase passive samplers) the membrane itself can act as the primary accumulation 

site for the analyte [99].   

The process of passive sampling usually involves deployment of a PSD into the aquatic 

environment being monitored and subsequent collection of the sampler after a given period 

of time, after which the receiving phase can either be directly analysed or the analyte can be 

chemically stripped and processed.  

PSDs are commonly categorised by their sampling regime with two types of samplers described 

in the literature, including the equilibrium-based and the integrative or kinetic passive 

samplers. Equilibrium passive sampling involves exposing the PSD to the aquatic environment 

to be sampled for a sufficient amount of time to reach a thermodynamic equilibrium, allowing 

for a stable concentration of analyte(s) between the sampled medium and the PSDs receiving 

phase to be achieved [89, 100, 101]. Mayer et al. provided an in-depth review of the principles 

and operation of equilibrium-based PSDs, highlighting three basic requirements for their 

successful operation, including ensuring that the capacity of the sampler is not overcome, 

avoiding saturation during analyte uptake, and making sure that the device response time is 

shorter than any fluctuations in analyte concentrations experienced in the environment being 
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sampled [100]. When using equilibrium-based PSDs the concentration of analyte(s) measured 

in the receiving phase will be similar to that measured using spot sampling, however there are 

advantages to using this sampling approach over conventional sampling methods, especially 

when measuring the partitioning and fugacity of analyte(s) in multicompartment systems such 

as sediments, pore waters and/or their overlying waters [100]. 

While some PSDs can be used in both equilibrium and integrative accumulation regimes 

(depending on the analyte class and sampler type), many of the samplers discussed below are 

used exclusively in the integrative (linear) uptake mode.  Integrative or kinetic passive samplers 

work on the assumption that the rate of mass transfer of analyte from the bulk sample to the 

receiving phase is linearly proportional to the difference between the activity of the analyte in 

the water and receiving phase [89]. An integrative PSD should exhibit ‘zero sink’ behaviour, 

where analyte species are effectively accumulated, and trapped species are retained even if 

their concentration around the sampler decreases to zero [98]. However, whilst some PSDs 

exhibit this behaviour, it is not always the case, and modelling approaches and corrections have 

been developed to describe mass accumulation in the PSD and to offset deviations from ideal 

behaviour [101]. 

During deployment, the analyte(s) of interest are passively accumulated from the aquatic 

environment to the receiving phase where they can be selectively pre-concentrated, allowing 

for the time-weighted average concentration (CTWA) to be determined for the duration of 

deployment (Figure 1-5). The CTWA is representative of the concentration of analyte(s) in the 

sampled medium for the duration of deployment, thus allowing for transient pollution events 

to be captured where they could be missed with infrequent spot sampling programs. The 

integrative uptake phase can be described by Equation (1-1) below [89]:  

CTWA = Ms /Rs(t)     (1-1) 

where the term Ms refers to the mass of analyte accumulated in the receiving phase of the PSD 

after a given exposure time (t), Rs is the sampling rate, and CTWA is the time-weighted average 

concentration of analyte in the sampled medium over the period of PSD deployment [89]. The 

Rs is dependent on the first-order rate constant for the accumulation of the analyte from the 

sampled medium to the receiving phase [89], and is commonly measured in laboratory-based 

calibration experiments for each analyte of interest [102]. The Rs can be affected by water 
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temperature, hydrodynamic conditions around the sampler, degree of biofouling and on the 

diffusional surface area of the PSD [102]. The CTWA can be determined for the duration of the 

PSD exposure (t), when a) the Rs is known, and b) by quantifying the amount of analyte 

accumulated in the receiving phase post deployment (Ms) [89].  

Environmental conditions have been reported to affect the diffusion of analytes across the 

semi-permeable barrier, thus affecting accumulation in the PSD receiving phase. For example, 

the effect of temperature on passive sampling results has been studied and shown to affect 

the sampling rate and the sampler-water partition coefficient [88, 103-105]. Water flow 

velocity and turbulence has also been shown to affect the mass transfer of analyte when 

uptake is controlled by diffusion through the water boundary layer [88]. In addition to 

temperature and turbulence or flow pattern of water around the device, there are several 

other environmental factors that can affect the performance of a PSD, namely salinity, pH, 

dissolved organic matter (DOM) and biofouling of the device. [89, 96, 106-109].  

Biofouling is known to limit the deployment lifetime of scientific instruments especially when 

immersed in nutrient rich and productive aquatic environments [110, 111]. Biofouling occurs 

when exposed surfaces are colonised by periphytic microorganisms forming a biofilm, allowing 

further attachment of macroorganisms such as macrofauna [112]. The presence of a biofilm 

on the surface of passive sampling membranes and/or exposed receiving phases will increase 

the tortuous pathway of the diffusing analyte(s) from the bulk sample phase to the receiving 

phase, reducing the overall accumulation efficiency of the PSD [99].   

The effect of biofouling on the performance of various passive sampling tools is well 

documented in the literature [89, 113-116]. Richardson et al. [117] found that the uptake of a 

range of organic contaminants was reduced in a semi-permeable membrane device (SPMD) by 

up to 50% under fouling conditions, and Huckins et al. [118] similarly observed that in severe 

cases the uptake of polyaromatic hydrocarbons (PAHs) was reduced by 20 – 70%.  

Strategies to  reduce microalgal colonisation of the SPMD, including mounting the device in 

between copper mesh screens [119], and the addition of the antifouling agents Irgarol and 

capsaicin to the receiving phase, were shown to be largely ineffective in mitigating the effects 

of biofilm formation on the surface of the SPMD studied [116]. Performance reference 

compounds having similar chemical properties to the analyte(s) under investigation, were used 
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to correct the sampling rate, by dissipating at a similar rate to the assimilation of analyte(s) 

into the passive sampler [106, 116]. The effects of biofouling, temperature and water 

turbulence could be corrected for using the PRCs, however, this approach is limited to isotropic 

exchange in hydrophobic passive sampling, and it is not suitable for sorption-based PSDs [107].  

Whilst many researchers have documented the effects of biofouling on the performance of 

PSDs, different approaches to reducing or quantifying the effects have been shown to be 

effective, with no universally applicable strategy. Schäfer et al. observed that fouling did not 

occur in their 1-day pulse contamination experiments using a Chemcatcher® when a 

polyethersulfone diffusion-limiting membrane was used compared the configuration without 

the membrane which exhibited fouling and a four-fold reduction in analyte uptake [120]. 

Harman et al. observed that fouling between both SPMD and POCIS samplers varied when 

immersed in the same media, with markedly different effects in performance, where a SPMD 

exhibited a reduction in analyte uptake due to fouling, whereas a POCIS saw a significant 

increase in the uptake of alkylated phenols [121]. When sampling for metals [122, 123] and 

orthophosphate [124], the performance of a diffusive gradients in thin films (DGT) passive 

sampler was also reportedly impacted by the presence of biofilm, which blocked the pores of 

the device and changed the way analyte molecules were able to move through the diffusive 

gel layer. Uher et al. [125] found that the addition of a polycarbonate protective membrane 

minimised the effect of biofouling on some target metals, but adversely affected others. DGTs 

treated with silver nanoparticles were shown to inhibit the growth of biofilms without affecting 

the performance of a device for mercury determination [123], and antifouling efficacy of the 

antibiotic chloramphenicol and two metal iodides (copper and silver) was tested for a DGT 

technique for monitoring reactive phosphorus [126]. The silver iodide provided the longest 

protection (21 days), followed by the copper iodide (14 days), however, the antibiotic 

chloramphenicol did not appear to be effective in preventing the colonisation of 

microorganisms on the device for any of the deployment times tested.  

Over the last two decades, several reviews have described and assessed a variety of passive 

sampling techniques applied to water quality monitoring in aquatic environments for a range 

of chemical species including organics, inorganics and heavy metals [89, 98, 127-132], with a 

particular emphasis on the monitoring of polar [104, 109, 133-135], and non-polar pollutants 

of concern [88, 96, 136]. While many reviews have focussed on the development and 
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application of passive sampling techniques for low salinity freshwater matrices, Mills et al. 

[137] and Schintu et al. [102] provide comprehensive book chapters evaluating passive 

sampling technologies commonly applied for water quality monitoring specifically in coastal 

and marine environments.  

Two passive sampling devices have been developed and applied for the monitoring of 

ammonium in freshwaters including DGTs comprising a protective filter membrane, a diffusive 

gel layer and various sorbent receiving phases [138-142], and the polymer inclusion membrane 

based passive sampler using a membrane bound ionic liquid to facilitate transport and 

accumulation across the membrane using ion exchange processes [143]. However, both 

methods suffer from interference from competing alkali (Na+ and K+) and alkaline earth (Ca2+, 

Mg2+ and Sr2+) metal cations in solution, which in estuarine and seawaters are several orders 

of magnitude higher in concentration, leaving these PSDs ineffective for use in saline matrices.  

A summary of the PSDs developed and applied for water quality monitoring in marine 

environments will be outlined in the following section, highlighting their construction, 

operation, application to water quality monitoring and their respective advantages and 

limitations. Moreover, an outline of the steps that were taken to study or mitigate the effect 

of the environmental variables above mentioned, in addition to a description of the calibration 

procedures applied to ensure appropriate quality control, will also be provided. 

 

1.4.1 Semipermeable membrane devices (SPMDs)  

SPMDs were first reported in 1990 by Huckins et al. [144], and are one of the most widely 

studied passive samplers, commonly used to monitor the concentration, occurrence, 

transport, fate and bioavailability of semi-volatile, non-polar, persistent organic pollutants in 

aquatic environments and air [88, 145-147]. The hydrophilicity/hydrophobicity of nonionic 

compounds can be described by the octanol-water partition coefficient (log Kow) which is a 

measure of a compound’s partition between the lipophilic octanol and the hydrophilic water 

phase [148]. The more positive the value of log Kow, the more hydrophobic the compound, 

whereas hydrophilic compounds tend to exhibit low or even negative log Kow values. SPMDs 

are suitable for hydrophobic compounds with log Kow values ≥ 3 [147].  
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The most widely used SPMD comprises a 91.4 cm long by 2.5 cm wide sealed, transparent low-

density polyethylene (LDPE) tube, commonly filled with 1 mL of a high purity, high molecular 

weight lipid such as triolein as the receiving phase (Figure 1-6A) [144]. The LDPE is an 

amorphous non-porous plastic, containing transient cavities up to 10 Å in size [89, 145, 146], 

allowing for small hydrophobic molecules to be absorbed by the polymer and excluding larger 

molecules or those adsorbed to suspended colloids, particulates or humic acids [89]. Triolein 

is the most common receiving phase used in SPMDs, primarily due to similarities between the 

octanol-water and triolein-water partition coefficients for a number of important hydrophobic 

organic compounds (HOCs) [89, 146], its low permeability in LDPE membranes [147], and as it 

is a major storage lipid found in a wide range of aquatic organisms thus allowing for PSDs to 

mimic uptake rates in the fatty tissue of marine invertebrates [145, 147, 149]. 

To ensure consistent surface area exposure during deployment, the layflat tubes of the SPMD 

are threaded between several spindles in a ‘spider carrier’ to prevent the tubes from self-

adhering, and to minimise contact between the SPMD and the deployment canister walls 

(Figure 1-6B) [150]. The ‘spider carrier’ is mounted into a marine-grade stainless steel mesh 

deployment canister (Figure 1-6B) designed to protect the SPMD from mechanical damage 

during deployment, periods of which can range from one week to several months [151], or 

even over a year in deep-ocean environments [152].  

 

 

 

 

Figure 1-6. Schematic diagrams and typical deployment configuration of a SPMD filled with triolein 
receiving phase. (A) highlights the mechanism of analyte accumulation, and (B) showing the SPMD 
threaded onto the spindles of a ‘spider carrier’ and fitted into a commercially available cannister. Figure 
1-6A is reproduced from ref. [146] with permission from Elsevier, and 1-6B is from ref. [151] with 
permission from the Office of Ocean Exploration and Research, National Oceanic and Atmospheric 
Administration.  
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A significant advancement in the development and application of SPMDs has been the use of 

performance reference compounds (PRCs), which are spiked into the lipid receiving phase prior 

to membrane enclosure, allowing for site-specific sampling rates to be determined and in situ 

calibration to be performed [99, 106, 153, 154]. If isotropic exchange kinetics apply to the 

uptake of analyte(s) and dissipation of PRCs then the respective uptake and dissipation rates 

can be correlated [106, 153, 154]. PRCs should be analytically non-interfering compounds such 

as isotopically labelled analogues of the analyte(s) under investigation (e.g., deuterium and/or 
13C and 14C labelled), exhibit similar physicochemical properties to the analyte(s), and in the 

case of surrogate compounds should not be present in the environment in quantities above 

the limit of detection of the analytical method [99, 155]. Using PRCs, allows for exposure-

specific effects (flow/turbulence, biofouling and temperature) and compound-specific effects 

(diffusion coefficients and sampler-water partition coefficients) to be compensated for during 

deployment, thus allowing for in-field calibration to be performed [96, 106]. The use of PRCs 

is commonplace with SPMDs having also been applied successfully to a small number of other 

aquatic PSDs for measuring HOCs.  

SPMDs have been widely adopted for monitoring HOCs in the aquatic environment, and are 

well described in the literature with extensive studies outlining sampler performance and 

application in the field, including for use in complex matrices such as estuarine [156, 157], 

deep-ocean [152], tropical [158, 159], and cold polar environments [160, 161]. Concurrent 

monitoring of atmospheric concentrations allows for mass-transfer of HOCs at the air-water 

interface to be determined [162], and similarly the monitoring of pore waters and sediments 

has allowed for quantification of sediment-water mass transfer to be studied [163-165]. The 

SPMD with triolein lipid receiving phase was intended to be biomimetic, essentially acting as 

an effective surrogate for HOC accumulation in animal tissue. However, studies where SPMDs 

were deployed alongside trophically diverse biota have shown that substantial differences in 

HOC accumulation ratios can occur [149, 166, 167], largely due to environmental factors 

affecting the study organisms such as temperature, salinity, dissolved oxygen concentrations, 

or due to physiological parameters such as foraging behaviours, reproductive status, exposure 

to environmental stressors, metabolic activity and excretion of harmful substances [168]. 

Nevertheless, SPMDs provide a good tool for understanding the concentration of dissolved 
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HOCs (i.e., not bound to particulates or organic acids) in the aquatic environment, including in 

marine waters.  

In marine environments SPMDs have been used to assess environmental concentrations of 

non-polar organochlorine pesticides [152, 167, 169-171], polyaromatic hydrocarbons (PAHs) 

[166, 170, 172-174], dioxins and furans [175-177], polychlorinated biphenyls (PCBs) [170, 174], 

polybrominated diphenyl ethers (PBDEs) [178], organotin [179, 180], and halogenated natural 

products produced by algae, sponges and other marine organisms [158].  

As many HOCs are commonly found in air, precautions must be taken to minimise vapour phase 

contamination during deployment and transport, and strategies to minimise exposure to UV 

radiation should be used to minimise the possibility of photodegradation of PRCs and/or 

sequestered analytes which would lead to an underrepresentation in CTWA estimates [150, 

181].  

Besides the relatively high cost of triolein-based SPMDs compared to other commercially 

available PSDs, one of the main limitations of this technique includes time-consuming and 

labour-intensive sample handling steps required for the recovery of analytes from the triolein 

receiving phase prior to analysis. These steps usually involve dialysis (requiring large amounts 

of organic solvents), pre-concentration, solvent exchange, and complicated extract clean-up 

prior to chromatographic separation [88, 146, 182]. In order to simplify the method, Leonard 

et al. [183] replaced the triolein receiving phase with isooctane, and Zhao et al. [184] with the 

ionic liquid (IL) 1-butyl-3-methylimidazolium hexafluorophosphate. The use of isooctane 

inhibited periphytic growth and biofouling of the PSD and analysis of the receiving phase did 

not require clean-up or back-extraction procedures. However, one of the main disadvantages 

of the isooctane-based SPMD is the leaching of the solvent receiving phase to the surrounding 

environment during deployment [183]. The benefit to using the IL as receiving phase was that 

it was retained by the semipermeable LDPE membrane, and it has been described as an 

environmentally friendly alternative to conventional organic solvents, able to be directly 

analysed by high performance liquid chromatography (HPLC) without the need for dialysis or 

clean-up procedures as required by the triolein-filled SPMD. However the IL-based SPMD 

exhibited reduced sensitivity when compared to its triolein-SPMD counterpart [184].  
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Similar in principle to the triolein filled SPMD, Brumbaugh et al. [185] described the 

development of a passive integrative mercury sampler for monitoring neutral Hg0 species in 

air, synthetic fresh and seawater, comprising a lay-flat LDPE tube and a receiving phase of nitric 

acid and gold chloride. This sampler was able to extract dissolved gaseous mercury species, 

and Hg0 uptake rates were shown to be linear for a period of two weeks, with the sampling in 

freshwater being more efficient than in seawater, likely due to a large fraction of aqueous 

mercury present as the charged chloro-anion complex preventing it from permeating through 

the transient cavities of the LDPE membrane [185]. This sampler was described as useful for 

screening applications in environmental waters primarily due to its ‘proof of concept’ stage of 

development, requiring further work to evaluate the usefulness of the sampler in water, in 

particular its ability to differentiate between dissolved gaseous and other neutral Hg0 species.  

Research was undertaken by Booij et al. to examine the uptake kinetics of the SPMD compared 

to triolein-free SPMD to determine the effect of triolein on HOC partition, with results 

highlighting that the LDPE membrane alone was only slightly less efficient at accumulating 

HOCs than the triolein-filled SPMD [154]. This encouraged further research into the suitability 

of membrane-water partitioning as a passive sampling method [186-188], giving rise to the 

development of several monophasic polymer based PSDs, several of which are described in the 

following section below (1.4.1.1 Single-phase passive samplers).  

 

1.4.1.1 Single-phase passive samplers 

Single-phase PSDs generally comprise a non-polar polymer membrane which acts as the 

receiving phase allowing for absorption of the analyte(s) directly into the elastomer. The 

polymer membrane of such samplers usually has a pre-determined thickness and surface area 

to volume ratio, which can be tailored to the analytes(s) of interest, and can determine the 

sampling regime of the PSD (equilibrium or kinetic) [189]. A wide variety of configurations have 

been described in the literature, including strips or sheets [176, 190, 191], as well as thin-film 

coatings on glass substrates such as capillaries [192], fibres [193] and beads [194].  

Adams et al. [195] reported the first comprehensive study into the application of single-phase 

polyethylene membranes as PSDs in 2007, and in the same year Rusina et al. [196] published 

their investigating into the critical properties of 13 different single-phase polymer membranes 
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and their suitability for use as aquatic PSDs. In the last decade, single-phase PSDs have 

increased in popularity for monitoring HOCs, largely due to the simplicity of their preparation, 

ease of analyte stripping for analysis, and economical cost. However inconsistencies in polymer 

formulation between different manufacturers and suppliers and a lack of commercial 

availability of some single-phase PSDs may limit their widespread use and adoption as water 

quality monitoring tools [88].  

The majority of studies reported in the literature describing the use of single-phase polymers 

as PSDs in marine environments have focussed on LDPE, silicone rubber also known as 

polydimethylsiloxane (PDMS), polyoxymethylene (POM) and ethylene-vinyl acetate (EVA) [88]. 

A summary of each of these PSDs is provided in the following sections.   

 

1.4.1.1.1  Low-density polyethylene (LDPE) 

The first study investigating the potential use of low density polyethylene (LDPE) sheets as an 

alternative to triolein-filled SPMDs was undertaken by Müller et al. in 2001 [186]. LDPE polymer 

consists of repeating ethylene units [-CH2-CH2-]n and its structure comprises highly branched 

chains, yielding a  low-density amorphous polymer.  Comparatively, high density polyethylene 

exhibits minimal branching, is semi-crystalline and has very different physicochemical 

characteristics, making it unsuitable for use in passive sampling.  

Single-phase PSDs are becoming popular, as strips of polymer are simply cut up and deployed 

(Figure 1-7C), and analyte absorption processes into the polymer matrix are considered more 

straightforward compared to the SPMD-based PSDs, and difficult analyte stripping and 

purification procedures are avoided [88, 186]. It was not until 2007, that Adams et al. [195] 

undertook a comprehensive study into the use of polyethylene devices as PSDs for HOCs in 

aquatic matrices, investigating the effects of temperature, salinity and exposure time on the 

polyethylene-water partition coefficients and uptake of a number of PAHs, PCBs and one 

dioxin. Diffusion coefficients for a number of HOCs with wide ranging hydrophobicities were 

determined for LDPE in addition to two types of commercially available silicone rubber [197]. 

A review regarding LDPEs partition and diffusion coefficients for trace organic contaminants 

including an assessment of the implications of its use as a PSD was published in 2011 by 

Lohmann [198]. Similarly to triolein-based SPMDs, in situ exchange kinetics can be established 
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with the use of PRCs, which are equilibrated with the LDPE [198]. LDPE-PSDs have been found 

to have a high reproducibility compared to other commonly used single-phase PSDs [199]. The 

benefits of using single-phase LDPE-PSDs for environmental analysis is the facile preparation 

and straightforward stripping of analytes for analysis, the low cost of the material [92], and the 

fact that mechanical damage will not affect the performance of the PSD, as there is no risk of 

the receiving phase leaking due to its absence [195]. LDPE-PSDs have been selected alongside 

silicone rubber (SR) as the PSD of choice for the aquatic global passive sampling program 

(AQUA-GAPS) (Figure 1-7D) [92, 95], and have been successfully deployed to provide a) high 

resolution vertical distributions of organic contaminants in surface and sub-surface waters 

[200], b) to monitor the mass flux of HOCs between coastal waters and the overlying 

atmosphere [191, 201], and c) to monitor HOC concentrations between marine sediments and 

overlying waters [202, 203].  

 

1.4.1.1.2  Silicone Rubber (SR)  

Similar to LDPE, polydimethylsiloxane (PDMS) or more commonly known as  SR has become a 

popular and well characterised single-phase polymeric PSD used to measure lipophilic organic 

compounds in aquatic environments [88, 197, 204, 205]. SR is a simple organosilicon polymer 

made up of repeating [-SiO(CH3)2-]n units. It has been extensively used for a range of analytical 

applications [206], including as a stationary phase in gas chromatographic separation columns 

[207], as a sorbent in solventless stir bar sorptive extraction (SBSE) [208, 209] and in solid-

phase microextraction (SPME) techniques (Figure 1-7A and 1-7B) [192, 210-212], and as 

personal passive samplers in the form of wristbands [213-216]. A significant advantage of using 

SBSE and SPME is the ability for the PSDs to be directly analysed using on-line thermal 

desorption gas chromatography mass spectrometry (GC-MS), thereby greatly simplifying the 

overall analytical procedure [192, 206]. However, SPME and SBSE techniques are limited by 

the dimensions of the glass capillary and stir bar, respectively, which may reduce the sensitivity 

of the PSD, and limit their use for trace analysis [217].  

Sampling cages have been designed to accommodate 30 (LDPE/SR or other polymer) strips 

(Figure 1-7D), and each strip can be placed in a Soxhlet extraction tube allowing for sequential 

solvent extraction and concentration of the analytes into a refluxing solvent [218]. The simple 

construction, facile stripping of analyte(s) and high partition coefficients and low transport 
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resistance make SR an attractive polymer for aquatic passive sampling [88, 197]. However, one 

of the main drawbacks is the necessity to remove trace oligomers from the polymer prior to 

deployment which may otherwise interfere with the quantification of the target analytes thus 

affecting the analysis accuracy [219]. SR passive samplers have been applied to a wide variety 

of marine waters globally, including but not limited to: a four year monitoring study undertaken 

at three Belgian coastal harbours to assess the freely dissolved concentrations of PAHs and 

PCBs [218]; at strategically important locations within the AQUA-GAPS water quality 

monitoring program [95]; alongside clams and mussels in a mangrove ecosystem to determine 

partitioning and bioaccumulation of legacy and emerging HOCs [190]; in a study linking passive 

sampling in the field to passive dosing in laboratory ecotoxicity testing [220]; and more recently 

the SR passive sampler was used to detect the presence of organotin compounds in tropical 

coastal waters in the Zanzibar archipelago [221]. 

 

 

   

Figure 1-7. Single-phase polymer-based PSDs. A) Schematic representation of a SPME passive sampler 
with protective copper casing and mesh. B) Mechanism of analyte absorption into the polymer of the 
SPME fibre. C) Different polymer fibres and sheets including SR (1 – 4, 9), polyacrylate (5), polyethylene 
(6), and POM (8). D) Passive sampler holder deployed in coastal water during AQUA-GAPS using both 
LDPE and SR strips. Figures 1-7A and 1-7B are reproduced from ref. [222] and [223], respectively, both 
with permission from Elsevier; 1-7C is reproduced from ref. [224] with permission from Springer Nature, 
and 1-7D is reproduced from ref. [95] with permission from the American Chemical Society. 



 42 

1.4.1.1.3  Polyoxymethylene (POM) & ethylene-vinyl acetate (EVA) 

The polymer polyoxymethylene (POM) contains a repeating polar (H-bond accepting) group [-

CH2-O-]n in its molecular structure making it suitable as a PSD for a diverse range of polar and 

non-polar compounds including hormones, pharmaceuticals and biocides [225]. It exhibits a 

higher resistance to analyte mass transfer for a range of HOCs compared to the very lipophilic 

LDPE and SR membranes, and uptake and selectivity is defined as being polymer controlled 

rather than water boundary layer controlled [196]. This characteristic allows for typically long 

exposure/deployment times to be applied without reaching partitioning equilibrium [189], and 

for sampling work to be undertaken in highly contaminated environments where LDPE and SR 

samplers would become rapidly oversaturated. POM samplers (used as strips) (Figure 1-7C, 

number 8) have been deployed alongside passive air samplers in the overlying atmosphere to 

monitor the aerosol-water distribution of dioxins and PCBs and in marine waters in the Baltic 

Sea [226], and at surface and seafloor depths to investigate the flux of HOCs from the sediment 

pore water to the overlying waters [176].  

Like POM, ethylene-vinyl acetate (EVA) is a hydrophilic polymer due to its polar acetate group 

[-CH2-CH2-]n[CH2-CH(OCOCH3)-]m, and it is, therefore, expected that its hydrophilic properties 

will allow for its use over an expanded range of target analytes that are currently not 

accommodated for in other more lipophilic passive sampling polymers (LDPE/SR) [194]. EVA 

has been used for passive sampling of cypermerthrin in the salmon farm industry [193], and 

more recently for soluble munitions compounds in marine and freshwater environments, 

where the polymer composition could be tailored to the analyte of interest [227].   

 

1.4.2  Polar organic chemical integrative sampler (POCIS) 
The polar organic chemical integrative sampler (POCIS) has been developed to accumulate a 

broad spectrum of hydrophilic organic compounds, which characteristically have one or more 

polar functional groups or a significant dipole moment, such as polar pesticides, 

pharmaceuticals, illicit drugs, antibiotics, hormones, personal care products, phosphate based 

flame retardants, surfactants, and their metabolites and degradation products [102]. Over 300 

chemicals have been reported in the literature as having been detected and quantified by 

POCIS in both the laboratory setting and in situ in environmental waters [113]. The POCIS is 
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commonly deployed in conjunction with SPMDs to enable monitoring of a diverse range of 

persistent organic pollutants and emerging contaminants in environmental waters, including 

75% of the priority substances listed under the European Union’s Water Framework Directive 

(EU-WFD) [102]. 

POCIS samplers are most commonly applied to monitoring hydrophilic organic compounds 

with log Kow values ≤ 3, however Alvarez et al. (2007) illustrated the performance of both 

POCISs and SPMDs as a function of log Kow values, highlighting the overlap in their suitability 

for detection and accumulation of organics in the range of log Kow 3 to 4 [228]. Furthermore, 

POCISs have been successfully applied to monitoring a range of priority pollutants (log Kow > 4) 

identified in the EU-WFD [229], with some compounds exhibiting both polar and non-polar 

physicochemical characteristics (e.g., octylphenol and nonylphenol with log Kow values from 

4.1 to 4.5, respectively [230]), and other compounds being ionisable (e.g., pentachlorophenol 

log Kow 5.1 [231]) and existing as both deprotonated or neutral species based on matrix pH 

[232-234].  

The POCIS comprises a solid receiving phase (sorbent), sandwiched in between two identical 

microporous diffusion-limiting membranes (usually polyethersulphone (PES) with a pore size 

of 0.1 µm) compressed together by two stainless steel washers that hold the sampler together 

[232]. The ‘membrane-sorbent-membrane’ sandwich configuration maximises the surface 

area (commonly 45.8 cm2) of the PSD as both sides of the sampler are exposed to the sampled 

medium and are able to accumulate analyte from the solution (Figure 1-8) [235]. Unlike the 

polyethylene membrane in the SPMD which is transparent, the PES membrane in POCIS is 

opaque, and therefore photodegradation is less likely to affect the performance of the device 

[233]. Arrays of POCIS are commonly deployed at each sampling location by mounting several 

samplers on a support rod with the advantage of combining the sorbents from multiple 

samplers to increase the sensitivity of measurements (Figure 1-8) [223].   
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Figure 1-8. Schematic diagrams and typical deployment configuration of the POCIS for the passive 
sampling of hydrophilic organic compounds. A) and B) typical construction of POCIS; C) array of POCIS 
mounted on a support rod for field deployment. Figure 1-8A is reproduced from ref. [223] and 1-8B is 
reproduced from ref. [129], both with permission from Elsevier. Figure 1-8C is reproduced from ref. 
[236] with permission from the Springer eBook.  

 

 

The POCIS is versatile as the receiving phase (sorbent) can be changed to target a specific 

chemical or class of compounds, and there are two commercially available configurations 

available, including the pesticide-POCIS and the pharmaceutical-POCIS. The pesticide-POCIS 

incorporates a receiving phase comprising a triphasic admixture of Isolute ENV+ (hyper cross-

linked hydroxylated polystyrene-divinylbenzene polymeric resin) with Ambersorb 1500 

(carbonaceous adsorbent) dispersed on S-X3 Bio Beads (styrene divinylbenzene copolymer), 

and the pharmaceutical-POCIS incorporates only one phase; an Oasis hydrophilic-lipophilic 

balanced (HLB) copolymer sorbent [109]. As the different sorbents are optimised for specific 

classes or types of hydrophilic organic compounds, it is common to co-deploy both pesticide- 

and pharmaceutical-POCIS simultaneously, to maximise the detection of these compounds at 

any given sampling site [228].  

The triphasic admixture is considered the generic sorbent for hydrophilic organic compounds, 

however the Oasis configuration exhibits advantageous properties. Analyte molecules with 

multiple functional groups bind strongly to the carbonaceous component of the triphasic 

receiving phase resulting in difficult and complex extraction with poor recoveries [228], and 

more toxic elution solvents (dichloromethane as opposed to methanol) are required for 

analyte stripping with the pesticide-POCIS [237]. Vermeirssen et al. (2012) undertook a study 

using pesticide-POCIS to assess the partition of analytes between both sorbent and PES 
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membrane for a range of compounds (herbicides, pharmaceuticals and industrial chemicals) 

with log Kow values between -2.6 to 3.8 [238], and Silvani et al. (2017) likewise undertook a 

similar study using pharmaceutical-POCIS to monitor a range of alkylphenols between log Kow 

2.5 to 5.8 [234]. Both studies showed that compounds with higher log Kow values tended to be 

retained by the PES membrane with a lag-phase prior to their detection in the sorbent receiving 

phase where compounds with low log Kow values were efficiently retained. This demonstrates 

the importance of analysing both the sorbent and membrane phases to correctly determine 

environmentally relevant concentrations of pollutants with a varying degree of hydrophilicity 

[234, 238].  

More recently a number of specialised receiving phases have been reported in the literature 

specifically for strongly polar and ionisable compounds including a) the Strata™ weak anion 

exchange (X-AW) sorbent deployed in estuarine environments for the detection of 

perfluorinated chemicals [239], b) a commercially available molecularly imprinted polymer 

receiving phase for the determination of glyphosate and its degradation product 

aminomethylphosphonic acid [240, 241], c) imidazolium ionic liquids immobilised on silica gel 

used to monitor five perfluoroalkyl substances (PFAS) in waste water effluent [242], and d) the 

IL trihexyl(tetradecyl)phosphonium dicyanamide as the receiving phase for monitoring 

pharmaceuticals in a POCIS like passive sampling technique (termed PASSIL, short for passive 

sampling with ionic liquids) which has been applied to high salinity seawater matrices [243].  

A number of calibration strategies for POCIS are outlined in the literature, namely static 

renewal, static depletion, flow-through systems and in situ calibration [133]. The choice of 

calibration method has been shown to have a significant impact on the sampling rate (Rs) [244], 

and one of the biggest challenges to the widespread use of POCIS for quantitative analysis is 

the lack of a robust method to correct for in situ environmental conditions such as 

hydrodynamics (flow rate and pattern), temperature, salinity, pH and dissolved organic matter 

[107, 109]. In order to obtain quantitative data from POCIS (i.e., CTWA determination), a number 

of in situ calibration methods have been proposed with varying degrees of success, including 

the PRC approach, surrogate PRC systems based around the co-deployment with hydrophobic 

samplers, and calibration of the POCIS against the dissolution of calcium sulfate decahydrate 

casts [133]. Interactions between polar analyte molecules, polar sorbents and the PES diffusion 

limiting membrane in the POCIS are fundamentally different to isotropic uptake and exchange 
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dynamics in hydrophobic samplers between analytes and PRCs, and thus the classic PRC 

calibration approach may continue to provide limited success for POCIS-based passive 

sampling for polar and ionisable compounds [107].  

 

1.4.3.  Chemcatcher® 
The Chemcatcher® was first described by Kingston et al. [245] and has been applied to 

measuring the CTWA for both polar/non-polar organics [245, 246] and  heavy metals [247], in 

aquatic environments. The Chemcatcher® comprises a reusable polytetrafluoroethylene 

(PTFE) assembly, a commercially available receiving phase (solid sorbent), and in some 

applications a diffusion-limiting membrane can be added to regulate and facilitate analyte 

uptake [245] (Figure 1-9).  

 

 

Figure 1-9. Schematic diagram and typical deployment configuration of the Chemcatcher®, (A) for non-
polar analyte passive sampling, with B) showing multiple replicate devices mounted in a cage for field 
deployment. Figure 1-9A is reproduced from ref. [129] with permission from Elsevier, and 1-9B is from 
ref. [248] with permission from the Royal Society of Chemistry.  

 

The most common Chemcatcher® prototype employs a 47-mm C18 Empore™ disk as the 

receiving phase, and either a polysulfone (PES)  or a low density polyethylene (LDPE) rate-

limiting membrane for monitoring of polar or non-polar organic compounds, respectively 

[245]. Studies have shown that temperature impacts the rate of analyte accumulation in both 

polar and non-polar Chemcatcher®, with the authors concluding that it is necessary to 

determine the effects of temperature in the laboratory for each analyte of interest so that 

calibrations can be appropriately adjusted and field results corrected [245, 246]. The effect of 

water turbulence was likewise studied showing a quantifiable effect with increasing 
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turbulence, especially for smaller molecules, suggesting that uptake rates are analyte specific 

and controlled by both diffusion through the aqueous boundary layer and by affinity of the 

analyte for the diffusion-limiting membrane material [245, 246].  

The applicability of using PRCs with Chemcatcher® samplers to compensate for the effects of 

environmental variables (i.e., temperature, turbulence/flow conditions and biofouling) and for 

in situ calibration has been investigated. Lissalde et al. [249] provided an extensive summary 

of their research into this topic, highlighting that PRCs have been successfully used, and are 

appropriate for establishing in situ sampling kinetics especially for the non-polar 

Chemcatcher®. However, for the polar configuration there has been limited success using this 

approach, with the authors suggesting further research was warranted. 

The performance of the Chemcatcher® in high ionic strength matrices has rarely been 

evaluated, however, some Chemcatcher® studies have been undertaken in a range of marine 

environments where the PSD have been deployed as part of wider water quality monitoring 

programs and where optimisation studies were not central to the study.  

Petersen et al. [108] undertook calibration experiments using a non-polar Chemcatcher® in 

fresh and seawater matrices for selected PBDEs, PCBs and organochlorine pesticides, showing 

a salinity effect, whereby a higher offload of PRCs and a slightly lower sampling rate (Rs) were 

observed as a function of increasing salinity. Allan et al. [250] recommended that the effect of 

water hardness (i.e., interference of Ca2+ and Mg2+) on the Chemcatcher® measurements for 

metals should be investigated, however, this study is yet to be undertaken. It has been 

suggested that the pH could affect Chemcatcher® sampling rates through both pH effects 

influencing the properties of the sampler membrane and receiving phase, and modifications 

of analyte speciation or partition between protonated and deprotonated forms [249]. Other 

studies have also reported pH effects when monitoring inorganic mercury and organotin 

compounds [251], and for a range of herbicides and pesticides with differing polarities [252, 

253].  

A large variety of receiving phase and membrane combinations (spanning a wide range of log 

Kow values) have been described in the literature for Chemcatcher® (Figure 1-10) covering a 

range of non-polar to polar organics, allowing for the Chemcatcher® sorbent and diffusion 
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membranes to be tailored to the polarity of the target analyte(s) and the desired deployment 

period/integration time [114].  

 

 

Figure 1-10. Summary of the log Kow ranges successfully tested for various Chemcatcher® receiving 
phase and membrane combinations. This figure is reproduced from ref. [114] with permission from 
Elsevier. 

 

1.4.3.1 Chemcatcher® for non-polar compounds 
The Chemcatcher® used for monitoring non-polar compounds commonly employs a C18 

Empore™ disk as its receiving phase, overlain by a thin (40 µm thickness) commercially 

available LDPE membrane [245]. Vrana et al. [254] were able to significantly improve the 

performance of the hydrophobic Chemcatcher® by filling the interstitial space between the 

receiving sorbent phase and the diffusion-limiting membrane with a small volume of n-octanol, 

having a high permeability (solubility x diffusivity) for lipophilic HOCs, and reducing the internal 

resistance to mass transfer within the device [246].  

In situ exchange kinetics of PRCs allowed for corrections to be made to laboratory derived 

sampling rates using an empirical model that corrected for environmental flow/turbulence and 

temperature conditions [255]. However, since their development, non-polar Chemcatcher® 

samplers have not been widely applied in marine or even more generally freshwater passive 

sampling field experiments. This is likely due to the costs involved with deployment given their 

small and restricted surface area, which may require the deployment of multiple devices to 

allow for the receiving phases to be combined in order to achieve the desired sensitivities, and 

this then becomes expensive compared to other commercially available passive samplers 

(SPMDs or LDPE/SR strips) for this class of compounds [245].  
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Only one publication has documented the deployment of the non-polar Chemcatcher® 

samplers in a high salinity marine environment. El-Shenawy et al. [256] describe the use of a 

Chemcatcher® sampler with C18 Empore™ disk receiving phase and LDPE membrane, deployed 

alongside resident marine mussels used for biomonitoring in several harbour sites in 

Portsmouth, UK, to monitor a range of pesticides and PCB congeners. The authors suggest that 

the Chemcatcher®-based passive sampling and organism exposure approach were 

complimentary, as the Chemcatcher® samplers captured the dissolved fraction of 

contaminants, while the mussels were indicative of both dissolved and particulate-bound 

fractions [256].     

 

1.4.3.2 Chemcatcher® for polar compounds 

Kingston et al. [245] have reported the deployment of Chemcatcher® for the monitoring of 

polar compounds at two marine harbour sites for field trials. The PSD contained the C18 

Empore™ disk and PES membrane to monitor the slightly polar herbicides diuron and igarol. 

There was reasonable agreement between both spot and passive sampling methods, with 

replicate PSDs exhibiting good reproducibility [245].   

The most extensive use of Chemcatcher® for the monitoring of polar compounds in marine 

environments has been located at the World Heritage listed Great Barrier Reef (GBR) Marine 

Park, in Australia. The first study used a C18 receiving phase (with no diffusion limiting 

membrane), which was deployed for preliminary evaluation to monitor the presence of polar 

herbicides in the GBR coastal waters, showing that there were detectable levels of diuron, 

atrazine, simazine, hexazinone and flumetron being recorded throughout the catchment [159]. 

In a further study on the coral reef, Shaw et al. used a Chemcatcher® sampler with SDB-RPS 

Empore™ disks as the sorbent phase and with a 0.2 µm polyethersulfone Z-bind™ diffusion 

membrane to successfully detect a similar variety of agricultural pesticides [171]. The increase 

in photosynthesis inhibiting pesticides (PSII) was positively correlated to agricultural run-off 

resulting from seasonal flooding on the GBR. Kennedy et al. [257] deployed a Chemcatcher® 

PSD using a SDR-RPS receiving phase with a 0.45 µm PES diffusion membrane to determine if 

they could detect and quantify an increase in PSII contaminant loads exported to inshore 

waters as a result of extreme weather events (e.g., tropical cyclones during the wet season). 
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Two of the PSII herbicides, tebuthiuron and metolachlor, were shown to exceed their Water 

Quality Guideline values during the 2010 – 2011 wet season, and both passive and spot 

sampling methods were in good agreement highlighting the potential of this passive sampling 

tool to be used for long-term monitoring in remote areas of the GBR for this class of priority 

pesticides. Additional research was undertaken in which the passive sampling technology using 

Chemcatcher® was combined with remote sensing for coloured dissolved organic matter (a 

proxy for measuring incursions of freshwater and therefore run-off) to assess the possibility of 

integrating the two techniques to monitor improvements in water quality entering the GBR 

catchment [258].  

 

1.4.3.3 Chemcatcher® for metals and organometallics 

The majority of studies using Chemcatcher® for trace metals sampling has been undertaken in 

freshwater environments. Nevertheless, Chemcatcher® technology has been applied in high 

salinity matrices to monitor the concentrations of organometallic pollutants (monobutyltin, 

dibutyltin, tributyltin), and inorganic mercury [251, 259, 260]. The first sampler for the 

organotin pollutants comprised a C18 Empore™ disk and cellulose acetate (CA) diffusion 

membrane. It was calibrated under laboratory conditions with the effect of water temperature 

and flow pattern/turbulence on the uptake rate evaluated. Limits of detection were reported 

for the different organotin compounds in the range of 0.2 – 7.5 ng L-1. The PSDs were deployed 

in the Alicante Harbour, Spain,  for a period of 14 days, with performance evaluated alongside 

spot sampling (every second day) [259]. However, there was a significant discrepancy between 

mean spot sample concentrations over the period of deployment and the CTWA determined 

from passive sampling. The authors suggest that this is likely due to a) the spot samples 

containing both the dissolved fraction and the bound fractions (particulate and organic matter 

bound), where the PSD would only accumulate the dissolved fraction that can diffuse through 

the pores of the diffusion limiting membrane, and b) there was a significant variation in the 

concentrations returned in the spot samples over the monitoring period where the frequency 

of sample collection (every two days) may have been insufficient to provide a representative 

reflection of the true CTWA concentration.  
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A Chemcatcher® sampler selective for inorganic mercury was developed and optimised under 

laboratory conditions, and subsequently applied in the Alicante Harbor in Spain. During this 

study, further optimisation experiments were also conducted for the monitoring of organotin 

using the Chemcatcher® sampler described above. Empore™ C18 disks were used for 

monitoring the organotins, and two receiving phase sorbents were tested for the detection of 

inorganic mercury, namely the Empore™ SDB-RPS cation-exchange disks and the Empore™ 

chelating disks containing iminodiacetic (IDA) groups, with the latter being selected [260]. 

Optimisation studies for both the organotin and inorganic mercury sampler were undertaken 

to select an appropriate diffusion-limiting membrane for the target analytes, and to study the 

effect of pH, salinity and biofouling on sampler performance [260]. Cellulose acetate (CA), 

polyethersulfone (PES), polyethylene (PE) and dialysis membranes were tested, with CA and 

PES being chosen for the organotin and inorganic mercury Chemcatcher® samplers, 

respectively. Salinity appeared to have no significant effect on both samplers, however, a 

change in pH from 7 – 8 was found to affect the performance of the inorganic mercury PSD 

likely due to pH affecting the speciation of inorganic mercury to form more hydroxide 

complexes which are accumulated to a lesser extent in the PSD. However, the pH did not affect 

the performance of the organotin PSD. The use of PRCs could not be applied for this sampler, 

as the analytes exhibited anisotropic exchange kinetics, and thus a laboratory-based calibration 

was performed under controlled temperature and turbulence conditions that were chosen to 

mimic common environmental conditions. The authors suggest that for wider applicability of 

the device, further work is required under a range of hydrodynamic and temperature 

conditions to extend the calibration data available [260]. Extensive field trials in ten locations 

over Europe, featuring a diversity of aquatic matrices, were performed using the laboratory 

calibrated and optimised Chemcatcher® passive samplers for organotins and for inorganic 

mercury [251]. Spot sampling was conducted in tandem, however, once again the PSDs 

accumulated less of the target analytes when comparing with the average concentration 

recorded for the spot samples collected. This was likely due to the samplers only collecting the 

soluble fraction of the target pollutants. Nevertheless, the preconcentration capabilities of 

these PSDs have been identified as a significant advantage, especially in environments where 

concentrations in spot samples fall below the limits of detection of the analytical 

instrumentation.   
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A Chemcatcher® sampler was used by Petersen et al. [261] in the first passive sampling 

experiment to monitor rare earth elements in aquatic environments. The experiments were 

undertaken in estuarine waters, using the 3M Empore™ chelating disk as the receiving phase, 

and a CA diffusion limiting membrane (pore size of 0.45 µm). Temperature and water 

turbulence effects were studied, with turbulence shown to have a significant influence on 

uptake rates. The PSDs were shown to accumulate a number of rare earth metals commonly 

found in trace concentrations in matrices with high salt concentrations, highlighting this 

passive sampler as an effective monitoring tool [261]. A further improvement to this sampler 

was described where a continuous flow-through set-up was employed to minimise the 

artefacts from variable hydrodynamic conditions as the PRC calibration approach could not be 

used for this configuration of sampler [262]. 

 

1.4.4  Solid-phase adsorption toxin tracking (SPATT)  
Algal blooms are a global phenomenon and a natural part of seasonal cycles in aquatic 

ecosystems [263]. However, increasing ecosystem disturbance and pollution has resulted in 

the proliferation of harmful algal blooms (HABs), having a deleterious impact on the health of 

fresh, brackish and marine waters. The solid-phase adsorption toxin tracking tool was first 

introduced by MacKenzie et al. [264], and was developed as an early HAB detection and 

surveillance tool to monitor the occurrence of potentially harmful microalgalalgal and 

cyanobacterial blooms and their biotoxins [265, 266]. A SPATT passive sampler is conceptually 

similar to the Chemcatcher® and POCIS passive samplers. The receiving phase comprises beads 

of porous synthetic resin capable of adsorbing toxins from the water column, contained in an 

inert mesh, typically polyester [264] or nylon [266]. A suite of different resins have been 

investigated for a variety of lipophilic and hydrophilic toxins, with the most common resin 

Diaion® HP20 made from cross-linked styrene-divinylbenzene beads [267]. Similarly to other 

passive sampling devices, the challenges limiting the widespread adoption of SPATT samplers 

as a regulatory monitoring tool include calibration, and standardisation of methods and 

procedures [268]. However, SPATT samplers have been deployed in Monterey Bay, California, 

and were found to be successful in detecting the presence of phycotoxins in seawater three 

and seven weeks prior to a major HAB event, and seven to eight weeks prior to the detection 
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of toxins in sentinel shellfish [266], allowing for appropriate management strategies to be 

implemented predominantly to protect human health.   

 

1.4.5.  Diffusive gradients in thin-films (DGT)  
Diffusive gradients in thin-films (DGT) technique was first proposed by Davison et al. (1994) for 

the determination of in situ trace-metal concentrations in natural waters, with zinc being the 

target analyte investigated in seawater [269]. A DGT passive sampler generally comprises a 

chelating resin or metal oxide adsorbent (analyte binding site) separated from the sample 

solution by a thin-film of an ion-permeable hydrogel where analyte mass transfer is controlled 

by diffusion through the gel. In addition, it contains a protective pre-filter membrane exposed 

to the sampled medium, which is employed to prevent suspended particles from adhering to 

the diffusive hydrogel, which may inhibit analyte uptake over time by minimising the surface 

area of the exposed PSD (Figure 1-11) [269].  

Diffusion of analyte through the hydrogel is largely dependent on the physicochemical 

properties of the gel including pore size and density, and the swelling factor which reflects the 

uptake of water by the suspended/submerged gels [270]. Zhang and Davison (1999) reported 

that polyacrylamide gel cross-linked with agarose derivative produced an ‘open-pore’, high 

swelling gel  with a water content of 95%, which allowed almost unrestricted diffusion of metal 

ions through the gel, and an indistinguishable analyte diffusion coefficient between water and 

the gel [270].  

Early development of the DGT passive sampling method focused on the determination of 

cadmium (Cd), iron (Fe), manganese (Mg), and copper (Cu) in coastal environments using a 

Chelex-100 cation exchange resin, a polyacrylamide hydrogel and a cellulose nitrate pre-filter 

membrane [271]. Experiments undertaken showed that for the Chelex-100 resin, uptake of Cd 

was dependent on temperature, however, it was independent of a) ionic strength (10 nM – 1 

M), b) pH in the range of 5 – 8.3, and c) hydrodynamic effects as long as solution flow rates 

were above a certain threshold [271].  
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Figure 1-11. Schematic diagram and typical deployment configuration of the diffusive gradient in thin-
films passive sampling device. A) Schematic representation of DGT showing analyte uptake mechanism 
through a pre-filter membrane, diffusive gel, and resin gel (binding site). B) replicates of DGT samplers 
mounted in a Perspex block which was deployed in the field. Figure 1-11A is reproduced from ref. [132] 
with permission from Elsevier, and Figure 1-11B is reproduced from ref. [272] with permission from The 
Royal Society of Chemistry.  

 

Chelex-100 has been the most frequently applied resin binding gel for heavy metal 

determination, separated by an ion-permeable hydrogel layer of thickness Δg (Figure 1-11A). 

According to Fick’s first law of diffusion, the concentration in bulk solution (Cb) can be 

determined from the mass (m) of accumulated analyte in the resin layer after a known 

deployment time (t) using Equation (1-2): 

Cb = mΔg / (DAt)     (1-2) 

Where D is the experimental diffusion coefficient of the metal in the gel, and A is the exposed 

surface area of the DGT sampler (A = 3.14 cm2).  

Chelex-100 consists of a styrene divinylbenzene copolymer containing paired iminodiacetate 

ions, making it an effective polyvalent metal ion chelating resin. Garmo et al. [273] undertook 

a comprehensive study to determine diffusion coefficients and evaluate the performance of 

the Chelex-100 resin for 55 elements including alkali and alkaline earth metals and their 

respective halide ion pairs, transition metals and lanthanides. The authors found that 24 of the 

elements examined showed an affinity for the binding resin (mostly transition metals), and the 

alkali and alkaline earth metals and their halide ions did not appear to interfere, indicating that 

dissolved salts would be unlikely to compete with transition metals in high salinity matrices 

[273].  

A comparison between uptake of dissolved aluminium (Al) species by Chelex-100 and Metsorb 

(titanium dioxide-based adsorbent) in fresh and marine waters found that both Chelex-100 and 
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Metsorb exhibited similar diffusion coefficients at pH 5.0. However, in the pH range of 

seawater, and with increasing ionic strength, a considerable underestimation of Al 

concentration was observed in the Chelex-100-DGT sampler (40 – 70% lower than predicted), 

while the Metsorb-DGT sampler measurements were described as independent of pH (5.0 – 

8.5) and ionic strength (0.001 – 0.7 M NaNO3) [274]. It was proposed that the Metsorb-DGT 

sampler generated more accurate results and that Chelex-100-DGT sampler, which was 

unsuitable for monitoring dissolved Al in seawater. Ferrihydrite-DGT containing a ferric 

oxyhydroxide mineral binding phase was compared to Metsorb for the determination of the 

oxyanions of dissolved reactive phosphorus (DRP), arsenic (As(V)), vanadium (V(V)), antimony 

(Sb(V)), molybdenum (Mo(VI)), and tungsten (W(VI)). The Metsorb-DGT exhibited superior 

performance in both fresh and seawaters for measuring As, Sb, W and DRP, nevertheless 

neither Metsorb-DGT nor Fehhihydrite-DGT samplers performed well at estimating Mo(VI) 

concentrations [275].  

Mercury(II) ions bond covalently with the amide nitrogen groups of polyacrylamide gels, and 

thus both Chelex-100 binding resin and Spheron-thiol based resin were compared in terms of 

specificity for Hg, using an agarose gel as the diffusive layer [276]. Both resins exhibited 

different affinities for bound Hg and were therefore able to be used to differentiate 

measurable fractions of Hg complexes [276].  Ren et al. (2018) have proposed the use of a 

highly selective macroporous poly-isothiouronium chelating resin (Tulsion® CH-95) for the 

simultaneous measurement of methyl mercury and mercuric ion, with uptake rates being 

independent of both pH and ionic strength in the range of 4.1 – 8.1 pH units and 0.1 – 1000 

mM respectively [277].  

While DGT samplers have been successfully applied for widespread monitoring of heavy metals 

in marine environments, DGT technology does not easily discriminate between complexed 

metal ions (generally less bioavailable and therefore less toxic) and free metal ions (highly 

bioavailable exhibiting high toxicity), with the concentrations accumulated by DGT tending to 

reflect total dissolved concentrations [278, 279]. 

DGT samplers for inorganic nutrient monitoring have been developed for use in freshwater 

matrices, specifically for ammonium [140, 280], nitrate [139, 280] and phosphate [126, 141, 

280, 281]. DGT samplers developed for inorganic nutrient monitoring utilise an ion-exchange 

resin as the binding phase, however, in high salinity matrices this phase is unable to 
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discriminate between the low concentration of analyte molecules compared to the high 

concentrations of dissolved salts. 

While the DGT technology was initially developed for detecting in situ trace metals and labile 

inorganics in fresh and marine waters, the application and scope was extended by Chen et al. 

(2012) who developed the first DGT sampler for polar organic contaminants such as 

sulfamethoxazole antibiotics using a XAD18 binding resin and agarose hydrogel [282]. While 

most DGT samplers for organics have been applied to freshwater matrices, there are a few 

examples in the literature where they are applied to high salinity matrices. Xie et al. (2018) 

described a DGT sampler for monitoring  a suite of 20 antibiotics in seawater using the XDA-1 

binding resin as the receiving phase [283], and Ren et al. (2018) developed a porous carbon 

material derived from metal-organic frameworks as the binding phase for monitoring in 

synthetic and natural seawater, with both DGT samplers for the polar organics showing little 

sensitivity to pH and ionic strength [284]. Endocrine disrupting chemicals (three hormones, 

two pesticides and bisphenol A) were monitored  in seawaters using XDA-1 resin as the binding 

agent, showing linear accumulation over the period of deployment and accumulation was 

independent of pH and salinity over the range pH 7 – 9 and ionic strength of 0.4 – 0.8 M [285]. 

Guibal et al. (2019) provide a comprehensive review on DGT passive samplers for polar 

organics, emphasising similarities with other polar organic passive samplers, and showing that 

environmental conditions including temperature, pH, analyte pKa, ionic strength and the 

concentration of dissolved organic matter can have a significant impact on the performance of 

these PSDs [134]. However, due to the ability of the diffusive gel to mitigate the effect of 

hydrodynamic conditions on the sampling rate, this makes the DGT samplers for organics 

inherently more reliable and easier to calibrate, making them a promising and competitive new 

tool for in situ monitoring of polar organic chemicals [286]. 

 

1.4.6  GELLYFISH for metals 
The Gellyfish is an inexpensive, equilibrium-based passive sampler developed specifically for 

monitoring toxic free metal ions in the divalent form (M2+) dissolved in seawater, using a thin 

disk of polyacrylamide gel with beads immobilised in the polymer matrix containing 

iminodiacetate groups (IDA) that are highly selective for divalent metal cations. The first 
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Gellyfish sampler developed was tested with the cupric ion (Cu2+) [287]. Dong et al. (2015) 

described several improvements that were made to the Gellyfish-PSD, namely a significantly 

reduced equilibration time, and the capability to monitor multiple free metal ions 

simultaneously, including Cu, Zn, Ni, Pb and Cd ions [288]. The authors developed an R-based 

model (called GELLYMOD) to correct for ionic strength and account for competitive binding 

between the different metals and the IDA [288]. Large scale and repeated monitoring of the 

free ion concentrations of five metals was undertaken using Gellyfish at five inshore locations 

in the Boston Harbour, with concurrent measurements of ten biogeochemical variables being 

undertaken. Using the Gellyfish to obtain high resolution data over important spatiotemporal 

scales, the authors found that there were significant correlations among the metals which 

varied seasonally, with pH, salinity, temperature and rainfall as key determinants of free metal 

ion variability [289].  

 

1.4.7  Liquid membrane-based passive samplers  
Liquid membranes combine the concept of solvent extraction (i.e., liquid-liquid extraction) with 

that of membrane-based separation. A liquid membrane is composed of an organic liquid 

phase immiscible with water, containing an extractant (also known as carrier), and is used to 

separate two aqueous liquid phases, thus allowing simultaneous extraction and stripping 

(back-extraction) on each side of the membrane. In the context of passive sampling, the liquid 

membrane plays the role of the semi-permeable barrier between the aqueous sampled 

medium and an aqueous liquid receiving phase. The target analyte(s) are first extracted into 

the membrane, forming adducts with the extractant, which are transported across the 

membrane by diffusion, and then the analytes are back-extracted into the receiving solution 

containing a suitable stripping reagent [89, 290, 291]. The fact that the receiving phase is an 

aqueous liquid offers a great advantage because the receiving solution can be analysed directly 

without the necessity of analyte stripping from a solid receiving phase as is the case with most 

other PSDs, thus simplifying the overall analytical procedure [292].  

Two types of liquid membranes have been applied in passive sampling, namely supported 

liquid membranes (SLMs) and polymer inclusion membranes (PIMs). Both consist of an organic 

liquid phase impregnated within a base polymer, although the binding interactions between 
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the two components are different in each case as described below. Recently, liquid membrane-

based passive sampling techniques have been described in the literature and applied to 

freshwaters [143, 293, 294]. As their passive sampling mechanism is based on ion-exchange, 

the complex ionic composition of marine waters tends to supress the extraction of the target 

ionic species of interest, thus limiting the use of SLM- and PIM-based passive samplers for such 

matrices. However, a few liquid membrane-based systems have been reported for application 

in seawaters, which have great potential to be used as passive samplers. These include a hollow 

fibre-SLM for the separation and preconcentration of cadmium (Cd) [295], and a PIM for the 

monitoring of Cd [296], and mercury (Hg) [297].  

An SLM comprises an inert microporous thin-film polymeric support, whose pores are filled 

with a liquid phase (containing the extractant), which is held by capillary forces [298]. The SLM-

based enrichment device developed for the monitoring of Cd consisted of a polyvinylidene 

difluoride (Durapore) support impregnated with the IL Aliquat 336 (a mixture of quaternary 

alkylammonium chlorides, (R3R’N)Cl) as carrier dissolved in decaline [295]. Optimisation of the 

SLM was undertaken including the IL concentration and the receiving solution composition. 

The Cd present in the sampled source solution was extracted into the liquid membrane in the 

form of CdCl42- which was proposed to form an ion pair with the cationic component of the 

Aliquat 336 ((R3R’N)2CdCl4) by exchange with Cl- (Aliquat 336 anion). The performance of the 

device was not compromised  by the highly saline matrix or due to the presence of other 

dissolved trace metals (Cu, Ni, Pb) [295].   

A PIM-device was developed for Cd preconcentration from high salinity seawater matrices, 

showing little interference by the high ionic strength of seawater [296]. The PIM-device was 

composed of a PIM containing the IL trihexyl (tetradecyl)phosphonium chloride as the 

extractant, cellulose triacetate as the base polymer and nitrophenyl octyl ether as the 

plasticiser, and 0.5 M nitric acid as the receiving solution. The Cd transport from seawater 

samples containing 10 µg L-1 Cd was achieved in 24 h allowing for preconcentration and matrix 

separation in a single step [296].  

A PIM-device was also developed for the monitoring of mercury (Hg) in natural waters 

including rivers, groundwater and seawater, again with no matrix effects observed [297]. The 

PIM composition was studied in terms of type of extractant to assess the performance between 

two ILs, both having the same cation (trioctylmethylammonium) and having different anions 
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(thiosalicylate or salicylate with acronyms TOMATS and TOMAS, respectively). The TOMATS-

based PIM showed better performance than the PIM with TOMAS (using a solution of 10-3 M 

cysteine as the receiving phase) and was therefore chosen for field deployment experiments. 

Furthermore, the effect of biofilm growth on the performance of the device was assessed, 

showing that there was no measurable effect observed after a 7-day deployment. The method 

reported an LOD of 0.29 µg L-1 showing promise as a passive sampling tool for the monitoring 

of mercury pollution in waters with complex matrices.     

 

1.4.8  Ammonium PSDs applied to freshwaters  
As mentioned earlier, two passive sampling methods have been reported to monitor 

ammonium in low ionic strength matrices, including a PIM-based PSD [143], and a DGT sampler 

[138-142]. The PIM device consists of an acidic receiving solution (0.8 M HCl) separated from 

the sampled aquatic medium by a membrane composed of 55 wt% poly(vinyl chloride) as the 

base polymer, 35 wt% commercial dionylnapthalene sulfonic acid as the extractant, and 10% 

1-tetradecanol as a plasticiser [143]. This PSD exhibited a linear accumulation over a period of 

7 days, and was deployed in the field as a water quality monitoring tool to track sources of 

fecal pollution in storm water drains [299].  Several DGT samplers are described in the 

literature and are constructed using a protective membrane filter overlaid on a diffusive 

hydrogel layer, with various sorbent receiving phases assessed including a) zeolite gel 

comprising microporous hydrated aluminosilicate [138], b) CMI-7000 or Microlite PrCH cation 

exchange resins [139, 140], c) a mixed inorganic nitrogen binding gel composed of ion 

exchange resins PrCH and A520E [141], and a mixed binding layer for simultaneous sampling 

of orthophosphate and ammonium using a micro-sized biochar-zeolite-zirconium oxide 

binding phase [142]. Both DGT and PIM-based passive samplers for ammonium monitoring are 

susceptible to interference from dissolved salts and are therefore not able to be used in high 

salinity matrices, such as estuarine and marine waters. 

 



 60 

1.5  General comments and research objectives 
Ammonia is an important nutrient in coastal and oceanic waters due to its role in the aquatic 

nitrogen cycle and its potential to cause eutrophication of marine environments when 

concentrations are sufficient to cause prolific algal growth [1, 9]. However, in the open ocean 

and oligotrophic environments the presence of this analyte at trace concentrations 

(nanomolar) and the high salinity and matrix complexity of the water make its analysis a real 

challenge [44].  

Choosing an appropriate method for a particular environmental water quality monitoring 

application is important as no method can be universally applied, with every method exhibiting 

advantages and disadvantages. It is therefore essential to consider a number of important 

factors such as cost of analysis in terms of operational complexity, ease of instrumental set-up 

and operation, in addition to sensitivity and accuracy requirements, duration of analysis, 

reagent stability and potential interferences as well as logistics associated with sample 

availability and frequency of collection [91]. 

To ensure water quality standards are maintained now and into the future, it is important to 

understand the challenges of analysing ammonia in estuarine and marine waters. Historically, 

flow-based methodologies, such as segmented flow analysis [38, 54], and more recently flow 

injection analysis [45, 77], and sequential injection analysis [60, 71], have been used to assist 

with this difficult task. Several flow-based methodologies have been developed for monitoring 

ammonia in marine waters, and on-line sample pre-treatment strategies employed and 

different detection methods have been discussed, highlighting the need to improve limits of 

detection, need for miniaturisation and lower energy consumption, and to reduce and 

eliminate interferences.  

While significant research efforts have been focused on the development of flow-based 

methodologies for measuring pollutants in aquatic environments, considerable advances have 

been made over the last three decades to develop passive sampling technologies for water 

quality monitoring particularly as a diagnostic tool to identify point-source and pollution events 

[89, 223]. Whilst passive sampling technologies are often semi-quantitative in that laboratory 

calibration does not always allow for sufficiently accurate CTWA concentrations to be 

determined, they are an effective screening tool for many important aquatic pollutants, and 
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they can be used as an early detection method for areas of concern for regulators and water 

quality managers [91]. The advantages of passive sampling (i.e., affordability, ease of use, 

minimal sample handling required, and the capacity to provide time-weighted average 

concentrations of analytes for the period of deployment) make this a desirable technique for 

routine monitoring of pollutants, especially for identifying pollution hotspots and episodic 

pollution events. 

Different types of passive sampling techniques have been developed to detect a wide range of 

important aquatic pollutants including both non-polar and polar organics, 

metallic/organometallic and some inorganic compounds, and  a number of passive samplers 

have been described and evaluated, including for environmental monitoring of seawater [89, 

102]. While many PSDs have been developed and applied to freshwater environments, 

seawater environments pose several additional challenges [102]. While two passive samplers 

have been developed for the monitoring of ammonium in low salinity freshwater matrices, 

including DGT- and PIM-based PSDs, these cannot be applied to estuarine or marine 

environments due to interference from the high concentration of dissolved salts [139, 140, 

143].  

The objective of this PhD research was therefore to develop novel analytical methods for the 

monitoring of ammonia in high salinity marine waters and dynamic estuarine environments, 

able to cover the revised water quality guideline values for high conservation value waters in 

Australia and New Zealand (160 µg NH3-N L-1 [3]), and with the additional capability of being 

able to be used over a wide range of environmental ammonia concentrations. 

This thesis is presented in a ‘thesis by publication’ style and comprises 5 chapters. Chapters 2, 

3 and 4 are experimental chapters, and are written in a style accepted by journals for 

publication. 

Chapter 1 includes a comprehensive literature review of flow methods developed for 

monitoring total ammonia in high salinity and complex matrices, including in estuarine, coastal, 

and open ocean environments, the subject of which was published in 2014 in the journal 

Trends in Analytical Chemistry. It also includes a comprehensive review of the passive sampling 

literature, focussing on PSDs applied to high salinity matrices.   
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Chapter 2 describes the development of a simple and environmentally-friendly flow-based 

analyser for the monitoring of total ammonia in marine waters over a wide range of 

concentrations, without the need to make any changes to the manifold or reagent solutions. 

This chapter has been published in the journal Marine Chemistry. This flow-based analytical 

system has also been used in the experimental work described in Chapters 3 and 4 to analyse 

all samples collected from the sampled medium (generally containing very low ammonia 

concentrations) as well as the passive samplers’ receiving solutions (containing ammonia 

concentrations several orders of magnitude higher than the sampled medium). 

Chapter 3 reports the development of a passive sampler based on gas-diffusion separation, 

where dissolved molecular ammonia present in the sampled medium diffuses across a 

hydrophobic porous gas-diffusion membrane into an aqueous  receiving solution, where it is 

accumulated. Since the membrane is only permeable to gaseous species, this approach 

effectively eliminates the interference of ionic species present in the high salinity sampled 

medium. This initial design was able to be applied to estuarine and coastal waters for a 

deployment period of 3-days, however significant biofouling impeded analyte accumulation 

after a period of 4 days thus limiting the usability of the device for periods longer than 3 days. 

This chapter has been published in the journal Talanta. 

Chapter 4 describes a further improvement to the gas-diffusion passive sampling device by 

adopting an antifouling strategy. A number of biofouling resistance strategies were tested, 

allowing for a 7-day deployment period to be achieved. Moreover, a single calibration model 

was developed using a neural network based-calibration approach that was able to take into 

account the effects of several environmental factors that influence the sampling rate, including 

the environmental temperature and pH. The newly developed gas-diffusion passive sampling 

device was successfully applied to a range of field environments, and the neural network-based 

calibration approach allowed for one calibration only to be employed when the environmental 

conditions (temperature and pH) varied between different deployment sites. This chapter has 

been submitted for publication to the journal Environmental Pollution and is currently under 

review. 

Chapter 5 summarises the main achievements of the research work described in this thesis, 

and several improvements are proposed which could be performed in future work.  
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CHAPTER 2:  Determination of trace levels of 
ammonia in marine waters using a simple 
environmentally-friendly ammonia (SEA) 
analyser 
 

Foreword 
In Chapter 1, a comprehensive review of the literature regarding flow-based methodologies 

for ammonia monitoring and analysis in marine environments (including estuarine, coastal and 

oligotrophic ocean waters) was undertaken to develop an understanding of the advantages 

and limitations of existing analytical techniques already described in the literature. While many 

of the described methods were sensitive (e.g., fluorometric method), they often exhibited a 

narrow working range with a complicated manifold (e.g., requiring heating of manifold 

components) and or custom-made parts. This chapter describes the development and 

validation of a sensitive and robust analyser, capable of ammonia determination in complex 

matrices over a wide range of concentrations (relevant to both monitoring and analysis of 

environmental samples and passive sampling receiving solutions), with a reasonable sample 

throughput, and without requiring expensive or toxic reagents with stability issues.  

The following section contains an original research paper describing the development of a 

simple and environmentally-friendly ammonia (SEA) analyser to measure ammonia 

concentrations in coastal and estuarine waters, the content of which was published in 2017 in 

the journal Marine Chemistry.  

The SEA analyser was used for the analysis of ammonia in aqueous samples collected in the 

context of the development of the gas-diffusion passive sampler (Chapters 3 and 4). 

 

 

O'Connor Šraj, L., Almeida, M. I. G. S., McKelvie, I. D., Kolev, S. D., (2017) Determination of trace 

levels of ammonia in marine waters using a simple environmentally-friendly ammonia (SEA) 

analyser, Marine Chemistry, 194, 133-145, doi.org/10.1016/j.marchem.2017.06.008 
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Abstract 
A simple and environmentally-friendly ammonia (SEA) analyser based on programmable flow 

was developed for the determination of trace levels of ammonia nitrogen in marine waters. 

The proposed SEA analyser was based on a gas-diffusion spectrophotometric method. High 

sensitivity was achieved through the use of large sample volumes and a programmable-flow 

approach. The degree of pre-concentration of ammonia in the acceptor stream was 

determined by the controlled and programmable delivery of the sample to the gas-diffusion 

unit, and the sensitivity of the method was tailored to the concentration range of interest by 

simple modification of the sample volume used for analysis. Three different working 

concentration ranges were defined by varying the volume of the sample, thus making the SEA 

analyser versatile and applicable for use in estuarine or coastal seawaters: 0.028 – 5.6 μM (2.0 

mL), 0.28 – 13.9 μM (1.0 mL), and 1.4 – 55.6 μM (0.25 mL). Typical limits of detection of 15, 88 

and 440 nM, and repeatability of 0.71, 1.2 and 0.97% RSD (n = 10), were attained for each 

range, respectively. Good sample throughput was achieved with approximately 20 samples per 

hour for the lower concentration range, 30 samples per hour for the middle concentration 

range, and 40 samples per hour for the upper concentration range. Method validation involved 

the analysis of a certified reference material in artificial seawater, and spike-and–recovery 

analysis for seawater and estuarine samples collected from various locations around Nerm 

(Port Phillip Bay, Victoria, Australia). Small volumes of waste (i.e. alkaline seawater feedstock 

and 1.5 mL indicator solution) were generated per sample. The reagents used were non-toxic, 

suitable for long-term storage, and cheap, costing as little as $2.40 AUD per 1,000 

determinations.  

 

Keywords: Ammonia; Flow analysis; Environmental monitoring; Seawater, Estuarine water 
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2.1 Introduction 
Ammonia nitrogen is naturally found at low concentrations in the marine environment and is 

cycled in the water column by a number of different biological processes with perhaps the 

most important of these processes being the assimilation of ammonium (NH4+) by 

phytoplankton, nitrification and de-nitrification by bacteria and the excretion of both ammonia 

(NH3) and ammonium (NH4+) by fish, invertebrates and other marine biota. It is estimated that 

between 70 - 90% of gross primary production in the open oceans is based on the uptake and 

assimilation of nitrogen in the ammonium form, via a process referred to as regenerated 

production [1].  

Higher levels of ammonia nitrogen in the marine environment can be directly and indirectly 

toxic to many marine organisms. Nitrogenous pollution is increasing in aquatic ecosystems as 

a result of large-scale anthropogenic run-off from agricultural land and industrial processes, 

resulting in nitrogenous compounds accumulating in estuarine waters and coastal 

environments [2]. Estuaries form part of a network of important nursery habitat for many 

marine fish species, and high nitrogen loads in these environments can have a deleterious 

impact on organism and ecosystem health [3]. Additionally, episodic pollution events may 

result in large phytoplankton blooms, rapid algal growth and eutrophication, which can result 

in the development of hypoxic waters [4], and/or the release of algal toxins into the water body 

[5].  

Monitoring of ammonia nitrogen is important in providing information about water quality to 

policy makers, regulatory bodies and the community, and supports the development of 

strategies to manage and conserve important fisheries, catchments and marine reserves. In 

order to develop an understanding of how this chemical enters, cycles and persists in the 

environment, sensitive, reliable, and preferably fast analytical methods with a wide working 

concentration range are required. 

Flow analysis techniques have played an important role in water analysis and monitoring [6, 

7]. Several flow-based methods have been described in the literature for the photometric 

determination of ammonia nitrogen in marine waters based on different chemistries, namely 

the phenate method, gas-diffusion methods and the orthophthaldialdehyde (OPA) based 

fluorimetric method [8]. The phenate method, known also as the Berthelot method, involves 
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the reaction between ammonia and hypochlorite to form monochloroamine, which then reacts 

with phenol in the presence of catalytic quantities of nitroprusside to form the coloured 

product indophenol blue [9-11]. This method is commonly employed as the standard reference 

photometric method [12], however it requires the use of toxic reagents such as phenol and 

nitroprusside [13], which are harmful to human health and aquatic life. Salicylate [11] and 1-

napthol [14] have been proposed as less toxic phenolic alternatives, however, when using 

these reagents method sensitivity is compromised. In order to increase sensitivity, large 

amounts of these reagents are required to achieve a sensitivity comparable to that in the case 

of the use of phenol [15]. Furthermore, since the reaction is slow, reaction temperature of 

around 80 ᵒC is required, adding extra complexity to the flow system. The use of long-path 

liquid waveguide capillary cells (LWCC) (2 – 2.5 m) has been shown to provide a substantial 

increase in sensitivity for the phenol-hypochlorite reaction for ammonia determination (i.e. 

limit of detection in the range of 3.6 – 5 nM) [16, 17], however LWCCs are susceptible to in-

cell bubble formation as a function of increased cell length and sample filtration despite being 

time consuming and laborious, is advisable to prevent difficulties with cleaning particulate 

blockages [18]. In-line solid-phase extraction (SPE) has also been employed to improve method 

sensitivity (i.e. limit of detection 3.5 nM), however, this is at the expense of sample throughput 

with a sampling rate of 3 samples per hour achievable [19]. Hence, the use of toxic reagents, 

matrix effects (such as Schlieren effects), interference from precipitation of divalent metal 

cations and lack of sensitivity are the main drawbacks of the phenate method and its less toxic 

versions.   

Flow-based methodologies using gas-diffusion separation coupled with colorimetric pH 

sensitive indicator dyes have also been employed for monitoring ammonia nitrogen in marine 

water environments. By introducing a gas-diffusion unit (GDU) into the flow analysis system, 

total ammonia nitrogen can be determined by alkalising the sample, converting the soluble 

ammonium to gaseous ammonia, which can then diffuse across a hydrophobic porous 

membrane into an acceptor solution containing an acid-base indicator, whose absorbance can 

be measured using photometry [20-22]. The GDU effectively separates the analyte from the 

sample matrix, allowing for improved selectivity. Refractive index (Schlieren) effects are 

eliminated with the use of a GDU, and an acidic flushing solution can be used periodically to 

remove any build-up of divalent metal hydroxide precipitate [22]. Unless samples are very 
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turbid, and likely to block the flow manifold, filtration is not normally needed when using a 

GDU, as its hydrophobic membrane physically separates the donor stream, where the sample 

is injected, from the acceptor stream, where detection takes place, thus minimizing sample 

pretreatment and associated contamination risks. This method involves non-toxic reagents 

that are easy to prepare and are stable. Specific flow pattern manipulations (e.g. oscillating 

flow, stop-flow) [23] as well as increasing diffusion area [24] have been described to improve 

method sensitivity, however, until now, reported detection limits for spectrophotometric gas-

diffusion methods have been characteristically high when compared to other methods 

described in the literature (i.e. best limits of detection in the range of 50 – 210 nM) [20, 22, 

25]. 

The fluorometric method is the most sensitive method described in the literature for the 

determination of ammonia nitrogen in marine waters, with detection limits reported to be as 

low as 1 - 13 nM [26-34]. The method involves the reaction of OPA with ammonia in the 

presence of a reducing agent, commonly 2-mercaptoethanol or sodium sulphite, resulting in 

the formation of an intensely fluorescing product. The fluorescence method has also been 

coupled with gas-diffusion separation [26, 28, 32] in order to reduce interference from primary 

ammines and dissolved amino acids when 2-mercaptoethanol has been used as the reducing 

agent [26, 28]. Sodium sulphite, which has exhibited higher selectivity towards ammonia over 

primary amines, is non-toxic and easier to handle compared to 2-mercaptoethanol because of 

its superior stability, making it suitable for long-term storage and ship-board analysis [27, 32]. 

Under ambient temperature conditions, the OPA chemistry has a slow reaction rate (typically 

3 – 4 h), requiring the incorporation of a heating unit into the manifold [35] and similarly to the 

indophenol blue method, adding complexity to the analytical system. However, the major 

drawbacks of the fluorescence method are the toxicity and cost of the OPA reagent.  

In addition to the frequently used spectrophotometric detection, conductometric detection 

has also been utilised in several flow analysis systems with gas-diffusion separation for the 

determination of ammonia nitrogen in seawater [36, 37]. Conductometric detection does not 

require in most cases the use of additional reagents which could be toxic, unstable or expensive 

and generally provides a linear response. However, the temperature of the flow must be 

strictly controlled [36] or temperature compensation mechanisms must be used [37]. 

Henríquez et al. reported a limit of detection in the range of 2.5 – 5 μM with a sample 
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throughput of 32 samples per hour [36] while Plant et al. achieved limits of detection for 

coastal and shelf waters of 200 and 14 nM, respectively, with a sample throughput of 9 and 3 

samples per hour [37]. 

The method described in this work aims to utilise enhanced flow manipulation in a gas-

diffusion flow system with spectrophotometric detection. Rather than injecting a discrete 

sample into a flowing stream of reagents (i.e. Flow Injection Analysis) or sequential aspiration 

of sample and reagents into a holding coil (i.e. Sequential Injection Analysis), both methods 

being restricted by sample volume, the SEA analyser involves the continuous merging and 

mixing of large sample volumes and small reagent volumes for a given period of time 

depending only on the volumes necessary to achieve the desired sensitivity.  

The method sensitivity was tailored to cover the range of ammonia concentrations usually 

found in marine waters by simple flow manipulation, in order to achieve a limit of detection 

comparable to flow-based fluorimetric methods. Hence, a simple and environmentally-friendly 

ammonia (SEA) analyser is proposed.  

 

2.2   Materials and methods 

2.2.1  Reagents 

Analytical grade chemicals were used for the preparation of all reagent solutions and were 

used without further purification. Deionized water from a Millipore Milli-Q system (Synergy 

185, France, resistivity >18 MΩ cm) was used throughout this study if not stated otherwise.  

 

2.2.2  Acceptor solution 

A 5 mM stock solution of indicator dye was prepared by dissolving 313 mg of bromothymol 

blue (BDH Chemicals – pKa 7.3) and 1 mL of 1 M NaOH in 99 mL Milli-Q water and stored at 

room temperature away from ambient light. The acceptor solution was prepared by 50 fold 

dilution of the bromothymol blue stock into a 0.68 M NaCl solution, resulting in a final 

concentration of 100 µM. Spectral scanning over the range 350 – 750 nm was used to 

determine the wavelength at the absorbance maximum of the basic form of the deprotonated 
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dye (I2-), which was selected for absorbance monitoring. The pH of the acceptor solution was 

adjusted by drop wise addition of 0.01 M NaOH and/or 0.01 M HCl to achieve an absorbance 

of between 0.180 - 0.200 absorbance units at 615 nm, corresponding to the baseline 

absorbance. 

Prior to analysis, the acceptor solution was sonicated for 20 min in a glass bottle and a syringe 

barrel filled with self-indicating soda lime was fitted to one of two airtight ports on the cap of 

the bottle. After degassing, the headspace of the bottle was flushed with N2, and before use, 

the soda lime syringe was replaced with a N2–filled balloon. As the indicator solution was 

consumed during the course of analysis, the same volume of N2 was replaced in the air-tight 

bottle thus preventing contact between the acceptor solution and the ambient air. 

5 mM stock solutions of the indicator dyes (all Indicator Grade chemicals) bromocresol green 

(BDH Chemicals – pKa 4.9), bromocresol purple (BDH Chemicals – pKa 6.4), cresol red (May & 

Baker Laboratory Chemicals – pKa 8.3), meta-cresol purple (ACROS Organics – pKa 8.3), and 

thymol blue (May & Baker Laboratory Chemicals– pKa 9.2) were likewise prepared according 

to the procedure outlined above, resulting in final acceptor solution concentrations of 100 µM 

dye. For each indicator, the wavelength at the absorbance maximum of the fully deprotonated 

basic form of the dye (I2-) was determined, i.e. bromocresol green (610 nm), bromocresol 

purple (590 nm), cresol red (572 nm), meta-cresol purple (578 nm), and thymol blue (596 nm). 

In order to determine which dye, or dye combination exhibited the highest sensitivity, all 

indicator acceptor solutions were set to a baseline absorbance of 0.200 ± 0.005 units for 

comparison. For mixed indicator solutions, the desired ratios of stock solutions were mixed 

and diluted with 0.68 M NaCl solution as described above, and for the dye mixtures 

wavelengths were selected to fall in between the two basic absorbance maxima for the 

respective indicator species. 

 

2.2.3  Donor solution 

40 g of NaOH (Chem Supply, Analytical Reagents, 98% purity) and 150 g 

ethylenediaminetetraacetic acid disodium salt dihydrate (EDTA) (Chem Supply, Analytical 

Reagents, ≥ 99%) were dissolved in 1 L of water and used to convert the ammonium ions 
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present in the sample solution into molecular ammonia. This solution was prepared weekly, 

stored at 4 °C and sonicated for 20 min prior to use.  

 

2.2.4  Ammonia standards  

A primary stock solution of ammonium was prepared by dissolving 741.4 mg of ammonium 

chloride salt (BDH Chemicals, 99.8%), oven dried at 105 °C overnight, in 250.0 mL water, having 

a final concentration of 55.56 mM NH4+. A secondary stock solution was prepared by 100 times 

dilution of the primary stock solution into water (i.e. 0.5556 mM NH4+). Both solutions were 

stored in Teflon sealed glass bottles in the dark at 4 °C. Working solutions were prepared by 

dilution of the secondary stock solution into solutions comprising 0.6 M NaCl, or with real 

seawater samples for recovery and standard addition experiments.  

A certified reference material (CRM) for ammonia as NH3 1,000 ± 6 mg L-1 (ERA, A Waters 

Company, Lot no. 080715, Traceability against NIST SRM (194) 99.1%) was diluted and used to 

determine the method accuracy by preparing solutions with known concentrations of NH4+ in 

0.6 M NaCl in Milli-Q water.  

 

2.2.5  Sample flushing solution  

A solution of approximately 5 mM HCl was used to flush the donor channel of the GDU prior 

to the introduction of each new sample, in order to avoid cross-contamination. A mildly acidic 

solution was used instead of water, in the event that a small amount of divalent metal cation 

precipitation would accumulate over long periods of analysis time, contributing to membrane 

clogging, as was observed by Willason and Johnson [22].  

 

2.2.6  Seawater samples 

Sea and estuarine water samples were collected from locations in the area of Nerm (Port Phillip 

Bay), Victoria, Australia. Samples were collected in 500 mL amber glass bottles and 

immediately acidified with 50 µL of 10.2 M HCl to achieve an approximate pH of 3 (monitored 

with universal indicator paper) and kept on ice during transport. All samples were transferred 
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to high density polyethylene plastic bottles and stored for no longer than 3 days in the dark at 

4 C. The clean-up protocol for all collection and storage containers, and other equipment that 

came into contact with the samples involved a 3 x wash with water, followed by 3 x wash with 

5 mM HCl, and finally a 3 x wash with water. Clean equipment was dried and stored in zip-lock 

bags, and clean glassware was dried, and lids were used to seal containers from dust.  

The seawater samples collected at the Werribee study sites were visibly turbid and required 

filtration using 0.45 μm syringe filters. Spike-and-recovery tests were performed for seven 

marine water samples, including estuarine water samples collected from the Yarra River at 

Docklands.  

 

2.2.7  Apparatus and manifold  

The flow manifold of the SEA analyser developed for the spectrophotometric detection of 

ammonia nitrogen in seawater using gas-diffusion separation is shown in Figure 2-1.  

 

 

Figure 2-1. Schematic diagram of the fully automatic SEA analyser using a FiaLab 3500 flow system and 
Cetac autosampler. SP, syringe pump; BTB, bromothymol blue; N2, nitrogen.  

 

A FIAlab 3500 flow injection analyser fitted with a 10 mL syringe pump (Tecan, Cavro XLP), an 

8 port multiposition valve (MPV) and a peristaltic pump (FIAlab instruments, Bellevue, WA, 
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USA) controlled by FIAlab software (version 5.9.314 for Windows) was used for all experiments. 

The syringe pump (SP 1) was connected to a 5 mL holding coil, constructed from Teflon® tubing 

(1/8” OD and 0.062” ID) and two Peek flangless nuts. Teflon tubing (1/16” OD and 0.03” ID) 

and a mixture of Peek and Acetal flangeless nuts were used for connecting all other parts of 

the flow system.  

Two GDUs were used in the SEA analyser: one for the alkaline solution clean-up (the ‘scrubber’) 

and another for the separation and pre-concentration of ammonia from the marine samples 

into a solution containing a pH sensitive colorimetric indicator dye. The ‘scrubber’ comprised 

a straight-channelled sandwich style GDU with 31.5 cm channel length, 2 mm width and 1.5 

mm depth (i.e. 945 µL volume). The acceptor stream of this GDU contained a stripping solution 

(i.e. 0.5 M H2SO4 and crystal violet indicator), which was recirculated via the peristaltic pump 

and removed trace ammonia contamination from the NaOH/EDTA reagent solution. Crystal 

violet was added to this solution to indicate if the membrane in the scrubber had become 

compromised. 

The main GDU used for the majority of the experiments comprised a sandwich-type 

configuration, with serpentine-shaped channels made from 9.5 cm Perspex blocks that were 

sandwiched together with 8 stainless steel screws. The height and width of the unit were 1.5 

cm and 2.3 cm, respectively. Two identical 100 mm long serpentine channels were bored into 

each piece of Perspex at a depth of 0.5 mm and width of 2 mm [23]. Each end of the Perspex 

blocks had an inlet and an outlet port that were connected to the tubing with flangeless nuts 

(for 1/16” tubing). The donor channel was always facing downwards and the acceptor channel 

was always facing upwards in order to facilitate the migration of ammonia gas from the donor 

to the acceptor channel [23]. Both channels of the GDU were separated by a mechanically 

stable, super hydrophobic gas-diffusion membrane with 0.1 μm pore size (SureVent®, Merck 

Millipore), which was suitable for use under high flow rate conditions. Flow rates of 4.5 mL 

min-1 and 1.2 mL min-1 were used for delivery of the indicator solution to the acceptor channel, 

and the sample and alkaline solutions to the donor channel of the GDU, respectively (refer to 

the Programmable Flow Procedure, Table A2-1 in the Appendix).  

Where possible, short lines were used to reduce sample dispersion and enhance sensitivity. 

Therefore, the tubing connecting the acceptor channel to the flow cell was 11.5 cm in length, 
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allowing for the reference absorbance measurement to be taken before the indicator sample 

plug entered the flow cell. The two external Cavro Tecan syringe pumps (SP 2 and SP 3), fitted 

with 2.5 mL syringe barrels (Tecan, Cavro, XC/XP), and the autosampler (Teledyne, CETAC 

Technologies, ASX-260) were programmed for use with the FIAlab 3500 analyser.  

The detection system comprised a USB4000 CCD spectrophotometer (Ocean Optics) and a LS-

1 tungsten-halogen light source (Ocean Optics) connected by two 200 µm quartz optical fibres 

(Ocean Optics) to the 1 cm flow cell of the in-built MPV (Figure 2-1). SP 1 was used for the 

aspiration of large sample volumes into the holding coil, subsequent propulsion of the sample 

to the 20 cm mixing coil and donor channel of the GDU, and for cleaning the lines with a mildly 

acidic sample flushing solution (5 mM HCl). A 20 μL air bubble was aspirated into the holding 

coil to separate the sample plug from the 5 mM HCl in order to prevent dispersion when 

aspirating or dispensing the sample.  

SP 2 was used to deliver the indicator solution to the acceptor channel of the main GDU, which 

was connected to the 1 cm flow cell of the MPV. Bromothymol blue in 0.68 M NaCl solution 

was the indicator used for most experiments and monitoring of the basic indicator species was 

undertaken at 615 nm. A reference wavelength of 750 nm was selected to correct for any 

optical interferences in the acceptor solution.  

SP 3 was used to deliver a solution of NaOH and EDTA to the two GDUs, the former being the 

‘scrubber’ and the latter being the main GDU (Figure 2-1). The NaOH and EDTA stream passed 

through the ‘scrubber’ GDU, prior to being merged with the sample stream.  

The peristaltic pump was operated with Tygon pump tubing (TACS, Australia), orange-yellow 

(0.51 mm ID) for the recirculation of 0.5 M H2SO4 stripping solution and grey-grey (1.30 mm 

ID) for sample delivery to Port 5 (sample port) of the MPV. Approximately 1.5 mL of sample is 

required to prime the autosampler tubing and the sample port of the MPV, prior to 

introduction of a sample into the holding coil.  

The autosampler tubing was modified to allow for rapid aspiration of samples into the holding 

coil, by connecting the autosampler needle to Port 5 of the MPV with white-white (1.02 mm 

ID) Tygon tubing. 
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2.2.8  Gas-diffusion cells and membranes 

A number of different GDU configurations (Figure 2-2) were performance tested alongside a 

number of different porous hydrophobic membranes, with the specifications listed in Tables 

2-1 and 2-2, respectively.   

 

 

Figure 2-2. Different GDU configurations tested in order to select the configuration that achieved the 
highest sensitivity. The SureVent® membrane was used for the sandwich type GDUs, including the single 
(Serpentine x1) (a), double (Serpentine x2) (b), micro (μGDU) (c). Accurel® capillaries were used for the 
construction of the single (d), and multi hollow fibre (e) tubular GDUs.  

 

 
Table 2-1. Gas-diffusion configurations comparing various aspect ratios (exposed membrane area to 
channel volume ratio). 

Configuration Aspect ratio 
(cm2 mL-1) 

Channel 
length 
(mm) 

Width 
(mm) 

Depth 
(mm) 

Diameter 
(mm) 

Pore size 
(μm) 

Hydrophobic 
membrane 
(supplier) 

Sandwich – 
serpentine channel 
(Figure 2-2a) 

20 100 2 0.5 - 0.1 SureVent super 
hydrophobic 
PVDF (Millipore) 

Sandwich – double 
serpentine channel 
(Figure 2-2b) 

20 220 2 0.5 - 0.1 SureVent super 
hydrophobic 
PVDF (Millipore) 

Sandwich – 
straight channel 
μGDU (Figure 2-2c) 

10 20 1 1 - 0.1 SureVent super 
hydrophobic 
PVDF (Millipore) 

Single tubular 
membrane (Figure 
2-2d) 

52 110 - - 0.75 0.2 Accurel PP 
capillary 
(Membrana) 

Multi tubular 
membrane (n=6) 
(Figure 2-2e) 

241 150 - - 0.75 0.2 Accurel PP 
capillary 
(Membrana) 

  PP – polypropylene 
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Table 2-2. Hydrophobic membranes tested. 

Configuration Hydrophobic membrane Pore size 
(μm) 

Channel 
length 
(mm) 

Width 
(mm) 

Diffusion 
area 

(mm2) 

Flat membrane, 
serpentine flow path 

SureVent Superhydrophobic 
PVDF (Millipore) 

0.1 100 2 200 

Flat membrane 
serpentine flow path  

Durapore PVDF (Millipore) 0.2 100 2 200 

Flat membrane 
serpentine flow path  

Plumbers tape PTFE (Reece) Un-specified 100 2 200 

Flat membrane 
serpentine flow path  

High density PTFE (Shamban) Un-specified 100 2 200 

Flat membrane 
serpentine flow path  

Heavy duty pink PTFE (Boston) Un-specified 100 2 200 

Single tubular 
membrane 

Accurel PP hollow fibre 
(Membrana) 

0.2 110 - 260 

  PVDF – polyvinylidene difluoride, PTFE – polytetrafluoroethylene, PP – polypropylene 

 
 

The sandwich type single block serpentine GDU described above using SureVent® 

superhydrophobic 0.1 μm pore size membrane was robust under high flow rates and provided 

good sensitivity. Therefore, it was used for all experiments except for the GDU and membrane 

optimisation experiments. 

 

2.2.9  Program 

Determination of ammonia nitrogen in seawater using the SEA analyser was achieved using 

the programmable flow procedure outlined in Table A2-1 (Appendix). 

 

2.2.10  Data processing 

FIAlab software version 5.9.314 for Windows was used with Microsoft Excel for data processing 

of all experimental data. Peak maximum (‘local maximum’) was used as the analytical signal, 

and each sample was measured in triplicate with the average signal used for all calculations. 

The Excel Solver function was used to compute the sample concentrations utilizing non-linear 

calibration equations, and the limits of detection and quantification were determined using 
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the error of the lower linear portion of the calibration equations, as described by Miller and 

Miller [38].  

 

2.3  Results and discussion  

2.3.1  Flow system optimization 

Flow system optimisation experiments were undertaken to improve method sensitivity and are 

described in detail below. The effects of varying matrix salinity and interference from primary, 

secondary and tertiary amines were not assessed in this work, as such studies were undertaken 

and described in detail by Segundo et al. [21] and Oliviera et al. [24], respectively, showing 

there was no interference from solutions prepared with differing salinities, and no statistically 

significant difference in peak response between spiked and un-spiked samples for a number of 

ammine species, even when present in concentrations higher than those expected in marine 

waters.  

2.3.2  Flow rate and sample volume 

A stop-flow approach [24] was chosen as a strategy to maximize the SEA analyser efficiency. In 

all optimization experiments the acceptor stream was stopped in the GDU until the sample 

zone had passed through the donor channel of the GDU.  

The flow rate of the donor stream is expected to affect how much ammonia can pass through 

the hydrophobic membrane into the acceptor solution. A low flow rate will result in the sample 

zone spending a longer duration of time in the GDU, thus facilitating the diffusion of molecular 

ammonia into the acceptor stream. However, this is at the expense of sample throughput. In 

turn a higher flow rate will result in the sample passing through the GDU more quickly and thus 

the efficiency of mass transfer of molecular ammonia across the membrane is reduced. There 

is a trade-off between achieving high sensitivity whilst simultaneously achieving an acceptable 

sample throughput. Low flow rates provided relatively higher absorbance signals when 

compared to higher flow rates (Figure 2-3a), however, sample throughput was reduced by 

decreasing the flow rates. For a 1 mL sample volume (where 0.2 mL alkaline solution was used 

to increase the sample pH), the flow rate of 1.2 mL min-1 was chosen as the optimum flow rate, 

as it allowed for sufficient amount of molecular ammonia to diffuse into the acceptor solution, 
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whilst ensuring a reasonable sample throughput of 2 min per sample volume of 1 mL. However, 

whilst lower flow rates prolonged the lifetime of the GDU membrane (i.e. Millipore SureVent® 

‘super-hydrophobic’ membrane), flow rates higher than 4 mL min-1 required the membrane to 

be changed more frequently, and given that priming the membrane was a time-consuming 

process, it was decided that such high flow rates for sample delivery should be avoided.  

Similarly, to flow rate, the sample volume is likewise expected to affect how much analyte can 

be pre-concentrated into the acceptor solution. By simply increasing the sample volume 

dispensed through the donor channel of the GDU, the number of ammonia molecules diffusing 

across the porous hydrophobic membrane into the stagnant acceptor solution also increased, 

thus improving analyte pre-concentration (Figure 2-3b). However, larger sample volumes 

allowed for an increase in sensitivity at the expense of sample throughput. Therefore, it was 

important to determine the appropriate sample volume to use for each ammonia 

concentration range of interest. A 2 mL sample with 0.4 mL of alkaline reagent, 1 mL sample 

with 0.2 mL of alkaline reagent and 0.25 mL sample with 0.05 mL of alkaline reagent were the 

optimal sample and reagent volumes found to provide good sensitivity and sample throughput 

for the concentration ranges 0.028 – 5.6, 0.28 – 13.9, 1.4 – 55.6 μM NH4
+, respectively. 

 
 

 

Figure 2-3. (a) Effect of the donor stream flow rate on the analytical signal for three different 
ammonium standards: blank (○), 1.4 μM () and 2.8 μM ().The conditions of the experiment are as 
follows: Sample volume, 1 mL; alkaline solution volume (NaOH and EDTA), 0.2 mL; acceptor stream flow 
rate, stop-flow, each data point is the average of 3 replicate injections. (b) Effect of the sample and 
reagent volume on the maximum absorbance for three different ammonium standards: blank (○), 1.4 
μM () and 2.8 μM (). The conditions of the experiment are as follows: Alkaline solution volume 
(NaOH and EDTA), 0.2 mL; donor stream flow rate, 1.2 mL min-1; acceptor stream flow rate, stop-flow, 
each data point is the average of 3 replicate injections.  

(a) (b) 
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2.3.3  Gas-diffusion apparatus 

Parameters such as surface area, GDU configuration and membrane porosity, are known to 

affect gas-diffusion and were investigated. For large sample volumes, GDUs with a large aspect 

ratio are desirable to facilitate high contact between the sample and the membrane, which will 

in turn allow for greater diffusion and mass transfer of molecular ammonia to the indicator 

solution resulting in enhanced sensitivity. Pore size is likewise an important factor to consider 

in terms of mass transfer efficiency.  

Several GDU configurations (Figure 2-2, Table 2-1) were tested, namely sandwich-style GDUs 

and hollow fibre type [39]. A small increase in sensitivity was achieved using the double 

serpentine GDU (i.e. two serpentine GDUs) when compared to the single serpentine GD cell 

(Figure 2-4a). However, as the double serpentine GDU consisted of two single GDUs joined 

together by two Teflon two-way flangeless connectors for 1/16” tubing (one connecting the 

donor channels and the other connecting the acceptor channels), a double-humped peak 

appeared, where the dip between the two humps resulted from the acceptor solution held 

static in the connecting tubing, where no diffusion had occurred. For this reason, it was not 

used further. 

A tubular GDU was constructed using a single hydrophobic microporous hollow fibre (0.03” ID, 

Accurel®, Membrana) inserted into a piece of silicone tubing (red – red, Tygon) where each 

end was fitted with a glass T-piece, with the hollow fibre being fixed into place using epoxy 

glue and pipette tips. The space between the silicone tube and the hollow fibre corresponded 

to the donor channel, and the hollow fibre was the acceptor channel. The pipette tips and the 

glass T-piece ends were connected to the two ends of the hollow fibre using small pieces of 

silicone tubing. Whilst this GDU provided an approximate three-fold increase in sensitivity 

compared to the sandwich style GDUs (Figure 2-4a), there was a significant contamination 

problem when using epoxy glue to fix the hollow fibre in place. Many commercial epoxy resin 

glues consist of one part epoxide and one part tertiary ammine. The unreacted ammines on 

the surface of the hardened resin, when in contact with the alkaline solution, diffused across 

the hollow fibre walls resulting in a very large blank response. After several hours of flushing 

with water to remove unreacted tertiary ammine on the surface of the epoxy glue, the blank 

signal appeared to decrease. However, it was still present and the standard deviation for 

replicate samples was high. Due to these interference effects the tubular GDU was discarded.  
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The small surface area of the μGDU resulted in insufficient sensitivity (Figure 2-4a), and the 

multi hollow fibre in chamber GDU had substantial problems with bubbles getting trapped in-

between each of the fibres, where it was impossible to dislodge them, reducing the sensitivity 

of this type of GDU despite the high aspect ratio (Figure 2-4a, Table 2-1). Moreover, it was 

similarly constructed with expoy glue, which also meant it had a large blank response. 

The sandwich-style single serpentine GDU was therefore chosen for further experiments. It 

was easy to use, as bubbles did not present as a problem, and it could be easily flushed out 

with each new sample. High flow rates were able to be used with this GDU configuration with 

little problem.  

A number of different porous hydrophobic membranes were tested (Figure 2-4b), with pore 

sizes specified for some, and pore sizes un-specified for commercial plumbing membranes 

(Table 2-2). All membranes required some degree of priming (a process where water is 

continuously flushed through the GDU to remove all bubbles appearing on the surface of the 

porous hydrophobic membrane), with the PTFE membrane requiring on average a couple of 

hours compared to the SureVent® and Durapore® membranes requiring between one to two 

days. However, despite longer priming times when compared to their PTFE counterparts, both 

Durapore® and SureVent® membranes exhibited superior mechanical stability. Durapore® was 

able to be used for approximately 1 week under high flow rate conditions, and SureVent® for 

several months. All other membranes exhibited some degree of membrane deformation under 

high flow rate conditions. Despite the long priming time, and slightly lower sensitivity (Figure 

2-4b) SureVent® was the membrane of choice. SureVent® is a mechanically stable membrane, 

which has been treated to give extra hydrophobicity compared to its Durapore® counterpart. 

As a result of this treatment, these membranes lasted longer under high flow rate conditions. 

The smaller pore size of the SureVent® membrane is likewise desirable, as although it may 

compromise sensitivity a little, it provides better membrane stability at higher flow rates and 

can be expected to be more effective at reducing interference from large molecular mass 

ammines. All commercial plumbing tapes were very soft and prone to distortion.  
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Figure 2-4. (a) Performance of different GDU configurations where the blank response which was 
different for each type of GDU configuration, was subtracted from the two ammonium standards (grey 
bar, 1.4 μM and the black bar, 5.6 μM) in order to simplify the comparison of GDU configuration 
sensitivity. The SureVent® membrane was used for the single (Serpentine x1), double (Serpentine x2), 
and micro (μGDU) sandwich type GDUs and Accurel® filaments were used in the construction of the 
single and multi hollow fibre tubular GDUs. Each data point is the average of 3 replicate injections. (b) 
Performance of different porous hydrophobic membranes was examined using the sandwich type GDU 
for all membranes except for the Accurel® tubular filaments from Membrana. The blank signal for each 
different membrane was subtracted from the signals for the two ammonium standards (grey bar, 1.4 
μM; black bar, 5.6 μM) to allow for a comparison of membrane sensitivity. HF is defined as hollow fibre 
for both figures (a) and (b). Each data point is the average of 3 replicate injections. 

 

 

2.3.4  Acid-base indicator dyes 

In order to determine the optimum acceptor solution composition for trace determination of 

ammonia nitrogen in seawater, a number of spectrophotometric acid-base indicator dyes were 

examined. Factors known to affect the sensitivity of the acceptor solution are the pKa and 

molar absorptivity of the indicator [40], acceptor solution pH, buffering capacity and indicator 

concentration [41-43], and ionic strength [22]. Additionally, Schulze et al. [40] describe that 

the pH of the acceptor solution should be adjusted close to the equivalence point of the 

indicator in order to achieve maximum sensitivity. However, it should be taken into 

consideration that the higher the baseline absorbance, the narrower the working range. The 

baseline absorbance for this method was therefore set to between 0.180 - 0.200 (Figure 2-5a) 

when running real samples. 

Several indicator dyes and dye mixtures were selected for analysis according to their respective 

pKa values. Acceptor solutions were prepared by making small adjustments to the pH in order 

(a) (b) 
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to achieve a baseline absorbance of 0.200 ± 0.005 for each solution. The analytical signals for 

the ammonium standards (1.4 and 2.8 μM) after blank correction, were used to compare the 

sensitivity of each acceptor solution (Figure 2-5b). Bromothymol blue (BTB) was the indicator 

chosen for method development, because it exhibited the highest sensitivity compared to all 

indicator solutions tested.  

A mixture of several indicators can increase the working range of the method, whilst 

maintaining sensitivity, provided there is a maximum of 1 pH unit difference between the pKa 

values of the individual indicators, the basic forms have similar molar absorptivity values and 

that the respective indicator dyes absorb at approximately the same wavelength [44]. 

The dynamic range of the method using a quadratic calibration equation can be extended by 

simply combining two or more different indicators as shown in Figure 2-5c, where the range 

was extended by 2.8 μM NH4
+ when thymol blue was used in combination with BTB. However, 

whilst the working range of the method can be extended by using a combination of indicators, 

sensitivity is slightly compromised. Therefore, one must decide which of these factors is more 

important when choosing an appropriate acceptor solution composition.  
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Figure 2-5. (a) Blank corrected absorbance response for for 1.4 μM (○) and 2.8 μM (◊) ammonium 
standards as a function of baseline absorbance (100 µM bromothymol blue acceptor solution 
containing 0.68 M NaCl). Each data point is the average of 3 replicate injections. (b) Absorbance 
response for different colour indicator dye solutions, as single dyes or as mixtures. The graph shows 
the blank corrected response for 1.4 μM (grey bar) and 2.8 μM (black bar) ammonium standards to 
highlight the sensitivity in the case of each indicator solution. Mixed indicator solutions were prepared 
in equal proportions of each indicator, and the numbers in brackets indicate the pH of the indicator 
solution at which the experiment was undertaken. Each data point is the average of 3 replicate 
injections. (c) The working range of the method can be extended when mixed indicator solutions are 
used, provided the pKa’s of the respective indicators selected do not vary by more than 1 pH unit. The 
range of the 1:1 ratio BTB + thymol blue solution (○)(y = (8.1186x10-4)x2 + (4.8406 x10-2)x + 5.0921x10-

2, R2 = 99.737) could be extended by up to 2.4 μM NH4
+ compared to the solution of BTB only () (y = 

(1.7778x10-3)x2 + (4.7322x10-2)x + 7.7463x10-2, R2 = 99.938). Each data point is the average of 3 replicate 
injections. 

 

 

2.4  SEA analyser system performance 

2.4.1  Analytical figures of merit 

Three different working ranges were obtained by simple manipulation of the analyser control 

program, specifically by setting different sample volumes, namely 2.0, 1.0 and 0.25 mL, with 

typical calibration curves provided in Figure 2-6. For low concentration ammonia nitrogen 

(a)

(c) 

(b)
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samples, larger volumes were required to achieve sufficient pre-concentration in the GDU, and 

conversely for high concentration samples, smaller volumes sufficed. Hence, an overall range 

of 0.028 – 55.6 μM NH4
+ could be covered. 

 

 

 

 

Figure 2-6. Three typical concentration working ranges based on sample volume: (a) () 0.028 – 5.6 μM 
NH4

+, sample volume 2.0 mL; (b) () 0.28 – 13.9 μM NH4
+, sample volume 1.0 mL; and (c) (○) 1.4 – 55.6 

μM NH4
+, sample volume 0.25 mL. The corresponding calibration equations and coefficients of 

determination are shown in Table 2-3. Each data point is the average of 3 replicate injections. 

 

 

The respective analytical figures of merit for each typical working range are outlined in Table 

2-3. The limits of detection and limits of quantification were determined using the error of the 

regression described by Miller and Miller [38], and second order polynomial regressions were 

used to describe the dynamic range. The LINEST function in Microsoft Excel was used to 

calculate the standard deviation of the estimate of the regression coefficients.   

(a) (b) 

(c) 
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Table 2-3. Analytical figures of merit of the SEA analyser for three typical working ranges (Figure 2-6).  

Ammonium 
concentration range 

0.028 – 5.6 µM 
Figure 2-6(a) 

0.28 – 13.9 µM 
Figure 2-6(b) 

1.4 – 55.6 µM 
Figure 2-6(c) 

Repeatability (% RSD) 
n=10  

± 0.71 (0.556 µM)* ± 1.2 (4.16 µM)* ± 0.97 (13.89 µM)* 

LOD (nM) 15 88 440 

LOQ (nM) 50 290 1,500 

Sampling rate (h-1) 20 30 40 

Sample volume (mL) 2.0 1.0 0.25 

Calibration equation y = (1.6157 ± 0.0852)x10 -5 
x2 + (6.8460 ± 0.0827)x10-3 
x + (1.6499 ± 0.0089) 

y = (5.0627 ± 0.5173)x10-6 
x2 + (2.2094 ± 0.1280)x10-3 
x + (0.12862 ± 0.0052) 

y = (4.8545 ± 0.4860)x10-7 
x2 + (4.3545 ± 0.4725)x10-4 
x +(2.6182 ±0.6314)x10-2 

Coefficient of 
determination, R2 

99.994 99.921 99.886 

*  Concentration used to determine the repeatability 

 

 

2.5  Validation of the SEA analyser  

2.5.1  Measurement of certified reference materials 

The accuracy of the newly developed SEA system was determined using a Certified Reference 

Material (CRM). Four different dilutions of the CRM spanning the concentration range 0.28 – 

11.1 μM NH4+ were analysed. The results for the lower concentrations (0.28 and 0.56 μM) had 

predictably higher errors than those for the higher concentrations (5.0 and 11.1 μM NH4+), as 

shown in Table 2-4. These observations are consistent with results achieved for similar 

analytical methods developed for the monitoring of nutrients [45], and dissolved Fe(II) [46] in 

complex matrices, and in line with guidelines established for the validation of analytical 

methods that specify that the concentration of CRMs should be between 75 % - 80 % at the 

lower end, and 120% - 125% at the upper end of the stated or known value [47, 48].   

 

Table 2-4. Method validation using a diluted CRM in 0.6 M NaCl, for the calibration range 0.28 – 13.9 
µM NH4

+ (Table 2-3). 

Nominal Concentration 
of Standards (μM NH4

+) 
Concentration of Standards 

Measured (μM NH4
+) 

Relative Standard 
Deviation (%) 

Relative Error (%) 
 

0.28 0.20 ± 0.03 12.6 ± 29.3 
0.56 0.60 ± 0.04 6.5 ± 8.5 
5.0 4.9 ± 0.05 1.0 ± 1.9 

11.1 11.2 ± 0.04 0.4 ± 0.5 
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2.5.2  Spike-and-recovery studies  

Seawater and estuarine samples collected from around Nerm (Port Phillip Bay) and Bancoora 

Surf Beach, (Victoria, Australia) were analysed directly by the proposed SEA analyser and the 

results are shown in Figure 2-7.  

 

 

Figure 2-7. Sampling sites around the Port Phillip Bay Study Area with the average range of 
concentrations of ammonia nitrogen measured with the SEA analyser (○).  

 

Seawater and estuarine water of seven locations was used for spike-and-recovery analysis. In 

one of the locations (South Melbourne) seawater was collected on two different days. The 

concentrations obtained fell between 0.56 – 2.2 μM NH4+ at the different locations, allowing 

for the 0.28 – 13.9 µM calibration equation (Table 2-3) to be used with 1.0 mL sample volumes. 

These samples were spiked with three different concentrations of ammonium stock solution, 

namely 0.56, 5.0 and 10.6 μM, which were selected in order to test the performance of the 

method at the low, mid and upper sections of the calibration range. The recoveries obtained 

for the spiked samples are presented in Figure 2-8. At the lower end of the range (i.e. samples 

spiked with 0.56 μM ammonia) some variability was observed with recoveries between 83.5 – 
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116.5 %, which is reasonable considering this falls at the lower end of the calibration curve 

where there is a greater inherent error due to the lower signal to noise ratio. Recoveries within 

90.0 – 99.4 % and 97.0 – 103.3 % were obtained for the samples spiked with 5.0 and 10.6 μM, 

respectively. 

 

 

Figure 2-8. Spiked recoveries of seawater samples of varying salinity from around Port Phillip Bay (PPB), 
and Bancoora Surf Beach. Three different ammonium concentrations were used to spike the samples: 
0.56 (grey bar), 5.0 (crosshatched bar) and 10.6 µM (black bar), respectively. The numeric values after 
the location description indicate the date of sample collection (dd.mm.yy) and the value in brackets 
corresponds to the salinity of the samples using the Practical Salinity Scale 1978 [49].  
 
 
 

2.6 Conclusions 
A highly sensitive programmable flow analysis method for the trace determination of ammonia 

nitrogen in seawater has been described using the newly developed SEA analyser. This flow 

system enables the sensitivity of the method to be tailored to the concentration range of 

interest, by simple modification of the program involving appropriate adjustment of the 

sample volume. Manifold changes are not necessary to achieve a wide working range, making 

this method practical, versatile and applicable for use in coastal and oceanic environments. 

The method developed employs a novel flow approach whereby large sample volumes and 

small reagent volumes are continuously merged and delivered to the donor channel of the 
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GDU under stop-flow conditions, rather than using discrete sample plugs as described in the 

literature for flow injection and sequential injection analysis methods for ammonia nitrogen 

determination in natural waters [20-22, 26, 28, 50]. Whilst Segundo et al. described a 

spectrophotometric sequential injection method capable of achieving two dynamic ranges by 

making small changes in the protocol sequence (i.e. 5.5 – 55 and 55 - 222 μM NH4
+) for example 

by doubling the number of sample and sodium hydroxide plugs aspirated into the holding coil 

[21], the range achieved was narrower than that of the newly developed method, with a 

detection limit of two orders of magnitude higher (i.e. 1.5 μM NH4
+). The conductometric 

method developed by Plant et al. provided comparable detection limits to those described in 

this work (i.e. 14 nM for shelf waters), by increasing the number of sample pulses delivered to 

the GDU and decreasing the flow rate, however the sample throughput was compromised 

allowing for a little over 3 samples per hour to be measured [37]. Whilst this sampling 

frequency may be appropriate for in situ analysis, it would be unsuitable for use during 

shipboard analysis or for use in a laboratory setting. In addition, while the components used in 

the method of Plant et al. are commercially available, the in-house modification of the 

conductivity cell, manufacturer modification of the micro solenoid pumps and detector board, 

and the use of custom software to control the data logger/controller may impede the 

accessibility of this method to potential users.  

In the proposed method, high flow rates of the donor stream under stop-flow conditions for 

the acceptor stream were achievable using the mechanically stable superhydrophobic 

SureVent® microfiltration membrane (Millipore) in the GDU, allowing for good sample 

throughput to be achieved for all ranges with approximately 20 samples per hour achieved for 

the low concentration range, 30 samples per hour for the mid-range and 40 samples per hour 

for the upper range. The following working ranges were obtained by sample volume 

adjustment, 0.028 – 5.6 (2.0 mL sample volume), 0.28 – 13.9 (1.0 mL sample volume), 1.4 – 

55.6 μM NH4+ (0.25 mL sample volume). These ranges are characterised by typical limits of 

detection of 0.015, 0.088 and 0.44 μM NH4+, respectively, with the sensitivity for the lowest 

range comparable to some fluorometric detection methods described in the literature [30, 33, 

51]. 

Spike-and-recovery analysis produced good results, and method validation using a CRM 

showed that in the mid-to upper calibration range the error was minimal. These results 
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illustrate the potential of the newly developed method for reliably determining ammonia 

nitrogen in seawater samples over a wide and realistic concentration range.  

 

 

2.7 Appendix 
Table A2-1. Programmable flow procedure for the determination of ammonia nitrogen in seawater. 

Step Commands Corresponding Actions 
0 Hardware Settings Wavelength 1 (nm) 615 

Hardware Settings Wavelength 4 (nm) 750 
Hardware Use Wavelength 4 as Reference 
Hardware Settings Optimize Integration   
Peristaltic Pump Clockwise(%) 65 

Instrument settings and measurement parameters defined at 
the outset of experiment. Ensure all lines have been primed, 
bubbles expelled and syringe barrels emptied prior to analysis.  

1 Loop Start (#) 3 
Next Sample  
Analyte New Sample  
Peristaltic Pump On  
SP Sample Valve Out 
SP Sample Flowrate (microliter/sec) 200 
SP Sample Aspirate (microliter) 1500* 
SP Indicator Valve Out  
SP Indicator Flowrate (microliter/sec) 200 
SP Indicator Aspirate (microliter) 1500 
SP NaOH Valve Out  
SP NaOH Flowrate (microliter/sec) 100 
SP NaOH Aspirate (microliter) 200* 
SP Indicator Delay Until Done  
Autosampler Pump Off  

Define next sample, and send autosampler to sample reservoir. 
3 replicates to be analysed defined by Loop Start (#) 3. 
 
SP-Sample, SP-Indicator and SP-NaOH syringes fill, whilst the 
peristaltic pump delivers sample to port 5 of MPV ensuring that 
ample sample passes through the tubing to prime lines. 
 
SP-Sample fills with an acidic flushing solution, which is 
delivered to the GDU after each aliquot of sample, to prevent 
clogging of the gas-diffusion membrane by divalent cations 
precipitating from the highly alkaline seawater. 
 
Autosampler pump switched off after washing from previous 
sample. 

2 SP Indicator Valve In  
SP Indicator Flowrate (microliter/sec) 75 
SP Indicator Dispense (microliter) 750 
Peristaltic Pump Off  
SP Sample Valve In  
Multiposition Valve AIR  
SP Sample Aspirate (microliter) 20 
SP Sample Delay Until Done  
Multiposition Valve Sample  
SP Sample Flowrate (microliter/sec) 200 
SP Sample Aspirate (microliter) 1000* 
SP Sample Delay Until Done  

Indicator solution is dispensed to the acceptor chamber of the 
GDU where it is held static.  
 
A 20 μL air bubble is aspirated into the holding coil to prevent 
contact and subsequent dispersion of the sample with the 
acidic flushing solution.  
 
Sample is aspirated into the holding coil at a high flow rate of 
200 L min-1. 

3 SP NaOH Valve In  
Multiposition Valve GD Cell  
SP Sample Flowrate (microliter/sec) 20 
SP Sample Dispense (microliter) 2500*  
SP NaOH Flowrate (microliter/sec) 4 
SP NaOH Dispense (microliter) 200** 
SP NaOH Delay Until Done  

Sample and alkaline solution are merged in the mixing coil and 
continuously delivered to the donor chamber of the GDU. 
During this time, the acceptor channel is held static allowing 
pre-concentration of ammonia into the acceptor solution in the 
GDU.  
Once the sample has passed through the GDU, the bubble will 
pass and the acidic flushing solution will clean the donor 
chamber of the GDU and all tubing.                          

4 SP Indicator Flowrate (microliter/sec) 10 
SP Indicator Dispense (microliter) 750 
Spectrometer Reference Scan  
Spectrometer Absorbance Scanning   
Autosampler Pump On  
Delay (sec) 10 
SP Indicator Flowrate (microliter/sec) 30 

SP-Indicator is engaged and the spectrometer takes the 
reference scan, immediately followed by continuous 
absorbance scanning. It takes approximately 5 seconds before 
the plug of indicator where the ammonia has been 
concentrating passes through the spectrophotometric flow-
through cell.  

Continued on next page 
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SP Sample Flowrate (microliter/sec) 75 
Delay (sec) 2 
Spectrometer Stop Scanning  

The autosampler pump is turned on to flush the needle 
washing chamber with fresh water. 

5 Peristaltic Pump On 
Autosampler Wash 
Autosampler Wash 
Peristaltic Pump Off 
SP Sample Stop*** 
Multiposition Valve Waste*** 
SP Sample Flowrate (microliter/sec) 200*** 
SP Sample Empty*** 
SP Sample Delay Until Done*** 
Loop End  

Peristaltic pump is switched on whilst the autosampler needle 
is washed. This allows for small volumes of water to be drawn 
into the tubing flushing any residual sample to waste prior to 
aspiration of next sample.  

***Any remaining flushing solution is expelled from the SP-
Sample and holding coil via the waste port of the MPV. 

* Commands highlighted in BOLD can be modified to achieve desired sensitivity and concentration range. ** For every 1 mL 
sample, 200 μL NaOH/citrate are needed, therefore this volume is adjusted according to the sample volume used. *** These 
commands are only used for samples larger than 1 mL. This is because it takes longer for the SP-Sample to deliver 1.5 mL of 
flushing solution, than it does for the program to run to the end of the loop. Therefore, for samples larger than 1 mL SP-Sample 
is flushed with acidic flushing solution whilst the absorbance measurements are being collected, however, after the run is 
finished and prior to the loop end, the MPV is directed to waste, and the remaining solution is dispensed to at a rate much 
more rapid than what could be passed through the GDU. No carryover was observed.    
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CHAPTER 3:  Gas-diffusion based passive 
sampler for ammonia monitoring in marine 
waters 
 

Foreword 
Chapter 2 outlines the development and validation of a simple yet sensitive, environmentally 

friendly ammonia analyser, whereby large volumes of sample can be used to achieve the 

required high sensitivity for environmental waters, and programmable flow allows the analysis 

to be tailored to the concentration range of interest (with three ranges described and 

validated). The development of this analyser was an enabling step toward developing the gas-

diffusion-based ammonia passive sampler, as it enabled easy determination of ammonia 

concentrations in both typically low concentration marine field samples and in high 

concentration acidic passive sampling receiving solutions. The first prototype of a gas-diffusion 

based passive sampling device (GD-PS) for ammonia monitoring in marine waters is described 

in this chapter, showing that the developed GD-PS is efficient at determining a time-weighted 

average ammonia concentration over the period of deployment, and is able to overcome 

several disadvantages associated with the use of spot sampling for water quality monitoring.  

 
The content of this chapter was published in 2017 in the journal Talanta, and later the research 

was featured on Elsevier’s, New Chemistry Research news page in 2018: 

https://www.elsevier.com/physical-sciences-and-engineering/chemistry/journals/new-

chemistry-research/stopping-aquatic-ammonia-pollution 

 

 

O'Connor Šraj, L., Almeida, M. I. G. S., Bassett, C., McKelvie, I. D., Kolev, S. D., (2017) Gas-

diffusion based passive sampler for ammonia monitroing in marine waters, Talanta, 181, 52-

56, doi.org/10.1016/j.talanta.2017.12.076 
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Abstract 
A novel passive sampler based on gas-diffusion across a hydrophobic membrane is described 

for the determination of the time-weighted average concentration of dissolved molecular 

ammonia in high ionic strength aquatic environments, such as sea, coastal and estuarine 

waters, for a period of 3 days. The passive sampler developed is cheap, easy-to-use, reusable, 

and has a dynamic concentration range of 1.0 to 12 µM, which covers the water quality 

guideline trigger value of 11.4 µM (160 µg L-1 NH3-N) for high conservation value waters, 

making this a powerful new tool for water quality managers involved in long-term ammonia 

monitoring. The gas-diffusion-based passive sampler was calibrated under laboratory 

conditions and deployed in a tank of seawater in the laboratory and at an estuarine site for 

proof of concept, and a good agreement between passive and spot sampling was achieved in 

both cases. 

 

Keywords: Passive sampling; Ammonia; Seawater sampling; Gas-diffusion membrane. 
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3.1  Introduction 
Ammonia nitrogen is a biologically important nutrient found naturally at low concentrations in 

aquatic environments. However, inorganic nitrogen runoff as a result of anthropogenic activity 

is increasing the nutrient loading of estuarine and coastal waters [1]. Ammonia is therefore 

monitored in these ecosystems as an indicator of water quality [2]. Effective monitoring of this 

analyte is not without its challenges. Most water quality monitoring programs involve periodic 

‘spot’ sampling (i.e. the collection of discrete water samples). The overall analytical process 

involves sample collection, preservation, storage, and analysis, which can be laborious, time 

consuming, and expensive, without the guarantee that episodic pollution events will be 

detected, resulting in a poor understanding of nutrient sources and fluxes.  

Integrative and passive sampling techniques are an efficient alternative to ‘spot’ sampling as 

they allow for the collection and accumulation of the analyte from the aquatic environment to 

be performed in situ and over extended periods of time [3]. Linear uptake passive samplers, 

such as Chemcatcher®, polar organic chemical integrative samplers (POCIS), semipermeable 

membrane devices (SPMDs), and diffusion gradients in thin-film (DGT) samplers have been 

described in the literature for the monitoring of a wide range of analytes of environmental 

interest [4, 5], and allow for the time-weighted average concentration (CTWA) of an analyte to 

be determined for the period of deployment. To the best of our knowledge, only two passive 

sampling devices have been reported for the determination of CTWA of ammonium (NH4
+) in 

environmental waters, namely DGT with a Microlite cation-exchange resin [6] and polymer 

inclusion membrane based passive sampler (PIM-PS) [7]. However, both devices were applied 

to low salinity freshwater matrices only. Neither of these samplers is suitable for monitoring 

ammonia in marine waters (viz. estuarine and coastal waters), because of interference from 

alkali and alkaline earth metals in the ion-exchange process, which are found in concentrations 

several orders of magnitude higher than the ammonia concentration. The aim of the present 

work is thus to develop a passive sampler which can be applied to the monitoring of total 

ammonia nitrogen in marine waters, and for this purpose a gas-diffusion membrane (GDM) 

was used as the selective barrier between the sampled medium and the receiving solution. 
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3.2  Materials and methods 

3.2.1  Reagents and solutions 

Analytical grade chemicals were used without further purification for the preparation of 

synthetic seawater and for the GD-PS receiving solutions. Deionized water (Synergy 185, 

Millipore, France, resistivity ≥18 MΩ cm) was used throughout this study. 

A stock solution of 55.56 mM NH4
+ was prepared by dissolving NH4Cl (BDH Chemicals, 99.8%), 

previously oven dried at 105 °C overnight, in 250.0 mL of deionised water.  

The un-buffered source solution (2 L) used in the GDM study contained 2 g L-1 NaCl (Merck 

Millipore). Its pH was adjusted to 7.2 using a few drops of a 0.1 M NaOH (Chem-supply) 

solution. 

Synthetic seawater was composed of 34 g L-1 NaCl and 1 g L-1 Trizma® base (Aldrich), and the 

desired pH was achieved by the addition of concentrated HCl (32 % RCI Labscan) solution. This 

synthetic seawater solution was then spiked with the appropriate volumes of ammonium stock 

solution to prepare source solutions with different ammonium concentrations.  

The GD-PS receiving solution comprised 0.1 M HCl and 0.2 M NaCl when the salinity of the 

source solution was between 33 – 35, and 0.1 M HCl and 0.02 M NaCl when the source solution 

salinity was below 25. For the receiving solution optimisation study, varying concentrations of 

HCl and NaCl were tested. 

A solution of 7.2 mM methylene blue (UniLab) in deionised water with a few drops of a 1 M 

NaOH solution was used to determine the degree of biofouling of the GDMs [8]. 

 

3.2.2  pH and total ammonia determination  

The pH of marine and estuarine water samples and synthetic seawater was measured using 

the standard reference spectrophotometric method in a flow system, following the procedure 

outlined in SOP 6b by Dickson et al [9]. The pH of the un-buffered source solution used in the 

GDM study was measured using a multi-parameter laboratory analyser (smartChem-Lab, TPS, 

Australia) fitted with an intermediate junction pH electrode (TPS, Australia).  
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The concentration of accumulated ammonium in the receiving solution and total ammonia in 

the source solution was determined using the flow analysis method developed for trace 

determination of ammonia nitrogen in marine waters described by O’Connor Šraj et al [10].  

A portable conductivity meter (TPS WP-84, TPS, Australia) and a thermometer coupled with a 

high accuracy immersion probe (Precision Plus, ThermoWorks, USA) were used to measure 

solution conductivity and temperature, respectively.  

 

3.2.3  Gas diffusion membranes 

Three commercially available porous and hydrophobic GDMs supplied by Merck Millipore were 

tested. These included SureVent®, Fluoropore™ and Durapore®, and the membrane 

characteristics are described in Table 3-1.  

 

Table 3-1. Membrane characteristics. 
 SureVent Durapore Fluoropore 

Product code* VVSP GVHP GPTFEPE 

Membrane 
Material* 

Modified PVDF PVDF PTFE - 
polyester 
support 

Average pore 
size (μm)* 

 
0.1 

 
0.22 

 
0.22 

Thickness 
(μm)* 

 
115  

 
125 

 
150 

Water 
breakthrough 
pressure (psi) 

 
≥ 73 

 
≥ 30 

 
≥ 60 

SEM Image** 

  

N/A 

VVSP, GVHP, GPTFEPE – Manufacturer product codes 
PVDF – poly(vinylidene fluoride), PTFE – polytetrafluoroethylene 
* Information obtained from Millipore, Product Selection Guide for Microfiltration Membranes [11].  
** Scanning Electron Microscope images were obtained on a FEI Teneo Volumescope system under high vacuum 
with an accelerating voltage of 500 V, beam deceleration of -4 kV and a beam current of 13 pA at a magnification 
10,000x. The PTFE membrane was incompatible with the scanning process of the SEM, and thus membrane 
images for this material were not able to be captured.  
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3.2.4 Passive sampling experiments and assemblage 

The passive sampling device was assembled as described by Almeida et al. [7], however a GDM 

was used rather than a PIM, and two Viton gaskets (Gasketech, Australia) replaced the Teflon 

washer and the rubber O-ring (Figure 3-1a). Laboratory-based passive sampling experiments 

were conducted as described by Almeida et al. [7], using aquarium pumps to promote flow, 

and adhesive door/window strips (Raven, Australia) to seal the 10 L plastic containers and lids. 

Flow pattern effects on ammonia accumulation were studied under laboratory conditions 

using cylindrical flow shields made from pieces of polypropylene (11 cm diameter x 4 cm 

height), which were tightly fixed to the passive sampling devices’ caps with aperture, leaving 

approximately 2 cm of the shield exposed to the source solution (Figures 3-1a(1) and 1b) [12]. 

The same study was also conducted in the Yarra River estuary at Newport (37ᵒ 50’31.5”S, 

144ᵒ53’51.1”E), and at the Environment Protection Authority - Victoria water sampling site at 

Long Reef (38ᵒ 01’50.9”S, 144ᵒ35’29.8”E), 1.8 km off the Werribee Coast. The receiving 

solution compositions used were 0.1 M HCl and 0.1 M NaCl, and 0.1 M HCl and 0.2 M NaCl, 

respectively. 

Laboratory-based calibration of the passive sampling devices was performed using synthetic 

seawater (34 g L-1 NaCl, 1 g L-1 Trizma® base and 4.85 mM HCl, salinity of 35, and pH 8.0) as the 

source solution. The corresponding experiments were undertaken at 22.2 o C in a temperature-

controlled cabinet (Clegg, Australia; with E5CN OMRON temperature controller). The 

calibration was performed over a range of ammonia concentrations spanning between 0.97 – 

11.5 μM NH4+ using a second order polynomial. A linear calibration curve, based on the lower 

concentration range between 0.97 and 6.62 μM NH4+, was utilised for determining the limit of 

detection using the error of the regression described by Miller and Miller [13]. 

For validation purposes, a laboratory-based experiment using seawater collected from the 

Lagoon Pier in Port Melbourne (37ᵒ 50’45.0”S, 144ᵒ56’20.7”E) was undertaken by spiking it 

with 8.02 µM ammonium, and testing the performance of the passive samplers under the same 

experimental conditions as those used for the construction of the laboratory-based calibration 

curve. Real seawater was collected and stored in the dark at 4 ᵒC, and was used unfiltered, 

without the addition of biocides. A field-based passive sampling experiment was also 

conducted in the Werribee River estuary (37ᵒ 56’34.0”S, 144ᵒ40’12.3”E) over a period of 3 

days. Daily spot samples were collected during the 3-day deployment period to allow total 
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ammonia monitoring alongside temperature, pH, and salinity. The receiving solution 

composition used in both studies was 0.1 M HCl and 0.02 M NaCl.  

 
 

   
Figure 3-1. (a) GD-PS assembly (1) and PSs without (2) and with (3) a flow shield. (b) Cross section of 
the GD-PS (membrane thickness not drawn to scale), and schematic illustration of the diffusion process 
of dissolved ammonia (NH3(aq)) from the source solution through the pores of the hydrophobic GDM 
(NH3(g)) and its reaction with hydrogen ions in the receiving solution resulting in its conversion to the 
ammonium cation (NH4

+
(aq)). 

 
 

3.3  Results and discussion 

3.3.1  Gas-diffusion based passive sampler 

A schematic of the GD-PS, developed in this study, is shown in Figure 3-1b. The sampler 

contains an acidic receiving solution (10 mL), which is separated from the source solution by a 

porous and hydrophobic GDM. The ammonia accumulation mechanism involves ammonia 

evaporating from the source solution into the pores of hydrophobic GDM and then diffusing 

to the membrane/acidic receiving solution interface to readily react with hydrogen ions and 

forming ammonium. Molecular ammonia is effectively accumulated in the receiving solution 

as the ammonium ion, as GDMs are highly impermeable to ions and polar molecules. Due to 

the hydrophobic character of the membrane and the high acidity of the receiving solution, 

interference from solutes and dissolved gases with acidic character such as CO2 and SO2 can 

be eliminated.  

a 

1 

2 3 

b 
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The sum of both the molecular (NH3) and ionised (NH4
+) forms of ammonia is referred to as 

total ammonia. In the marine environment the speciation of ammonia is largely dependent on 

pH, temperature and to a lesser extent to salinity [14]. At pH 8.0 and a temperature of 20 ᵒC, 

molecular ammonia is 2.98% of total ammonia, however, even a small increase of 0.2 pH units 

and 2 ᵒC will result in a relatively large increase in the percentage of molecular ammonia, i.e. 

3.38% [14].  

 

 

3.3.2  Membrane permeability study and receiving solution optimisation  

When the salt concentrations of the solutions on both sides of the membrane are different, 

mild osmotic pressure effects involving movement of water from a region of low to high salt 

concentration can be observed which is accompanied by diffusive transport of solutes along 

their concentration gradients. These effects are undesirable in the operation of the GD-PS and 

therefore possibilities for their minimization were explored (Table 3-2). The GD-PSs were 

submerged in 2 L of un-buffered source solution to determine the degree of the osmotic 

effects mentioned above. After 19 h, the pH of the source solution was measured. The 

SureVent® membrane exhibited the best performance since insignificant pH change in the 

source solution was observed (Table 3-2). This is due most likely to the membrane smaller pore 

size in comparison with the other two GDMs (0.1 µm versus 0.22 µm) and the manufacturer’s 

treatment of the membrane to enhance its hydrophobicity (proprietary information not 

provided by manufacturer). The SureVent® membrane was thus selected for all further 

experiments.  
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Table 3-2. Study of the gas-diffusion membranes and the receiving solution composition. 

Membrane type Receiving solution 
composition 

pH drop after 19 h (pH 
units) 

[NH4
+] in the receiving 
solution (µM) 

SureVent®a 1 M HCl 0.06 - 

Fluoropore™a 1 M HCl 3.17 - 

Durapore®a 1 M HCl 4.46 - 

SureVent®b 0.01 M HCl, 0.56 M NaCl - 43.3 ± 0.8 

SureVent®b 0.1 M HCl, 0.2 M NaCl - 45.7 ± 5.0 

SureVent®b 0.15 M HCl - 69.3 ± 11.4 

SureVent®b 0.3 M HCl - 21.4 ± 5.4 

a Study of membrane stability under osmotic pressure. Source solution (2 L) composition: 2 g L-1 NaCl, 
pH 7.2 was achieved by the addition of a few drops of a 0.1 M NaOH solution (no ammonium was 
added). Duration of experiment: 19 h. As these solutions were un-buffered, a control experiment was 
conducted to evaluate the pH changes related to the uptake of atmospheric CO2. The solution pH of 
each membrane experiment was corrected accordingly. 
b Receiving solution composition optimisation study. Source solution composition: synthetic seawater 
(34 g L-1 NaCl, 1 g L-1 Trizma® base, 4.85 mM HCl) containing 15.7 μM NH4

+. Experimental conditions: 
temperature 21 – 22 ᵒ C, pH 7.97, duration 7 days, 9 replicates for each receiving solution composition.    

 

 

Different receiving solution compositions were then studied (Table 3-2), and by matching the 

receiving solution composition as closely as possible to the source solution matrix in terms of 

salinity (except for 0.3 M HCl which had a conductivity double that of the source solution), it 

was possible to minimise the effects of osmotic pressure. It was noticed that both 0.15 M HCl 

and 0.3 M HCl receiving solutions exhibited on average between 5 – 25% volume loss over the 

course of the experiment, respectively. The receiving solutions containing both NaCl and HCl 

exhibited a negligible volume loss, good ammonia accumulation, and were therefore 

considered suitable for further studies. A receiving solution composition of 0.1 M HCl with the 

appropriate NaCl concentration (dependant on the salinity of the source solution) was chosen 

for the subsequent experiments.  
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3.3.3  Flow pattern effects on the ammonia uptake 

The effect of the aquatic flow patterns on the analyte uptake has been studied by comparing 

the accumulation of GD-PSs with and without flow shields (Figures 3-1a and 3-1b) as described 

by Garcia-Rodríguez et al [12]. Laboratory-based experiments were conducted by dipping 

devices with and without flow shields (n = 8 each) in 9 L of synthetic seawater spiked with 6.62 

µM of ammonium for a period of 7 days and using aquarium pumps to promote synthetic 

seawater mixing. The uptake of the un-shielded and shielded samplers was 10.7 ± 0.98 µM and 

9.46 ± 0.80 µM, respectively. A 2-tail Student’s t-test was performed, where the null hypothesis 

was accepted (i.e. no statistically significant difference between the two experimental results) 

if the calculated t-value was lower than the critical t-value at the selected confidence level. The 

t- value calculated for the laboratory-based flow pattern study was 2.72 and the critical t-value 

was 2.15 at the 95% confidence level. Therefore, there was a statistically significant difference 

between the results for the un-shielded and shielded sampling devices. These results are in 

accordance with the observations published by Garcia-Rodríguez et al [12]. 

The same experiment was repeated in estuarine water (Yarra River at Newport) and in 

seawater (Long Reef, Port Phillip Bay). The total ammonia concentrations of spot samples were 

measured as 2.77 – 2.95 µM between the two sites, with temperature and salinity ranging 

between 14.0 – 14.4 ᵒC and 31.3 – 34.5, respectively. The ammonia uptake of the un-shielded 

and shielded samplers at the Yarra River estuary site was 3.67 ± 0.61 µM and 3.18 ± 0.70 µM, 

respectively, and at Long Reef - 2.52 ± 1.06 µM and 2.92 ± 1.35 µM, respectively. A 2-tail 

Student’s t-test was performed for both locations showing no statistically significant difference 

between the results for un-shielded and shielded samplers at the 95% confidence level (Yarra 

estuary: 0.697 < 2.12 and Long Reef: 1.59 < 2.12).  

In the marine environment, water movement tends to be multi-directional as a result of wave 

and tidal action, however, in rivers and streams it tends to be unidirectional. Whilst flow shields 

have been shown to assist in minimising the effects of the aquatic flow pattern under 

laboratory conditions [12], in marine and estuarine environments, the use of flow shields did 

not provide any benefits and thus they were not used in the subsequent experiments. 
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3.3.4  Calibration of the GD-PS  

The GD-PS accumulates dissolved ammonia from the source solution, and by performing its 

laboratory-based calibration under controlled environmental conditions (temperature, pH and 

salinity) it is possible to determine the CTWA of total ammonia at the sampling site in the aquatic 

system over the period of sampling time. However, the ability of these devices to accumulate 

molecular ammonia from the source solution was drastically inhibited after a period of 4-5 

days (Figure 3-2a). In order to assess whether biofouling was inhibiting uptake, the membranes 

were immersed in a solution of 7.2 mM methylene blue, which is commonly used as a biological 

stain, before and after use. Prior to immersion in the source solution, the GDMs did not take 

up the stain, but post 7 day immersion, all GDMs exhibited some degree of staining, indicative 

of the presence of bacterial biofilms on their surfaces, which has likely resulted in some degree 

of blockage of their pores thus supressing ammonia uptake. Despite this issue, the ammonia 

uptake was linear up to 3 days, and hence a calibration curve was plotted for this sampling 

period (Figure 3-2b). Under the experimental conditions described for the laboratory-based 

calibration (Section 3.2.4) the detection limit of the passive samplers was determined as 1.64 

µM NH4+ and the repeatability (%RSD) at a source solution concentration of 3.54 µM was 11.9% 

(n = 7).   

The rate of molecular ammonia uptake from the source solution to the receiving solution 

appears to have a non-linear response at higher concentrations (Figure 3-2b.), which may be 

due to the equilibrium partition of NH3/NH4+ favouring greater production of molecular 

ammonia as it is removed from the solution by the GD-PS. Additionally, while the first data 

point on the calibration curve (i.e. 0.97 mM) was supposed to represent the blank, daily 

measurements of ammonia nitrogen present in the source solution blank indicated the 

presence of trace contamination of ammonia, most likely originating from atmospheric inputs, 

and/or from reagents used to prepare the artificial seawater. 
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Figure 3-2. (a) Transient concentration of ammonium in the receiving solution versus sampling time for 
the following total ammonia concentrations in the source solutions: (Δ) 3.54 µM, (◊) 6.70 µM, (○) 11.5 
µM. (b) Laboratory-based calibration of the GD-PS: concentration of ammonium in the receiving 
solution versus the total ammonia concentration in the source solution after 3 days of sampling time. 
(◊) (y = 1.753 x 10-2)x2 – (5.213 x 10-1)x + 2.812), R2 = 9.9524 x 10-1. Receiving solution composition: 0.1 
M HCl and 0.2 M NaCl. Source solution composition: 34 g L-1 NaCl, 1 g L-1 Trizma® base, 4.85 mM HCl 
(pH 8.0 ± 0.2), temperature 22.2 ± 0.3 ᵒC, and total ammonia concentrations between 0.97 – 11.5 μM 
NH4

+. Error bars = ± standard deviation of 7 replicate samplers.  
 

 

3.3.5  Validation 

While ammonia speciation is dependent on pH, temperature and salinity, the proposed GD-PS 

is expected to perform well in ocean and sea environments, where fluctuations in pH, 

temperature and salinity are characteristically small over long time scales. However, in 

estuarine environments a larger error would be expected, where high daily changes in pH, 

temperature and salinity may be experienced with the tidal cycle and with freshwater influx as 

a result of rainfall in the upstream catchments. For this reason, validation experiments were 

performed under laboratory conditions using seawater, and in the field at an estuarine site, in 

order to assess the performance of the GD-PS in different water matrices. 

 

3.3.5.1  Laboratory application 

The experiment involved 4 samplers and was conducted for a period of 3 days under controlled 

experimental conditions (described in Section 3.2.4) using aquarium pumps to promote flow. 

The temperature, salinity, pH, and total ammonia concentration of the seawater source 

solution were measured daily and the following average values were obtained: temperature - 

22.2 ± 0.84 ᵒC, salinity - 33.6 ± 0.03, pH - 7.98 ± 0.09, and total ammonia concentration - 4.60 
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± 3.32 µM. The initial ammonia concentration of the seawater source solution of 8.02 µM 

decreased to 0.31 µM at the end of the sampling period due to the rapid growth of bacteria. 

The laboratory-based calibration (Figure 3-2b) was used to determine the CTWA for total 

ammonia and was found to be 4.42 ± 0.20 µM (n=5). No statistically significant difference was 

found at the 95% confidence level (2-tail Student’s t-test: 0.111 < 2.37) between the average 

total ammonia concentration measured in the seawater source solution mentioned above and 

the total ammonia CTWA. The excellent agreement between the two sampling methods 

characterised by a relative error of 4.03% demonstrated the suitability of the newly developed 

GD-PS for environmental monitoring of ammonia in sea and ocean environments. 

 

3.3.5.2 Field application 

A field study was undertaken in the Werribee River estuary for a 3-day deployment period, 

with 5 gas-diffusion passive sampling devices, containing receiving solution (0.1 M HCl and 0.02 

M NaCl) with a salinity similar to that of the matrix. Spot samples were collected daily at 

different tidal heights, and the average temperature (22.5 ± 2.8 o C), salinity (23.2 ± 5.2) and pH 

(8.04 ± 0.16) were determined over the period of deployment. The CTWA for total ammonia was 

determined on the basis of the concentrations of ammonia in the receiving solutions of the 

five samplers after a 3-day deployment. The laboratory-based calibration curve (Figure 3-2b) 

was used. No statistically significant difference was found at the 95% confidence level (2-tail 

Student’s t-test: 0.735 < 2.37) between the average total ammonia concentration measured in 

the estuarine spot samples (5.41 ± 0.30 µM) and the total ammonia CTWA (6.21 ± 2.18 µM). 

There was thus good agreement between the two sampling methods, with a relative error of 

13.0%, which is considered to be reasonable for passive sampling in waters with a highly 

complex and variable matrix [15]. 

 

 

3.4  Conclusions 
A novel passive sampler based on gas-diffusion has been developed and applied as a proof of 

concept for the monitoring of ammonia in marine waters. The performance of the GD-PS 

device was tested under laboratory conditions using seawater under stable and controlled pH, 

temperature and salinity conditions, and in the field at an estuarine site. The relative error 
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between the concentration of ammonia nitrogen measured, and the experimentally 

determined time weighted average concentration for the seawater matrix was 4.03% and for 

the estuarine environment it was 13.0%. In an environment where the variables affecting 

ammonia speciation (pH, temperature and salinity) are stable over long periods of time, these 

devices can be used for studies aimed at understanding complex biogeochemical cycling of 

ammonia nitrogen in the water column, however, in more complex and variable environments 

the same GD-PS devices would be more suitable for monitoring point-source nutrient inputs 

and episodic pollution events. While the GD-PS described in this study was successfully applied 

in the field for a 3-day deployment period, this time-frame may be short for large-scale 

environmental monitoring. Therefore, a number of different strategies to minimise the effects 

of biofouling are currently being investigated, in addition to a detailed evaluation of the effect 

of temperature, matrix pH and salinity. On the basis of the results obtained it can be concluded 

that the newly developed gas-diffusion-based passive sampling approach offers a cheap, easy-

to-use and reliable alternative to conventional spot sampling, and it does not require sample 

pre-treatment steps prior to analysis unlike existing passive sampling techniques. All these 

features make the GD-PS an attractive new tool for marine and estuarine water quality 

monitoring.  
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CHAPTER 4:  Monitoring of ammonia in 
marine waters using a passive sampler with 
biofouling resistance and neural network-
based calibration 
 

Foreword 
In Chapter 3, the development of the first prototype of a gas-diffusion based passive sampling 

device (GD-PS) for ammonia monitoring in marine waters and its application as a proof of 

concept for a 3-day deployment in an estuary and in a tank with recirculated natural seawater 

is described. Whilst the device showed promise, it was unable to be deployed for periods of 

more than three days due to biofilm formation on the surface of the gas-diffusion membrane 

thus limiting the uptake of ammonia from the sampled medium. Additionally, in order to 

determine the time-weighted average concentration during the period of deployment, 

calibration of the device was required in the laboratory under the same environmental 

temperature and pH conditions at which the GD-PS was deployed, which limited the usability 

of the device for widespread water quality monitoring programs.  

The research described in this chapter looks at a) a number of different antifouling strategies 

to reduce the impact of biofouling on the device and improve its deployment longevity, b) 

assessing the impact of the environmental variables temperature, pH and salinity on the 

performance of the device, and c) developing a universal calibration model over a range of 

commonly occurring environmental conditions, by applying the Group Method Data Handling 

algorithm as a neural network-based calibration approach.  The content of this chapter was 

published in 2020 in the journal Environmental Pollution.  
 

 

O'Connor Šraj, L., Almeida, M. I. G. S., Sharp, S., McKelvie, I. D., Morrison, R., Kolev, S. D., (2020) 

Monitoring of ammonia in marine waters using a passive sampler with biofouling resistance 

and neural network-based calibration, Environmental Pollution, 267, 115457, 

https://doi.org/10.1016/j.envpol.2020.115457 
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Abstract 
A biofouling resistant passive sampler for ammonia, where the semi-permeable barrier is a 

microporous hydrophobic gas-diffusion membrane, has been developed for the first time and 

successfully applied to determine the time-weighted average concentration of ammonia in 

estuarine and coastal waters for 7 days. Strategies to control biofouling of the membrane were 

investigated by covering it with either a copper mesh or a silver nanoparticle functionalised 

cotton mesh, with the former approach showing better performance. The effects of 

temperature, pH and salinity on the accumulation of ammonia in the newly developed passive 

sampler were studied and the first two parameters were found to influence it significantly. A 

universal calibration model for the passive sampler was developed using the Group Method 

Data Handling algorithm based on seawater samples spiked with known concentrations of total 

ammonia under conditions ranging from 10 to 30 °C, pH 7.8 to 8.2 and salinity 20 to 35. The 

newly developed passive sampler is affordable, user-friendly, reusable, sensitive, and can be 

used to detect concentrations lower than the revised default guideline value of 160 μg total 

NH3-N L-1, for a 99% species protection level, with the lowest concentration measured at 17 

nM molecular NH3 (i.e., 8 μg total NH3-N L-1 at pH 8.0 and 20 °C). It was deployed at four field 

sites in the coastal waters of Nerm (Port Phillip Bay), Victoria, Australia. Good agreement was 

found between molecular ammonia concentrations obtained with passive and discrete grab 

sampling methods (relative difference, - 12% to - 19%).   

 

 

Keywords: Passive sampling; ammonia; marine water sampling; gas-diffusion membrane. 
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4.1   Introduction 
Globally nutrient pollution is a major threat to the health of aquatic ecosystems [1, 2]. 

Increasingly large-scale anthropogenic run-off from agricultural land, industrial processes and 

atmospheric deposition, results in the nutrient enrichment of natural waters causing increased 

primary production and eutrophication [1-4]. Estuarine and coastal waters are susceptible to 

eutrophication from total nitrogen and total phosphorus, which can lead to oxygen depletion 

in the water column and benthic environments [5].  

Ammonia is commonly monitored as an indicator of water quality by regulatory bodies 

responsible for monitoring and providing information about the health of aquatic ecosystems. 

The sources, dispersal and fate of ammonia are of concern to water quality managers, and 

efficient and reliable monitoring approaches are needed, especially during pollution events.  

The speciation of ammonia in aquatic environments (NH3/NH4+) is dependent on pH and 

temperature, and to a lesser extent salinity [6]; the sum of both molecular ammonia (NH3) and 

ammonium (NH4
+)  are referred to as total ammonia.  

Current Australian and New Zealand Guidelines (ANZG) for fresh and marine water quality 

specify the default guideline value for total ammonia in marine waters as 500 µg NH3-N L-1 

(equivalent to 1.06 µM molecular NH3 at pH 8 and 20 °C) for a 99% species protection level [7]. 

However, additional data will likely result in further revisions to these guidelines, with a 

guideline value of 160 µg NH3-N L-1 (i.e., 340 nM molecular NH3 at pH 8 and 20 °C) determined 

to be more appropriate for maintaining ecosystem function and health [8], highlighting the 

need for more sensitive, but still reliable, ammonia monitoring methods. 

Most water quality monitoring programs involve intermittent (i.e., in response to pollution 

events) or routine (baseline) spot sampling during daylight hours, preservation and sample pre-

treatment (i.e., filtration) prior to sample analysis. Such methods can be time-consuming, 

expensive, weather dependent (or unsafe), and prone to sample contamination [9]. Passive 

sampling techniques overcome many of the disadvantages of grab sampling by collecting and 

accumulating the analyte of interest in-situ, providing a time-weighted average concentration 

for the period of deployment [9, 10]. The advantages of passive sampling make this a desirable 

tool for routine monitoring and for identifying pollution hotspots. Over the last three decades, 

various passive sampling techniques were developed to monitor a wide range of important 

aquatic pollutants [9-11]. Passive sampling allows for the time-weighted average concentration 
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of the analyte(s) of interest to be determined over the period of deployment. This technique 

has been successfully used to overcome a number of limitations of traditional water quality 

monitoring programs using intermittent spot sampling. The fundamental advantages of passive 

sampling include allowing for lower levels of target species to be detected (due to the 

preconcentration ability of passive samplers) [12], and more representative data to be 

collected, especially in highly dynamic environments such as estuaries, and over large 

spatiotemporal scales to account for tidal cycles, flood events and even seasonal variability 

over longer deployment times [13-15].  

Diffusive gradients in thin films (DGT) samplers have been described in the literature for 

monitoring nutrient concentrations including ammonia [16, 17], nitrate [17, 18] and phosphate 

[17, 19-23]. Using ion-exchange resins as binding agents, DGTs have been applied to different 

freshwater systems, including streams and wetlands, as well as in the assessment of lake 

sediment remediation techniques [16, 18-20, 24]. A passive sampling device using a polymer 

inclusion membrane (PIM) for ammonia monitoring in freshwaters has been successfully 

developed [25]. This device consists of a receiving solution separated from the sampled aquatic 

medium by a PIM. Subsequent ammonia monitoring using PIM-based passive samplers in 

combination with standard microbial faecal indicators was applied to identify dry-weather 

leaks (i.e., cracked sewer pipe) and episodic pollution events (e.g., sewer spills)  [26]. However, 

both DGT- and PIM-based passive samplers are susceptible to interference from dissolved salts 

and therefore not appropriate for use in high salinity matrices, such as estuarine and marine 

waters.  

Ammonia determination using gas-diffusion separation has been widely used in automated 

flow analysis methods [27], in potentiometric ion selective electrodes (ISEs) [28-34], and more 

recently in a gas-permeable membrane-based conductivity (GPMCP) probe deployed in an 

estuary for 24 hours [35]. Automated methods commonly require the use of expensive and 

sometimes custom-made equipment, a high degree of operator skill and are predominantly 

used in a laboratory setting, although in situ and shipboard underway applications have been 

described [27]. ISEs require the use of a gas-diffusion membrane to eliminate interference 

from K+, Na+ and Ca2+ ions whose concentrations are commonly several orders of magnitude 

higher in seawater than that of the NH4+ ion. This results in characteristically poor sensitivities 

and slow response times, which can be improved by the addition of an alkalising reagent to the 

sample. Ammonia ISEs are typically used in laboratories for measuring ammonia [31, 32], and 
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have not been tested and validated for long-term, in situ field deployment in saline waters. 

While the GPMCP probe shows promise in terms of in situ monitoring capability, the sensitivity 

of the sensor decreases as a function of deployment time [36], and the complexity and cost of 

fabrication of custom-made electronic components and the need for power to operate the 

instrument may limit its usability in widespread environmental monitoring campaigns. 

Am ammonia gas-diffusion passive sampler (GD-PS) for use in marine waters using a gas-

diffusion membrane instead of a PIM has previously been described [37], however, membrane 

biofouling inhibited the performance of the GD-PS after three days. In addition, this passive 

sampler required calibration at the specific temperature and pH of the water of each 

deployment site. Hence, in the present work, strategies to overcome the effects of biofilm 

formation on the ammonia accumulation by the GD-PS were investigated and they involved 

covering the GD membrane with either a copper mesh or a silver nanoparticle functionalised 

mesh. This article also reports the development of a single calibration model, involving the use 

of the Group Method Data Handling (GMDH) algorithm [38], to calibrate the GD-PS over a 

range of environmental pH (7.8 to 8.2), temperature (10 to 30 °C) and salinity (20 – 35) 

conditions, allowing for a universal calibration to be used in determining the ammonia time-

weighted average concentration ([NH3]TWA) in a wide range of marine waters. 

 

 

4.2   Materials and methods 

4.2.1.   Reagents and solutions 

The preparation of reagents, GD-PS receiving solutions, and synthetic source solutions are 

described in Section A (Appendix).  
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4.2.2   Analytical tools and methods 

The pH of synthetic seawater and discrete grab samples (also known as spot samples) was 

measured using a flow system utilising a spectrophotometric method [39, 40]. The system was 

assembled using an Ocean Optics spectrophotometer (USB4000), a tungsten halogen light 

source (LS-1) with a blue filter (BG-34), and a 10 cm optical path length flow cell. A certified 

reference material (Batch 141 Certified Seawater) from the Scripps Institute of Oceanography 

was used to assess the performance of the pH flow system, which was accurate to within ± 

0.005 pH units of the reported value (pH 7.887 at 25 °C) and with an interquartile range of 

0.001.   

The concentration of accumulated ammonia in the receiving solution (measured as 

ammonium) and total ammonia in the sample source solution were determined using a 

Sensitive Environmentally-friendly Ammonia (SEA) analyser [41]. Two working ranges were 

used, namely 0.28 – 13.9 µM for the source solution samples and 1.4 – 55.6 µM for the GD-PS 

receiving solutions. Typical limits of detection were 88 nM and 440 nM for the lower and upper 

concentration ranges, respectively. A certified reference material (ERA A Waters Company, Lot 

no. 080715 Traceability against NIST SRM (194) 99.1% concentration 1,000 ± 6 mg L-1) diluted 

to 5.0 µM for the lower range and 30.0 µM for the upper range was used to assess the 

performance of the SEA analyser with errors in the order of ± 1.9% for the lower range and ± 

1.3% for the upper range. Molecular ammonia in the sample source solution was calculated by 

multiplying the total ammonia concentration by the fraction of un-ionised ammonia in 

solution, which was determined using an empirical model described by Bower and Bidwell [6], 

when the temperature (°C), pH values, and salinity were known.  

To measure solution conductivity and temperature, a portable conductivity meter (TPS WP-84, 

TPS, Australia) calibrated using a 36 ppK salinity standard (TPS, Australia) alongside a high 

accuracy thermometer coupled with a platinum resistance temperature detector (RTD) 

immersion probe (Precision Plus Thermometer with RTD High Accuracy Freezer Probe, 1/10 

DIN, ThermoWorks, USA) were used.  
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4.2.3   Gas-diffusion membranes  

Three commercially available hydrophobic gas-diffusion membranes (GDM’s) were tested, viz. 

SureVent® (0.1 µm pore size), Fluoropore™ (0.22 µm pore size) and Durapore™ (0.22 µm pore 

size) (Merck Millipore). Membrane characteristics have been described previously [37]. 

 

4.2.4   Antifouling strategies 

Two types of copper mesh and a cotton mesh functionalised with silver nanoparticles (AgNP) 

were investigated for control of membrane biofouling. The copper mesh (TWP Inc., California) 

was supplied in an overall thickness of 112 µm and two different weave densities (100 wires 

per inch with 60% opening, and 200 wires per inch with 35% opening). The AgNP cotton mesh 

was prepared according to the method described by Rehan et al. [42] using 45 g of muslin 

(Grade 80, thread count 40 x 32 per square inch), 1 L solution of 1200 mg L-1 AgNO3 (Chem-

Supply) and 5% (w/w) solution of trisodium citrate (Chem-Supply) added drop wise. In order to 

test the efficacy of the silver nanoparticle treatment, three layers of the AgNP cotton mesh 

were sandwiched together as the muslin cloth had a low specific surface area, due to a low 

thread count. A single layer of copper mesh was employed in the copper-based experiments.  

Biofouling on the surface of each GDM was quantified by immersion of the membrane in a 

methylene blue stain for 60 seconds [43], followed by photo scanning of the stained membrane 

using a CanoScan Lide220. The image was processed using ImageJ software, using the red 

colour channel to determine the extent of biofouling by monitoring the intensity of colour 

change between the unstained and stained GDM immersed in the field, or in real seawater 

solutions in the laboratory.  

 

4.2.5   Passive sampler assembly and calibration  

The GD-PSs were assembled as described previously [37], with the addition of an antifouling 

mesh between the outer surface of the GDM and the sampled medium (i.e., source solution) 

(Figure).  
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Laboratory experiments were performed using unfiltered low-nutrient seawater collected 

from Half Moon Bay, Victoria, Australia as the source solution (Figure S4-1, Table S4-1, 

Appendix), spiked with the appropriate volume of ammonia stock solution prepared by using 

NH4Cl. Experiments were conducted as previously described [37], using 10 L tanks in a 

temperature controlled cabinet with 500 L h-1 aquarium pumps to promote flow. For 

laboratory calibration experiments, the pH was adjusted by the addition of small volumes of 5 

M HCl or NaOH solutions, and the salinity was adjusted with the addition of deionized water.  

All experiments were conducted for a period of 7 days, except for the field biofouling 

experiment that was conducted over 8 days, with 10 GD-PSs used for each 

condition/concentration tested. 

The Group Method Data Handling (GMDH) algorithm [38] was used to model the behaviour of 

the GD-PS under a wide range of environmental variables (salinity 20 – 36, temperature 10 – 

30 °C and pH 7.8 – 8.2), using the commercially available GMDH predictive analytics software 

package (GMDH Shell version 3.8.9) [44]. Seawater pH was adjusted and thermostated at the 

desired temperatures. Daily pH, temperature and total ammonia measurements of the source 

solution were performed over a 7-day period. Receiving solutions were analysed at the 

completion of the experiments (i.e., after 7 days) and used to determine the [NH3]TWA. The 

concentrations greater than the 90th or less than the 10th percentile were removed (10 percent 

trimmed mean) in order to minimise the influence of outliers, and to provide a better 

estimation of central tendency of data both for model calibration and validation [45]. The 

temperature, pH, average molecular ammonia concentration of the source solution, and the 

10 percent trimmed mean receiving solution ammonia concentration were used to develop 

the GMDH calibration model.  

The linear concentration range of the proposed GD-PS was determined using a range of 

standard source solutions prepared under the following conditions: salinity 35, 20 °C and pH 

8.0.  
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Figure 4-1. A) GD-PS assemblage with antifouling mesh. B) Cross-section of the GD-PS showing the 
process of selective accumulation of dissolved NH3(aq) from the source solution, where the gas diffuses 
into the pores of the hydrophobic gas-diffusion membrane (not to scale) and the subsequent reaction 
of NH3(g) at the membrane/receiving solution interface where the molecular ammonia is converted to 
ammonium ion (NH4

+
(aq)) by reaction with a hydrogen ion (H+

(aq)) in the receiving solution. Inset: 
Proposed antifouling mechanism when using the copper mesh, involving the oxidation of elemental 
copper and subsequent generation of the toxic cuprous and cupric ions.   
 

4.2.6   Field deployment 

Four field-based passive sampling experiments were conducted in Victoria, Australia, i.e., the 

Birrarung (Yarra River) estuary (Site 1), Hobsons Bay (Site 2), the Werribee River estuary mouth 

(Site 3) and approximately 5 kilometres upstream (Site 4) (Figure S4-1, Table S4-1, Appendix). 

These sites are part of the larger coastal area of Nerm (Port Phillip Bay).  

During the GD-PS deployment, 250 mL discrete grab samples were collected every 2 hours at 

each site during the 7 day deployment period, using a Hach Sigma autosampler (model 900) 

fitted with 24 x 1 L polyethylene bottles, each of which contained 50 μL H2SO4 (98% RCI 

Labscan) to preserve samples. Samples remained in the dark and on ice until collection, and 

new bottles and ice were replaced every 48 hours. A Durapore™ 0.45 μm syringe filter 

(Millipore) was used for sample filtration, and samples were kept at ≤ 4 °C and analysed within 

3 days of collection using the SEA analyser described above. 

Multiparameter water quality sondes with sensors for pH, electrical conductivity (EC) and 

temperature were deployed at each site during field work. Hanna Instruments (H17629829) 
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was deployed at Sites 1, 2 and 3, the Hydrolab (DS5X) was used at Site 4, and YSI (EXO2) was 

used at Site 4 for the biofouling experiment. The GD-PSs were fitted to a floating cage [26], to 

which an autonomous sonde was attached prior to submerging both just beneath the surface 

of the water. At Sites 1 and 3, the GD-PS and sondes were deployed from a floating jetty, at 

Site 2 from a fixed pier, and at Site 4 the GD-PS were deployed from a partially submerged tree 

where the sonde had been secured to a steel post driven into the river bed.  

A three-point calibration of the pH glass electrodes was carried out using standard pH buffers, 

pH 4, 7 and 10 (TPS, Australia). Such electrodes are susceptible to liquid junction potential 

errors in saline matrices [46]. Hence, five grab samples were manually collected from each site 

during the 7-day deployment period (on days 0, 2, 4, 6 and 7, with day 0 being the deployment 

day, and day 7 the collection day), and pH and temperature were measured using the 

instrumentation described in the ‘Analytical tools and methods’ Section 4.2.2. This allowed for 

liquid junction potential errors to be corrected on the multiparameter autonomous sondes 

used in the field. A 36 ppK calibration solution (TPS, Australia) was used to calibrate the EC 

probes of the sondes at the beginning of each experiment and was used again at the 

completion of the experiment to check for sensor drift.  

GD-PS receiving solutions contained 0.01 M HCl and an appropriate concentration of NaCl to 

approximately match the conductivity of the source solution. For Site 2 and 3, a receiving 

solution composition of 0.01 M HCl and 0.56 M NaCl was used, for Site 1 a 0.01 M HCl and 0.48 

M NaCl receiving solution was used, and for Site 4 a 0.01 M HCl and 0.40 M NaCl receiving 

solution was used.  

 

 

4.3   Results and discussion 

4.3.1   Membrane selection and receiving solution optimisation 

Three different hydrophobic porous GDMs were tested in a tris-buffered synthetic seawater 

source solution (salinity 35, 20 °C) with different receiving solution compositions to determine 

which combination provided the highest ammonia accumulation and best precision (Figure S4-

2, Appendix). It was previously shown that maintaining a similar conductivity between source 
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and receiving solutions was important to minimise the movement of water by osmosis across 

the porous hydrophobic GDM [37]. Thus all three membranes, SureVent®, Fluoropore™ and 

Durapore™ were tested with solutions containing mixtures of HCl and NaCl (viz., 0.01 M HCl + 

0.56 M NaCl and 0.1 M HCl + 0.2 M NaCl) alongside 0.15 M and 0.3 M HCl (all with conductivities 

of approximately 5.0 S m-1, except for the 0.3 M HCl solution, which was approximately twice 

as high).  

Whilst the GD-PS with the SureVent® membrane exhibited an overall higher precision when 

compared to those with Fluoropore™ and Durapore™ membranes, it exhibited lower 

accumulation of ammonia, likely due to the smaller pore size of the SureVent® membrane in 

comparison with that of the other two (0.1 µm vs. 0.2 µm). 

In the previous study, a 0.1 M HCl + 0.02 M NaCl receiving solution was used [37], which 

allowed the GD-PS to be applied to water salinity of around 25. However, in this study both 

low- and high-conductivity marine waters were monitored. Hence, a 0.01 M HCl solution was 

selected as it allowed for greater flexibility in terms of matching the conductivity of the 

receiving solution to that of the sampled medium by adding NaCl to achieve the final desired 

conductivity. There was no flexibility with the 0.15 M HCl receiving solution as its conductivity 

was effectively the same as seawater with a salinity of 35. Hence, a receiving solution 

composed of 0.01 M HCl and 0.56 M NaCl was selected as it provided the highest overall 

precision while allowing for the GD-PS to be deployed in a range of ionic strength 

environments, from low ionic strength estuarine to high ionic strength marine environments 

with good ammonia accumulation. The Fluoropore™ membrane was selected for further 

experiments because it provided the best compromise between ammonia accumulation and 

precision in comparison with the other two membranes with 0.01 M HCl and 0.56 M NaCl as 

the receiving solution.  

 

4.3.2   Membrane antifouling strategies  

Bacterial and microalgal biofilm formation on the surface of the porous hydrophobic GDM 

impacted the previously described GD-PS, where the accumulation of ammonia in the device 

was observed to ‘plateau’ after a period of 3-4 days limiting its usability [37]. Membrane 

biofouling is known to limit the operating lifetime of gas sensing instruments deployed in 
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marine environments [47], and both copper and silver have successfully been used as biocides 

to limit biofilm formation in membrane facilitated separation technologies [21, 48, 49]. Hence, 

several antifouling strategies were tested with the aim of extending the sampling period of the 

GD-PS, namely, two different wire count densities of copper mesh, including Cu-100 (60% 

opening) and Cu-200 (35% opening), and three layers of a silver nanoparticle (AgNP) 

functionalised cotton mesh.  

When performing laboratory-based experiments it is difficult to simulate the specific 

environmental conditions experienced in the field, especially in relation to the volume of water 

into which the GD-PSs are submerged in the laboratory (i.e., 10 L), and the composition of 

microorganisms in the matrix. Therefore, the likelihood of bacterial and microalgal growth in 

this low volume, nutrient enhanced, closed body of water is very high, and may not mimic real 

conditions. These experiments were therefore performed under both laboratory and field 

conditions. 

The performance of the different antifouling strategies tested using the Fluoropore™ 

membrane-based GD-PS is illustrated in Figure.   

 

 

 

Figure 4-2. Membrane antifouling strategies under laboratory conditions. A) Effect of the different 
antifouling strategies on the ammonium concentration accumulated in the receiving solution after 7 or 
8 days of sampling in the laboratory or field study – Site 2, respectively. B) Effect of the different 
antifouling strategies on the extent of biofilm formation on the surface of the GDMs, where the 
intensity of blue colour after staining with methylene blue is proportional to the extent of biofouling. 
Laboratory experimental conditions: receiving solution, 10 mL of 0.01 M HCl + 0.56 M NaCl; source 
solution mean ammonia concentration 223 ± 10.7 nM at salinity 34.5, temperature 21 °C, pH 7.9, n(GD-

PS) = 5. Field study conditions: receiving solution, 10 mL of 0.01 M HCl + 0.56 M NaCl; source solution 
mean ammonia concentration 29.4 ± 14.9 nM at salinity 34.6, temperature 17 °C, pH 8.0, n(GD-PS) = 3. 
Error bars = ± standard deviation (SD) for n(GD-PS) = 5 (laboratory experiments) and n(GD-PS) = 3 (field study). 
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In the laboratory-based antifouling experiments, receiving solution samples were collected 

daily and measured to monitor the uptake of ammonia into the GD-PS. In the presence of 

antifouling treatments Cu-100, Cu-200 and AgNP, the ammonia accumulation was linear over 

the course of seven days (Figure S4-3, Appendix), while for the control experiment (No 

Treatment) the accumulation was non-linear. This is consistent with our previous work and 

emphasises the importance of inhibiting biofilm formation which otherwise adversely affects 

the performance of the GDM.  

The results observed in Figure 4-2A can be understood in the context of Fick’s first law of 

diffusion (Eqn. 1) [50], whereby the flux of total ammonia (JTA) will be reduced with any increase 

in the diffusive pathlength from the bulk solution to the GDM, thus affecting the overall 

accumulation rate in the receiving solution, where DTA is the effective diffusion coefficient of 

total ammonia , C is the total ammonia concentration and 𝑥 is distance.  

      𝐽 = −𝐷    (Eqn. 1) 

A diffusive boundary layer (DBL) will exist at the interface of any solid object in a flowing 

solution such as the GDM of the GD-PS studied, where the mass transfer rate (MTA) (Eqn. 2) 

and thus the amount of ammonia accumulated in the receiving solution of the newly 

developed GD-PS, is controlled solely by molecular diffusion through the DBL [51], and S is 

defined as the surface area through which diffusion takes place. 

      𝑀 = 𝑆 ×  𝐽     (Eqn. 2) 

The presence of an antifouling mesh placed in front of the GDM will create static solution 

pockets between the mesh threads and the GDM, and depending on the diameter of the 

threads (defining the mesh thickness), will increase the diffusional pathway. At the same time, 

the presence of the mesh will decrease S (Eqn. 2). These two effects explain the observed lower 

accumulation of ammonia in both the GD-PS fitted with the high density copper mesh (Cu-200) 

and the sandwiched-three layers of AgNP functionalised cotton mesh (FigureA). The low 

accumulation for the control GD-PS with no antifouling mesh (No Treatment) can be solely 

attributed to the presence of a biofilm on the surface of the GDM. The tortuous diffusion 

pathway of the ammonia molecules through the biofilm increases significantly the overall 

diffusional pathway between the bulk source solution and the GDM of the GD-PS, which will 

reduce the amount of ammonia accumulated in the sampler’s receiving solution [52, 53] 
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(Figure 4-2A). The GD-PS fitted with copper mesh (both densities Cu-100 and Cu-200) exhibited 

minimal biofouling when compared to the AgNP and No Treatment conditions in the laboratory 

(FigureB). This is likely due to the generation of the unstable cuprous (Cu+
(aq)) ion, which rapidly 

oxidises to the toxic cupric (Cu2+
(aq)) ion, adjacent to the surface of the GDM creating a micro-

environment unfavourable for bacterial and microalgal colonisation [54, 55].  

The antifouling strategy with the lower density copper mesh (Cu-100) characterised by 60% 

opening, exhibited higher ammonia accumulation than the Cu-200 mesh with 35% opening 

because of the difference in their respective diffusional areas (i.e., S, Eqn. 2). Additionally, the 

copper itself was effective at inhibiting biofilm formation on the surface of the GDM, as well as 

growth and multiplication of suspended bacteria and algae in the source solution.  

In the biofouling field experiment, performed in the Hobsons Bay study, Williamstown (Site 2), 

the highest ammonia accumulation was observed for the Cu-100 mesh-based GD-PS and the 

control GD-PS (No Treatment), whose values were not statistically significantly different from 

each other (2-Tail Student t-test 95% confidence interval: absolute value 1.63 < critical value 

2.78; p-value: 0.179) (FigureA). Interestingly, since the amount of biofouling on the surface of 

the GDMs in all cases was quite low for field deployed GD-PSs (FigureB), the above findings 

suggested that the Cu-100 mesh did not present a significant analyte mass-transfer barrier. In 

this field study, biofouling may not have presented as a significant issue in the accumulation 

performance of the GD-PS likely due to low primary productivity in this environment, 

characterised by the low ammonia concentration registered for the period of deployment (29.4 

± 14.9 nM). However, when calibrating the GD-PS, and deploying in highly productive 

environments (e.g., nutrient enhanced calibration solutions, eutrophic water bodies, such as 

Sites 1, 3 and 4), biofouling control is imperative. As a compromise between the amount of 

ammonia accumulated and the minimisation of the GDM biofouling, the Cu-100 mesh was 

adopted for all further work. 

 

4.3.3   Influence of temperature, salinity and pH on the GD-PS performance 

In seawater, ammonia exists predominantly in the ammonium form (NH4+(aq)), with a small 

fraction being in the more toxic form of molecular ammonia (NH3(aq)). The ammonia speciation 
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in marine waters has been well described, and is dependent on the environmental variables 

temperature, pH and to a lesser extent salinity [6].  

The mechanism of ammonia accumulation by the GD-PS involves the diffusion of dissolved 

molecular ammonia present in the source solution through the pores of the hydrophobic GDM 

into the GDM/receiving solution interface where it is ionised forming the ammonium ion as it 

reacts with the hydrogen ions present in the receiving solution (NH3(g) + H+
(aq) → NH4

+
(aq)). 

Ammonia is therefore selectively accumulated into the GD-PS receiving solution as ammonium 

(Figure). However, in order to determine the time-weighted average molecular ammonia 

concentration ([NH3]TWA), it is necessary to calibrate the GD-PS to establish the relationship 

between the ammonium concentration in the receiving solution and ammonia concentration 

in the sampled source solution. 

To assess if the ammonia accumulation was independent of the environmental variables, 

temperature, pH and salinity, an experiment was performed based on the empirical model of 

Bower and Bidwell (1978). While varying the matrix conditions (i.e., salinity, pH and 

temperature) appropriate amounts of ammonia were spiked into the source solutions to 

maintain a constant molecular ammonia concentration between experiments, as determined 

by the Bower and Bidwell model (Table S4-2, Appendix). 

Two different total ammonia concentrations were assessed, namely, 4.4 ± 0.2 μM and 8.5 ± 

0.1 μM (Figure S4-4, Appendix) in three different matrix compositions, each having effectively 

the same concentration of molecular ammonia available to the GD-PS (2.93% to 2.99% NH3). 

If no appreciable difference was observed in the amount of ammonia accumulated in the 

receiving solutions, then the calibration of the GD-PS could be performed as a function of 

available molecular ammonia independent of the variables, temperature, pH and salinity. 

However, there was a statistically significant difference between each of the experiments in 

the multivariate study, which is unsurprising, since it is well established that environmental 

factors such as temperature will affect the analyte accumulation rate of diffusion-based PSDs 

[56] (Figure S4-4, Appendix).  

Since it is well known that diffusion rates are temperature dependent, and can be corrected 

for by adjusting the diffusion coefficient for a given temperature [51, 53], it was necessary to 

determine if the other variables, pH and salinity also exhibited an effect on the sampling rate. 

The effect of the temperature, salinity and pH was therefore examined through the univariate 
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approach, where each variable was studied independently, again using the Bower and Bidwell, 

(1978) ammonia speciation model (Table S4-3, Appendix).  

The salinity study examined two concentrations of molecular ammonia in the source solution 

at two different salinities (FigureA). There was no statistically significant difference between 

the results for the different salinity matrices for the two concentrations analysed, and it was 

thus concluded that this variable did not affect the performance of the GD-PS.   

 

 

 

 

Figure 4-3. Effect of salinity (A), pH (B) and temperature (C) on the GD-PS accumulation. A) Salinity study 
experimental conditions: source solution, seawater (temperature 20 ᵒC, pH 8.0); n(GD-PS) = 8; receiving 
solution composition (salinity 20) = 0.01 M HCl and 0.34 M NaCl, and (salinity 35) = 0.01 M HCl and 0.56 
M NaCl; statistical analysis using a 2-tail student t-test at the 95% confidence interval (t-value < 2.145), 
and t-value[147 nM] 1.376,  t-value[311 nM] 0.414. B) pH study experimental conditions: source solution, 
seawater (salinity 34.5, temperature 20 ᵒC); n(GD-PS) = 8. C) Temperature study experimental conditions: 
source solution, seawater (salinity 34.5, pH 8.0). Error bars = ± SD (n(GD-PS) = 8). 
 

The pH study involved two ammonia concentrations and three different pH conditions, 

separated by 0.2 pH units (7.8 – 8.2), spanning the pH range commonly found in estuarine and 



 151 

marine waters (FigureB). A statistically significant difference was observed for each data set, 

and the GD-PS ammonia accumulation increased as pH was decreased. This result may seem 

contrary to expectations, given the lower fraction of NH3 at lower pH values. However, it was 

necessary to vary the source solution total ammonia concentration ([NH3]+[NH4
+]) in order to 

achieve the same molecular ammonia concentration ([NH3]) between the experiments with 

matrices of different pH (Table S4-3, Appendix). This is because as the pH decreases, the 

percentage of molecular ammonia also decreases, and as a result the total ammonia 

concentration had to be increased in order to maintain the same concentration of molecular 

ammonia for all source solutions with different pH. As molecular ammonia  diffuses into the 

pores of the GDM at the interface between the static solution layer and the membrane, 

additional NH3 is rapidly formed from ammonium ions (NH4
+ ↔ NH3 + H+) to compensate for 

the depletion of NH3 so that the equilibrium described by K = [NH3][H+]/[NH4
+] at the source 

solution pH is satisfied. Therefore, it is suggested that the higher concentration of total 

ammonia in the bulk solution will thus sustain a higher concentration of total ammonia at the 

GDM/source solution interface due to Fickian diffusion (Eqn. 1), thus resulting in increased NH3 

uptake and accumulation by the GD-PS. It is therefore reasonable to suggest that the total 

ammonia concentration may be an important factor in the observed results, as the rate of 

diffusion and thus the concentration at the membrane surface, depends on the total ammonia 

concentration in the bulk solution.  It is therefore not possible to undertake an examination of 

the effect of pH on the accumulation efficiency of the GD-PS independent of the total ammonia 

concentration.  

The temperature study involved the use of source solutions at five different temperatures from 

10 to 30 °C in 5 °C increments. The concentration of total ammonia was again varied between 

solutions set at different temperatures, in order to maintain the same molecular ammonia 

concentration available to the GD-PS (FigureC, Table S4-3, Appendix).  

There was a statistically significant difference between the data sets, except for the data sets 

at 20 °C and 25 °C. The response observed from the temperature study shows that the 

accumulation efficiency of the GD-PS increased as a function of increasing temperature up to 

approximately 20 °C, after which it decreased. In this instance, there are two competing effects 

influencing the ability of the GD-PS to accumulate ammonia from the source solution. 

Increased temperature will increase the rate of diffusion of total ammonia in the source 

solution/DBL, and of gaseous ammonia through the pores of the GDM thus promoting 
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increased ammonia accumulation in the GD-PS. However, in order to maintain a constant 

ammonia concentration in the source solution at different temperatures the total ammonia 

concentration in this solution was decreased for experiments conducted at higher 

temperatures (Table S4-3, Appendix). As a result of this, the concentration of total ammonia 

at the GDM/source solution interface was likewise reduced at higher temperatures, and the 

availability of NH3 for gas diffusion into the pores of the GDM was therefore lower at higher 

temperatures. The dominance of the latter effect at higher temperatures may explain the 

lower accumulation efficiencies for the GD-PS above 25 °C.  

Given that pH, temperature and total ammonia concentration appear to affect the GD-PS 

accumulation efficiency in a complex way, a simple regression equation would not be 

appropriate for calibration of the GD-PS, as it would be necessary to perform a calibration at 

every possible pH and temperature combination. In order to overcome this issue, the Group 

Method Data Handling algorithm (GMDH Shell software version 3.8.9 [44]) was used, which 

allowed for a high order polynomial regression model to be developed, applicable between the 

pH range 7.8 – 8.2 and temperature range of 10 °C – 30 °C (refer to the Appendix Section E 

GD-PS calibration). 

 

4.3.4.  GD-PS calibration using GMDH model 

The GMDH algorithm introduced by Ivakheneko [38], was used to develop a calibration model 

allowing the [NH3]TWA to be calculated in the sampled medium on the basis of the amount of 

ammonia accumulated as ammonium in the receiving solution of the GD-PS after 7 days of 

sampling, for pH and temperature of the sampled medium ranging from 7.8 to 8.2 and from 

10 to 30 °C, respectively. Forty-nine laboratory experiments under different pH, temperature, 

and total ammonia concentrations were performed, and these data were used to develop the 

calibration model. The model (Figure S4-5) and its analytical figures of merit (Figure S4-6) are 

discussed in Section E of the Appendix. While hydrodynamic conditions are known to affect 

the thickness of the DBL of diffusion-based passive samplers and thus their accumulation rates 

[53, 57, 58], calibration experiments for the GD-PS studied were undertaken under one single 

flow condition designed to be representative of moderately fast moving waters such as tidal 
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estuaries, estuary openings and coastal seas. The impact of using only one flow condition is 

discussed in Section 3.5. Field validation, and in Section H, Appendix.  

 

4.3.5.  Field validation 

Four study sites were selected to assess the performance of the GD-PS in the field (Figure S4-

1, Table S4-1, Appendix). These sites were chosen as they were identified as significant nutrient 

sources to the waters of Nerm (Port Phillip Bay, PPB). The Birrarung (Yarra River) and its 

tributaries, the Western Treatment Plant, and the Werribee river contribute up to 32%, 54% 

and 6% of the yearly nitrogen load to PPB respectively [59], and the Werribee river estuary has 

been identified as a major source of ammonia nitrogen especially during periods of heavy 

rainfall [60]. The physical characteristics and ecological importance of the coastal area of PPB 

and surrounds are described in Section F (Appendix). 

The GD-PSs, with the copper mesh (Cu-100) antifouling strategy, were deployed for 7 days at 

each location. Discrete grab samples were collected every two hours and total ammonia 

concentrations were measured for comparative purposes. Salinity, pH and temperature 

measurements were taken at half-hour intervals, and these data were used to determine the 

concentration of molecular ammonia in the source solution available to the GD-PS using the 

empirical model [6]. The concentration of accumulated ammonium in the GD-PS receiving 

solutions was measured and the mean pH and temperature values over the period of 

deployment was used to calculate the [NH3]TWA using the GMDH model (Table 4-1 and Figure 

4-4 for Sites 1 and 3, and Table 4-1 and Figure S4-7 for Sites 2 and 4). 

There was good agreement between measured ammonia concentrations obtained by discrete 

grab sampling and [NH3]TWA determined by the GD-PS over a range of environmental (pH, 

temperature and salinity) conditions, with a percentage difference in the order of -12% to -

19% for the four field study sites (Table 4-1). 
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Figure 4-4. Field validation of the GD-PS with copper mesh (Cu-100) using the GMDH calibration model. 
The top graphs for both figures A) Birrarung (Yarra River) estuary (Site 1) and B) Werribee River estuary 
mouth (Site 3) compare the ammonia concentrations obtained from discrete grab samples (2 h 
sampling frequency) with the [NH3]TWA determined using the GD-PS in conjunction with the GMDH 
calibration model. The salinity, temperature (°C) and pH were monitored during the period of 
deployment and are represented in the bottom graphs.  
 

 

Table 4-1. Comparison between discrete grab sampling and GD-based passive sampling (time-weighted 
average ammonia concentration ([NH3]TWA)) using the GMDH model. 

Site Temperature 

(°C) 

pH Discrete grab 

sampling 

[NH3]/nM 

GD-PS  

[NH3]TWA/nM 

% 

Difference 

n(GD-PS) 

Site 1 17.8 ± 0.5 7.91 ± 0.04 82.7 ± 19.6 68.2 ± 3.5 -19.3 8 

Site 2 * 17.6 ± 0.3 7.92 ± 0.02 49.1 ± 11.6 43.3 ± 5.0 -12.4 8 

Site 3 19.4 ± 1.5 8.00 ± 0.19 285 ± 143 248 ± 26.7 -13.8 8 

Site 4 19.9 ± 1.2 8.30 ± 0.27 575 ± 414 507 ± 22.8 -12.7 8 

Site 2 * due to accidental removal of the GD-PSs, the receiving solution data from this site was linearly 
extrapolated from a 5-day study that was performed simultaneously with the 7-day study. 
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During field studies a systematic error was observed, with the [NH3]TWA being consistently 

lower than the mean ammonia concentration in the source solution measured. It was 

hypothesised, that the overall flow rate (promoted by the aquarium pump) in the calibration 

experiments was higher than that in the field, resulting in a thinner DBL [61]. Therefore, this 

resulted in a more rapid diffusional mass transfer of ammonia to the source solution/GDM 

interface and thus resulted in an enhanced ammonia accumulation by the GD-PS. As a result 

of this effect, the GMDH model would consistently underestimate the [NH3]TWA. Laboratory-

based experiments were therefore performed to assess the impact of flow pattern on the 

accumulation of ammonia in the GD-PS (Table S4-4, Appendix), and the respective implications 

for using the GMDH model to determine the [NH3]TWA (Section H, Appendix). By reducing the 

flow on every second day to the minimum setting of the aquarium pump, as well as using static 

flow conditions, it was observed that the flow rate and pattern were the likely cause of the 

systematic error.  

Water velocity and flow pattern are constantly changing variables in the field, which are 

difficult to mimic under laboratory conditions. This limitation may be overcome by performing 

in-field calibration [62, 63], the use of passive flow devices [64], or by employing the flow-

through passive sampling system described by Nitti et al., where a micropump was used to 

deliver a constant flow of sample source solution to the passive sampling device [65]. However, 

these options are either laborious, increase the overall cost and/or add additional layers of 

complexity to the operation of the passive sampler. 

 

4.3.6   Method performance 

To determine the working range of the GD-PS, the sampler protected by the Cu-100 mesh was 

immersed for 7 days in source solutions with different total ammonia concentrations, salinity 

35, temperature of 20 °C and pH 8.0, after which time the total ammonia concentration was 

monitored. A linear relationship between the source solution molecular ammonia 

concentration and the accumulated ammonium in the receiving solution was obtained within 

the range 17 to 413 nM NH3 (8 to 194 μg total NH3-N L-1) (Figure S4-8, Appendix). The 

repeatability (expressed as % RSD) at source solution concentrations of 19 nM, 113 nM and 

256 nM was 7.7 %, 6.4 % and 4.9 %, respectively (nGD-PS = 8). 
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4.3.7   GD-PS: A tool for ammonia screening  

The Werribee river flows through Melbourne’s main market garden area, where 10 % of the 

State of Victoria’s vegetables are grown [66]. A total of 62 km of agricultural drainage channels 

discharge into the Werribee River estuary, which then flows into the coastal waters of PPB. 

Study Sites 4 and 3 were located adjacent to an agricultural drainage discharge point, and 

downstream of six drainage discharge points, respectively [67]. Over the last decade, the water 

quality for the lower Werribee River, including at the estuary mouth, has been classified as 

having poor to very poor river health [68], with blue green algal blooms common in the 

summer months [67].  

The observed spikes in pH at both Werribee estuary Sites 3 and 4, are likely due to the incursion 

of fresh waters from up-stream during periods of low tide, where photosynthetic activity from 

algal blooms are causing an increase in both pH and the concentration of dissolved oxygen 

(Figure S4-9, Appendix). The decomposition of organic matter from senescent algae may be 

contributing to the high concentrations of ammonia nitrogen in the water column, as may 

surface run-off and the leaching of fertilisers and soil additives into the water body from 

surrounding farmland, especially in areas where there are agricultural drainage discharge 

points into the river (Figure S4-10, Appendix), and or areas with little to no riparian buffer along 

the river’s edge to protect the estuary from wind and rain facilitated deposition. Nutrient 

loading of the estuary is likely facilitating increased primary production and algal blooms, 

resulting in periodic spikes in pH, and resulting in a higher percentage of the total ammonia in 

the water column existing in the toxic molecular ammonia form.  

The GD-PSs deployed in the upper and lower Werribee River estuary effectively identified 

elevated concentrations of ammonia (Table 4-1), highlighting their applicability for monitoring 

and detecting diffuse and point source pollution, especially in proximity to high intensity 

agricultural areas. By using the GD-PS as a diagnostic tool to identify impacted environments, 

water quality managers could develop strategies to identify areas requiring restoration or 

comprehensive land use planning to mitigate adverse effects from intensive agricultural, 

industrial or urban expansion.  
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4.4   Conclusions 
A biofouling resistant ammonia passive sampler based on gas-diffusion with a single calibration 

for application to a wide range of marine waters was developed. The described GD-PS is cheap 

to produce as it requires no mechanical or electronic components for operation. It is reusable 

as only the GDM and copper mesh need to be replaced between deployments, and both are 

commercially available. It is simple to fabricate and deploy requiring no specialised skills or 

technical expertise, and it is sensitive, with the lowest concentration measured at 17 nM 

molecular NH3 corresponding to 8 μg total NH3-N L-1 (pH 8.0 and 20 °C). The GD-PS can be used 

to detect concentrations lower than the revised default guideline value of 160 μg total NH3-N 

L-1 (i.e., 340 nM molecular NH3 at pH 8 and 20 °C) for a 99% species protection level, and its 

performance is well within the minimum criteria set out in the European Union’s directive on 

technical specifications for chemical analysis and monitoring of surface waters [69]. 

FluoroporeTM was chosen as the optimum GDM because it showed the best compromise 

between ammonia accumulation and precision. The optimum receiving solution composition 

was found to be 0.01 M HCl with an appropriate NaCl concentration according to the salinity 

of the sampled source solution (e.g., estuarine or marine waters). 

Covering the GDM with a copper mesh (Cu-100 mesh with 60% opening) was the preferred 

antifouling strategy as it was shown to effectively inhibit biofilm formation while ensuring the 

highest ammonia accumulation. This protective mesh allowed the deployment period to be 

extended from 3 to 7 days. The accumulation of ammonia in the receiving solution was affected 

by sample pH and temperature, but not salinity. Hence, to avoid the need to prepare a 

calibration for every possible sample composition, a single calibration model based on the 

GMDH algorithm was developed. Together with the GD-PS, this model was applied successfully 

to the determination of the [NH3]TWA in estuarine and coastal waters in and around Nerm (Port 

Phillip Bay), Australia. These results demonstrate that the GD-PS with GMDH calibration can be 

universally applied to marine waters with typical ranges of temperature between 10 and 30 °C, 

pH between 7.8 and 8.2, and salinity from 20 to 35.  
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4.5 Appendix  

Section A   Reagents and solutions 
Analytical grade chemicals were used for the preparation of all synthetic seawater and passive 

sampling receiving solutions. Deionized water (Synergy 185, Millipore, France, resistivity ≥18 

MΩ cm) was used for all solution preparation throughout this study. 

NH4Cl (BDH Chemicals, 99.8%) was oven dried at 105 °C overnight and used to prepare a stock 

solution of 55.6 mM NH4
+ in deionised water.  

Synthetic seawater was prepared using 34 g L-1 NaCl (Merck) and 1 g L-1 Trizma® base (Aldrich). 

The desired pH was achieved by the addition of aliquots of concentrated HCl solution (RCI 

Labscan 32%). Synthetic and natural seawaters were spiked with the appropriate volumes of 

55.6 mM NH4
+ stock solution to prepare source solutions with different total ammonia 

concentrations for optimisation and calibration experiments.  

For the receiving solution optimisation study, varying concentrations of HCl and NaCl were 

tested including 0.01 M HCl and 0.56 M NaCl, 0.1 M HCl and 0.2 M NaCl, as well as 0.15 M HCl 

and 0.3 M HCl (all 10 mL). For experiments where the source solution salinity deviated from 

35, receiving solutions were prepared by modifying the added concentration of NaCl, to match 

the conductivity of the source solution.  

A solution of 7.2 mM methylene blue (UniLab) was prepared in deionised water with a few 

drops of 1 M NaOH (Chem-Supply) solution to deprotonate the dye. This solution was used to 

quantify the extent of biofouling on the surface of the porous gas-diffusion membranes of the 

GD-PS after being deployed for 7 or 8 days under laboratory conditions or in the field, 

respectively.
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Section B  Field deployment 

 
Figure S4-1. Port Phillip Bay field study sites and water collection point (datum: GDA94). Red circle = 
Site1 (37°50'34.9"S 144°53'51.7"E); Blue diamond = Site 2 (37°51'37.2"S 144°54'28.4"E); Green square 
= Site 3 (37°58'22.0"S 144°41'11.7"E); Orange triangle = Site 4 (37°56'32.0"S 144°40'13.2"E); Pink star 
= Site 5 (37°58'05.8"S 145°00'35.1"E) (Source: NearMap accessed on 04/08/2019 
http://maps.au.nearmap.com/) 
 

 

Table S4-1. Field site codes, location and GPS coordinates (datum: GDA94) 

Site Code Location Position Latitude Longitude 

Site 1 Birrarung (Yarra River) estuary, 

Newport 

Estuary 37°50'34.9"S 144°53'51.7"E 

Site 2 Hobsons Bay, Royal Yacht Club of 

Victoria, Williamstown 

Embayment 37°51'37.2"S 144°54'28.4"E 

Site 3 Werribee River estuary mouth Embayment 37°58'22.0"S 144°41'11.7"E 

Site 4 Werribee River estuary at K-Road 

car park, approximately 5 

kilometres upstream 

Estuary 37°56'32.0"S 144°40'13.2"E 

Site 5 Half Moon Bay, Black Rock Embayment 37°58'05.8"S 145°00'35.1"E 
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Section C Membrane selection & receiving solution 
optimisation 

 
Figure S4-2. Receiving solution composition and membrane optimisation. Experimental conditions: 
receiving solution volume, 10 mL; source solution, 10 L of tris-buffered synthetic seawater, mean 
ammonia concentration 350 ± 6 nM NH3 at salinity 35, temperature 20 °C, pH 8, n(GD-PS) = 5. 
 

 

 
Figure S4-3. GD-PS accumulation over 7 days using Cu-100 (♦), Cu-200 (○) and AgNP (◊) antifouling 
mesh and no treatment (●). Laboratory experimental conditions: receiving solution, 10 mL of 0.01 M 
HCl + 0.56 M NaCl; source solution natural seawater, mean ammonia concentration 223 ± 10.7 nM NH3 
at salinity 34.5, temperature 21 °C, pH 7.9, n(GD-PS) = 5. Error bars = ± standard deviation (SD) for n(GD-PS) 
= 5   
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Section D Influence of temperature, salinity and pH on 
GD-PS performance 

 

Table S4-2. Experimental conditions for the multivariate study. The values of the environmental 
variables salinity, temperature, and pH were chosen to ensure approximately 3% NH3 concentration in 
the source solution (SS) of each experiment. RS, receiving solution. 

Salinity pH Temperature 
(°C) 

% NH3 * SS 
[NH3]+[NH4+] 

µM  

SS 
[NH3] 
µM 

SS 
[NH4+] 
µM 

SS 
[NH4+] 
µM 

20 8.2 12 2.99 4.40 0.13 4.27 42.2 ± 5.3 

36 8.0 20 2.98 4.40 0.13 4.27 73.6 ± 3.0 

25 7.8 25 2.93 4.40 0.13 4.27 125 ± 11 

20 8.2 12 2.99 8.50 0.25 8.25 94.6 ± 9.0 

36 8.0 20 2.98 8.50 0.25 8.25 135 ± 11 

25 7.8 25 2.93 8.50 0.25 8.25 205 ± 21 

*  The Bower and Bidwell (1978) ammonia ionisation model was used to determine the % NH3 under 
the experimental salinity, pH and temperature conditions.  

 

 

 

 
Figure S2-4. Multivariate study of temperature, salinity and pH parameters. T12-S20-pH8.2 = 
temperature 12 °C, salinity 20, pH 8.2, % NH3 = 2.99; T20-S36-pH8.0 = temperature 20 °C, salinity 36, 
pH 8.0, % NH3 = 2.98; T25-S25-pH7.8 = temperature 25 °C, salinity 25, pH 7.8, % NH3 = 2.93.  



 162 

Table S4-3. Experimental conditions for the univariate study. The appropriate concentration of total 
ammonia ([NH3]+[NH4

+]) was chosen to ensure the same molecular ammonia (NH3) concentration in 
the source solution (SS) at different pH, salinity and temperature conditions used. RS, receiving solution. 
 

Salinity pH Temperature 
(°C) 

% NH3 * SS 
[NH3]+[NH4+] 

µM  

SS 
[NH3] 
µM 

SS 
[NH4+] 
µM 

SS 
[NH4+] 
µM 

20 8.0 20 3.41 4.31 0.147 4.16 86.7 ± 3.7 

35 8.0 20 2.98 4.93 0.147 4.78 84.2 ± 3.6 

20 8.0 20 3.41 9.12 0.311 8.81 172 ± 26 

35 8.0 20 2.98 10.4 0.311 10.1 179 ± 12 

35 7.8 20 1.90 7.73 0.147 7.58 110 ± 7.1 

35 8.0 20 2.98 4.93 0.147 4.78 84.2 ± 3.6 

35 8.2 20 4.65 3.16 0.147 3.01 66.4 ± 1.8 

35 7.8 20 1.90 16.4 0.311 16.1 251 ± 19 

35 8.0 20 2.98 10.4 0.311 10.13 195 ± 18 

35 8.2 20 4.65 6.69 0.311 6.38 157 ± 14 

35 8.0 10 1.44 12.7 0.183 12.5 71.0 ± 3.9 

35 8.0 15 2.07 8.84 0.183 8.66 91.7 ± 4.9 

35 8.0 20 2.98 6.14 0.183 5.96 113 ± 7.2 

35 8.0 25 4.28 4.28 0.183 4.10 109 ± 16 

35 8.0 30 6.09 3.01 0.183 2.83 85.0 ± 15 

*  The Bower and Bidwell (1978) ammonia ionisation model was used to determine the % NH3 under 
the experimental salinity, pH and temperature conditions.  
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Section E   GD-PS calibration 

The GMDH algorithm is ideal for complex, multivariate systems, as the algorithm is able to 

discriminate between relevant and irrelevant input variables, removing bias that could be 

introduced by a researcher with prior knowledge [38]. The variables presented to the model 

were temperature, and pH, with the output defined as the estimated concentration of 

molecular ammonia in the source solution [NH3]TWA. The algorithm selected both temperature 

and pH as relevant variables. As salinity between the ranges of 20 to 35 does not affect the 

performance of the GD-PS (Figure 4-3A), salinity as a variable was not used for model 

development.  

The GMDH model has a self-organising approach, built with ‘layers’ of polynomial regressions, 

whose coefficients are determined sequentially [38, 70].  The coefficients of the algorithm are 

defined using inductive learning procedures that sort and select the most appropriate 

regression, using the least squares fitting method [38, 70]. Once a ‘layer’ or polynomial 

regression is defined, the algorithm proceeds to define and test the next, until the relationship 

between input and output variables has been appropriately defined, and a model generated 

(Figure S4-5). The input data for the development of the model are segregated into 80% 

training and 20% randomly selected data used for model validation, and the model developed 

had an inherent error of up to 10% according to the plot of residuals (Figure S4-6). GMDH Shell 

(version 3.8.9) software was used for model generation [44], and the data was randomly sorted 

prior to model generation. 
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Figure S4-5. GMDH model for GD-PS between pH 7.8 to 8.2 and temperature 10 to 30 °C. Experimental 
conditions: seawater, salinity 20 to 35, temperature 10 to 30 ᵒ C, pH 7.8 to 8.2, total ammonia 
concentration 0.5 – 19 μM. 
 

 

 

 
Figure S4-6. GMDH figures of merit. Blue data = 80% training; red data = 20% validation; pink shaded 
area around the red data points = error of prediction.  
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Section F   Nerm (Port Phillip Bay) 
The coastal areas and waterways feeding into Nerm (Port Phillip Bay), have for thousands of 

years been inhabited and managed by the Kulin nations, the waters which are today an area of 

cultural, social, environmental and economic importance to all Victorians [71-75]. Port Phillip 

Bay (PPB) is a semi-enclosed bay in south-eastern Australia, surrounded by the city of 

Melbourne, Geelong and surrounding suburbs with an area just under 2,000 km2 (Figure S4-1) 

[76]. The land catchment area of PPB comprises 21 natural drainage basins, the largest of these 

being the Yarra River (known as Birrarung/Birrarang in the Woiwurrung and Boon Wurrung 

languages) with 13 tributaries [76]. PPB is shallow for its size (24 meters maximum depth) with 

flushing times of approximately ½ - 1 year in the farthest reaches, making it susceptible to 

nutrient pollution leading to poor water quality due to eutrophication [76]. PPB is a dynamic 

and self-sustaining ecosystem regulated by various important aquatic ecosystem processes 

including the biogeochemical cycling of nutrients in the water column and sediments. 

However, nutrient loading, particularly that of nitrogen, has been recognised as one of the 

major threats to the health of the bay [76, 77], with treated wastewater from the Western 

Treatment Plant (WTP), urban stormwater, agricultural runoff, and atmospheric deposition 

identified as the main contributors to nutrient inputs. Ammonia is the major form of nitrogen 

discharged from the WTP outfall into the coastal waters of Long Reef in western PPB [76]. It is 

estimated that the Werribee Treatment Plant and the Yarra River contribute around 54% and 

32% of the total annual nitrogen load to PPB, respectively, and the Werribee river contributes 

around 6% [59].  

The waters of PPB have been classified as nitrogen-limited, largely due to complex 

biogeochemical cycling facilitated by phytoplankton and microphytobenthos in the water 

column, the benthic bacterial and microalgal communities, and the burrowing invertebrates 

and the subsequent redox environment created by these organisms in the sediments [76]. 

Microbial denitrification in the sediments has been identified as fundamental to the 

‘assimilative capacity’ of nitrogen in the ecosystem, defined as the largest amount of nitrogen 

loading that can be accommodated in the semi-enclosed bay, without there being a negative 

impact on water quality, a deleterious impact on ecosystem function, or a rapid and irreversible 

onset of eutrophication [76, 78]. Water quality managers are concerned with the fate and 

dispersal of nutrients near input points, modelling biogeochemical nutrient cycling, in addition 
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to implementing programs and strategies to mitigate and reduce nutrient pollution from 

entering the PPB catchment [78, 79]. Interestingly, the removal of bioavailable nitrogens, 

known as the ‘denitrification efficiency’, has been identified as an important ecosystem service 

to the cities of Melbourne, Geelong and surrounding suburbs, valued at an estimated $11 

billion per year [80].  

 
 

Section G  Field validation 

 
Figure S4-7. Field validation of the GD-PS with copper mesh (Cu-100) using the GMDH calibration 
model. The top graphs for both figures A) Hobsons Bay (Site 2) and B) Werribee River estuary 5 km 
upstream from river mouth (Site 4), highlight molecular ammonia concentrations measured by discrete 
grab sampling compared to the [NH3]TWA determined using the GD-PS in conjunction with the GMDH 
calibration model. The salinity, temperature (°C) and pH were monitored during the period of GD-PS 
deployment and are represented in the bottom graphs.  
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Section H  Systematic error 
Calibration experiments were conducted with a near constant flow of 500 L h-1, however 

environmental flow conditions in the field were very irregular. Some days water movement 

especially in the upper estuaries appeared to flow very slowly and on other days wave action 

and wind caused significant turbulence at the sea sites, followed by consecutive days where 

there was very little water movement observed.  

To assess if the flow rate was the cause of the systematic error, a number of laboratory-based 

experiments (Table S4-4) were performed under three different flow conditions over the 

course of 7 days, and the GMDH model was then used to predict the [NH3]TWA. In the first series 

of experiments with maximum mixing, the 500 L h-1 aquarium pump in 10 L of solution was set 

to the maximum setting for the duration of the experiment. This setting was used to generate 

all calibration data used to develop the GMDH model, and a percentage difference of -9% was 

recorded between the calculated source solution ammonia concentration and the [NH3]TWA. In 

the second series of experiments, the intensity of mixing was reduced by adjusting the 

aquarium pump speed to its minimal flow setting and switching this every second day to the 

higher setting of 500 L h-1. Under these conditions the percentage difference recorded was in 

the range of -21% to -22% between the calculated source solution ammonia concentration and 

the [NH3]TWA. The percentage difference for the two mixing intensities mentioned above are of 

a similar magnitude of that obtained during field work. A third series of experiments was 

conducted by removing the aquarium pump from the tank altogether, and conducting the 

passive sampling experiment under completely static conditions resulting in a difference of -

74% recorded between the calculated source solution ammonia concentration and the 

[NH3]TWA (Table S4-4). These results confirm that the flow pattern is likely responsible for the 

systematic error observed when comparing spot sampling with GD-based passive sampling.  
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Table S4-4. Effect of the flow pattern on the percentage difference (%) obtained when comparing 
discrete grab sampling (SS) and GD-based passive sampling ([NH3]TWA determined using the GMDH 
model). 

Lab flow 
studies 

Temperature 
(°C) 

 
pH 

SS  
[NH3]/nM 

GD-PS 
[NH3]TWA nM 

% 
Difference 

 
n(GD-PS) 

Intensive 
mixing 

25.5 ± 0.3 7.99 ± 0.10 180 ± 59 164 ± 11.4 -9.4 5 

Moderate 
mixing 

28.0 ± 2.3 7.86 ± 0.06 154 ± 42 125 ± 15.6 -21.4 5 

Moderate 
mixing 

14.0 ± 7.1 8.13 ± 0.07 281 ± 184 225 ± 17.2 -22.2 5 

No mixing 19.2 ± 3.7 7.88 ± 0.16 198 ± 151 91 ± 4.7 -74.2 5 

 

 

Section I  Method performance  

    
Figure S4-8. Linear calibration with studentised residuals. Calibration of the GD-PS under the following 
experimental conditions: salinity 35, temperature 20 ᵒC, pH 8.0, and source solution ammonia 
concentrations 17 nM to 413 nM. The accumulated ammonia in the receiving solutions was measured 
as ammonium, and the source solution molecular ammonia was calculated by multiplying the total 
ammonia concentration by the fraction of un-ionised ammonia in solution, which was determined using 
the model described by Bower and Bidwell [6], when the temperature (°C), pH values, and salinity were 
known. A) Linear regression: y = (6.396 ± 0.1111) ᵡ 10-1 x – (12.359 ± 2.587), R² = 9.753 ᵡ 10-1; B) 
Studentized residuals showing a degree of increasing variance in the experiment, and an estimate of 
experimental error.  
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Section J GD-based passive sampling: A tool for ammonia 
screening and monitoring 

 

 
Figure S4-9. Werribee river estuary mouth (Site 3) dissolved oxygen and tidal data. A) Tide and salinity 
data; B) pH and dissolved oxygen data; C) calculated source solution molecular ammonia and measured 
total ammonia data.  
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Figure S4-10. Satellite images showing proximity of stockpiled agricultural chemicals to Werribee River 
estuary (Sites 3 and 4). Red stars mark the location of GD-PS deployment along the Werribee River 
estuary, blue circles mark the approximate location of the agricultural drainage discharge points [67], 
and insets are magnified images of stockpiled fertiliser and agricultural chemicals on the banks of the 
estuary approximately 20 – 40 m from the river edge. (Source of satellite images: NearMap, accessed 
on 04/08/2019 http://maps.au.nearmap.com/)  
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CHAPTER 5:  Conclusions and future work 
 

 

This thesis reports on the development of novel analytical tools for the monitoring of ammonia 

in marine waters, including a flow-based analyser and a gas-diffusion-based passive sampler. 

 

In Chapter 2, a simple and environmentally-friendly ammonia (SEA) analyser, was developed 

for the determination of ammonia in a wide range of concentrations. The SEA analyser was 

designed so that the desired concentration range could be tailored by simple modification of 

the program used to control the system hardware, including suitable adjustments to the 

sample and reagent volumes, making this an easy-to-use and versatile method. A gas-diffusion 

unit (GDU) was used for analyte separation and pre-concentration, and instead of using 

discrete, fixed volume samples, a flow approach was established where large sample volumes 

were continuously delivered to the donor channel of the GDU, while the acceptor solution, 

containing an acid-base indicator, was held static during this time. The acceptor stream was 

then re-started and monitored spectrophotometrically, and the absorbance, corresponding to 

the pH change caused by ammonia accumulated in the acceptor solution, was directly 

proportional to its concentration in the sample stream.  

 

Several GDUs were tested, to determine which would give the highest sensitivity and 

repeatability, with two main configurations considered, including a sandwich style that 

comprised a sheet of hydrophobic porous gas-diffusion membrane (GDM) in between two 

Perspex blocks with drilled channels (identical in size), and a tubular design where either single 

or multiple hollow fibre GDMs were fitted into a larger diameter tubing. While the tubular 

configurations had a high membrane surface to solution volume ratio, these GDUs were 

difficult to use and suffered from a large blank response due to interference from the adhesives 

required for their fabrication which reacted with the acid-base indicator. The sandwich-style 

serpentine unit was chosen as it exhibited good sensitivity and repeatability. The performance 

of several different GDMs made from different porous hydrophobic materials and with 

different pore sizes were tested, with the super hydrophobic SureVent® membrane chosen as 
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it exhibited good mechanical stability and durability, especially under high flow rate conditions 

which allowed for increased sample throughput over prolonged periods of time.  

 

Several acid-base indicators were tested to improve sensitivity and the working concentration 

range, including mixtures of indicators with similar pKa values and colour changes. 

Bromothymol blue exhibited the highest sensitivity and was therefore chosen as the preferred 

indicator; however, the dynamic range could be extended by using the combination 

bromothymol blue and thymol blue indicators in a 50:50 concentration ratio. The buffering 

capacity of the acceptor stream was also examined, showing that large increases in sensitivity 

could be achieved by a small adjustment in solution pH to achieve an initial absorbance in the 

range of 0.180 – 0.200.  

 

Three working ranges and their analytical figures of merit were described, including a low 

concentration range (0.028 – 5.6 μM NH4+, 2.0 mL sample volume, LOD of 0.015 μM NH4+, and 

a sample throughput of 20 h-1), a mid-concentration range (0.28 – 13.9 μM, NH4+, 1.0 mL 

sample volume, LOD of 0.088 μM NH4
+, and a sample throughput of 30 h-1), and an upper 

concentration range (1.4 – 55.6 μM NH4+, 0.25 mL sample volume, LOD of 0.44 μM NH4+, and 

a sample throughput of 40 h-1). The method is versatile and can be modified by simple 

adjustment of the sample and reagent volumes. Hence, an infinite number of working ranges 

could theoretically be defined. The system was validated against a certified reference material 

and spike-and-recovery of estuarine and coastal seawater samples, showing good agreement, 

especially in the middle to upper concentration ranges where the error was minimal. The 

reagents used were affordable, non-toxic, suitable for long-term storage, and costing as little 

as $2.40 per 1,000 determinations.  

 

The SEA analyser was used as an analytical tool in the development of the gas-diffusion-based 

passive sampling (GD-PS) device for ammonia monitoring in marine waters described in 

Chapters 3 and 4, enabling the easy determination of ammonia in both typically low 

concentrations found in marine water samples, and in high concentrations found in the passive 

sampler’s acidic receiving solutions, without requiring any changes to the manifold. 
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The first prototype of an ammonia GD-PS for marine waters is described in Chapter 3. This 

device utilises a porous hydrophobic GDM to separate the sampled medium from a 10 mL 

acidic receiving solution. The dissolved ammonia present in the sampled medium diffuses 

through the pores of the GDM towards the membrane/receiving solution interface, where it is 

protonated to form the ammonium ion, and is thus accumulated in the receiving solution. The 

described GD-PS selectively transfers ammonia molecules from the sample matrix into its 

receiving solution, essentially acting as a zero sink by trapping the ammonia molecules as 

ammonium in the receiving solution, which can be directly analysed using a variety of methods, 

including the newly developed SEA analyser described in Chapter 2.  

 

Membrane permeability and receiving solution optimisation studies showed that it was 

necessary to match the ionic strength of the receiving solution as closely as possible to that of 

the sampled medium, to minimise undesirable osmotic transport of solutes across the GDM. 

This was achieved by adding sodium chloride to the acidic receiving solution (0.1 M HCl) in 

order to achieve ion concentrations which would match that of the sampled medium where 

the sampler would be deployed. The effect of flow pattern on the ammonia uptake was also 

investigated, showing that in environments where multi-directional flow dominated (e.g., 

coastal areas subject to wave action and tidal estuaries) the use of flow restriction shields did 

not provide any benefits.  

 

Calibration of the GD-PS was performed under laboratory conditions using recirculated 

synthetic seawater spiked with known concentrations of an ammonium stock solution. 

However, after a period of approximately 4-5 days, biofouling inhibited further uptake of 

ammonia into the receiving solution, limiting the use of the GD-PS to a deployment period of 

3 days.  

 

Validation experiments to assess the GD-PS performance for a sampling period of 3 days were 

undertaken in the field at an estuarine site. Daily spot samples of the sampled medium were 

collected in the field, and a comparison between the mean ammonia concentration found in 

the spot samples and the time-weighted average concentration (CTWA) of ammonia determined 

using the calibrated GD-PS was performed. Good agreement between the two sampling 

methods was observed (relative error of 13.0%).  
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Chapter 4 describes how the limitations of the GD-PS outlined in Chapter 3 were overcome. 

These limitations include the GDM biofouling after 3 days of deployment, and the need to 

perform a calibration under matrix conditions (e.g., temperature and pH) that closely resemble 

those of the aquatic system being sampled. Biofouling of the GDMs severely inhibited the 

performance of the GD-PS after 4-5 days, and thus membrane antifouling strategies were 

assessed. Each antifouling strategy was placed between the GDM and the sampled medium, 

and included a silver nanoparticle (AgNP) functionalised mesh and two different weave 

densities of a copper mesh. All antifouling strategies tested minimised the amount of biofilm 

formation on the surface of the GDM after exposure to samples containing microalga, however 

the copper meshes were more effective than the AgNP mesh. As expected, the control (with 

no treatment) had the highest fouling. The GD-PS with the open weave copper mesh (Cu-100 

with a weave of 100 wires per inch) exhibited the highest ammonia uptake in the high fouling 

environment (nutrient enriched seawater) and this mesh was therefore chosen as the most 

efficient antifouling strategy for all future experiments allowing for linear ammonia uptake in 

the GD-PS for up to 7 days.   

 

It is well documented that environmental variables, such as temperature, pH and salinity, may 

affect the performance of passive sampling technologies in aquatic environments, as 

summarised in Chapter 1. These environmental variables were also expected to affect the 

performance of the described GD-PS, as the ammonia speciation in solution is affected by 

temperature, pH, and to a lesser extent salinity. It was therefore important to assess the impact 

of these variable on the performance of the GD-PS.  

 

While salinity (in the range 20 – 35) did not impact the performance of the GD-PS in terms of 

accumulation of ammonia in the receiving solution, both temperature and pH exhibited a 

significant effect. Therefore, to enable use of the GD-PS in a wide range of matrix conditions, 

numerous calibration experiments under different pH and temperature conditions were 

undertaken. The Group Method Data Handling (GMDH) algorithm allows for the modelling of 

complex systems affected by multiple variables. It was therefore chosen to model the GD-PS 

behaviour allowing for the development of one single calibration model applicable over the 

range of environmental conditions that were presented, that being temperature conditions 
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between 10 – 30° C and pH conditions within the range 7.8 – 8.2. These conditions were chosen 

as they are commonly found in coastal and marine ecosystems around the world. The input 

data for the model development were separated so that 80% were used for model 

development and 20% were withheld and used for model validation. The model had an 

approximate error of ± 10% according to the plot of residuals.  

 

The model was used to determine the CTWA of ammonia at four field sites where the GD-PSs 

were deployed, including three estuarine sites and one coastal site. At each location, an 

autosampler was concurrently deployed to collect water spot samples every 2 hours over the 

course of GD-PS deployment. The ammonia in these samples was measured and the mean 

concentration was compared to the CTWA determined using the GD-PS and the GMDH 

calibration model, and a good agreement between the two sampling methods was achieved. 

However, a systematic error was observed, which was attributed to the effect of flow pattern. 

In order to confirm this hypothesis, laboratory experiments were performed by immersing the 

GD-PS under different flow conditions, and it was concluded that the systematic error was 

likely due to differences in hydrodynamic conditions experienced by the GD-PS in the 

laboratory-based calibration compared to the field environments. Whilst this was shown to be 

most pronounced in near static solutions, estuaries and coastal aquatic environments should 

have sufficient water movement to allow for the developed calibration model to be used with 

minimal error.  

 

While the use of performance reference compounds to overcome the effects of environmental 

variables has been successful for some passive samplers, this approach is suitable when 

partitioning is the dominant sorption mechanism. Hence, it would not be suitable for passive 

samplers that act as a chemical trap, such as the GD-PS studied. The concurrent deployment 

of passive flow monitors (containing gypsum or calcium sulfate dihydrate) have been 

successfully applied by Obrien et al. [1] to correct for changes in hydrodynamic conditions 

experienced by passive phosphate samplers in estuarine and marine waters, and it is possible 

that such an approach could be applied to correct for the hydrodynamic exposure conditions 

experienced by the newly developed GD-PSs, although this remains to be tested.    
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In order to determine the ammonia CTWA using the newly developed GD-PS, it is necessary to 

measure the environmental variables temperature and pH over the course of the sampler’s 

deployment, as these variables have been identified as inputs for the GMDH calibration model. 

While accurate and affordable submersible temperature loggers are readily available (e.g., 

Tinytag and Hobo pendant), the accurate measurement of pH in high salinity matrices is far 

more challenging, as commercial probes are expensive and generally require a certain level of 

operator skill to perform the necessary calibrations. In highly dynamic estuarine environments, 

a pH logging device would be necessary, as diurnal changes in pH can be significant. However, 

in coastal seawaters that are buffered against pH changes, it would be possible to measure in 

situ pH only on the GD-PS deployment and collection days, and input the average of these two 

measurements into the GMDH calibration model.  

 

A microfluidic paper-based analytical device (µPAD) calibrated for measuring seawater pH is 

currently being developed by the author and will be used in the future in combination with the 

newly developed GD-PS for ammonia monitoring in high salinity aquatic systems. Additionally, 

the analysis of ammonia in the GD-PSs receiving solution could be further simplified and even 

performed in the field, by using the µPADs for the determination of ammonia in wastewater 

samples using gas-diffusion separation [2] and in freshwaters using micro distillation analyte 

separation [3].  

  

The newly developed GD-PS is affordable, user-friendly, reusable and can detect ammonia 

concentrations lower than the revised water quality guideline value of 160 μg N L-1 (total 

ammonia) for high conservation marine ecosystems, making this an exciting new tool for 

regulators and managers responsible for monitoring the health of our estuaries and coastal 

environments.   
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